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Abstract 

Large carnivores have declined across most of the earth. After centuries of decline, however, some 

carnivores have begun returning to their former ranges. These changes in carnivore abundance have 

in some cases triggered trophic cascades and mesopredator release. The effects of predators arise 

through their direct consumptive effects, as well as behavioural effects that can in turn affect a 

species’ fitness, and ultimately shape food webs. 

The Tasmanian devil (Sarcophilus harrisii) is the apex predator of Australia’s island state of Tasmania. 

It has suffered severe population declines caused by a clonal, transmissible cancer, devil facial 

tumour disease (DFTD). Since its discovery in 1996, DFTD has spread across 80% of the devil’s range, 

causing 80% population declines on average. In response to fears the species could go extinct, an 

insurance population of devils was established on the formerly devil-free Maria Island. The 

progressive spread of DFTD and the introduction of devils to Maria Island has created two 

concurrent natural experiments of opposing direction, allowing us to assess the ecological effects of 

rising and falling abundance of this apex predator.  

Through this thesis, I used one or both of these natural experiments to test the ecological and 

behavioural effects of rapid changes in devil abundance. First, I assessed changes in carcass 

persistence and consumption by experimentally placing carcasses with remote cameras across the 

gradient of devil population decline, ranging from long-term diseased areas to those without DFTD. 

Second, I assessed changes in the risk-sensitive foraging behaviour of a key prey species, the 

brushtail possum, before and after the introduction of devils to Maria Island, using a giving-up 

density (GUD) foraging experiment (a measure of perceived risk). Third, I combined remote camera 

surveys of the two natural experiments into a single study to investigate how rising and falling devil 

abundance affects community-wide temporal activity. Fourth, I used remote cameras to assess the 

cascading effects of devil population declines on community composition across Tasmania.  

Declines in devil abundance reduced competition for carrion. This allowed other scavengers, 

including the invasive feral cat, to increase carrion consumption. Although mesoscavengers 

increased their consumption of carrion, they were unable to functionally replace the devil. Carcasses 

persisted ~2.6-fold longer in long-diseased areas, highlighting an underappreciated ecological 

function of larger, more specialised carnivores.  

Changes to devil abundance triggered rapid behavioural shifts in other species. Previous work 

showed that before devils were introduced to Maria Island, GUDs of the brushtail possum were 

indistinguishable between the long-diseased area, where devils were rare, and Maria island, where 
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devils were absent. This equivalence suggests that devils in long-term diseased areas are functionally 

extinct with respect to their influence on possum foraging behaviour. Three years after the 

introduction of devils to Maria Island, I show that possum GUDs were 64% higher on Maria Island 

than the long-diseased control region, indicating the rapid reinstatement of risk-sensitive foraging 

behaviours within a single generation. 

The temporal activity of mesopredators and prey also showed rapid shifts. At sites where devils had 

declined severely, the devil’s closest competitor, the spotted-tailed quoll increased its use of the 

devil’s temporal niche, strongly suggesting they have been released from interference competition. 

On Maria Island, key prey species responded to rapidly increasing devil densities by reducing their 

use of the devil’s temporal niche, indicating a re-instatement of subtle behaviours that reduce the 

risk of encountering a devil.  

The direct and indirect effects of declining devil abundance have culminated in a restructuring of the 

food web. Devil population declines were associated with increased abundance of feral cats, which 

in turn had a negative effect on the southern brown bandicoot, a small mammal with similar 

characteristics to the many species already driven extinct by invasive mesopredators on the 

Australian mainland. This highlights the important role that apex predators can play not only in 

regulating the behaviour and abundance of native species, but also their capacity to confer 

ecological resistance to the harmful effects of invasive predator species, which are a major global 

driver of vertebrate extinctions. Importantly, the effect of devils on the alien feral cat was larger 

than their effect on a native mesopredator, the spotted-tail quoll, suggesting the limiting effects of 

apex predators might be stronger on alien species than on coevolved species. 

In sum, this thesis provides new evidence on the direct and indirect mechanisms by which apex 

predators structure communities and highlights their powerful but currently underutilised capacity 

to mitigate biodiversity loss due to invasive mesopredators. 
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Notes on Text 

This thesis has been compiled as a series of published papers or manuscripts that are under review. 

Each chapter has therefore been formatted according to the relevant journal’s requirements, leading 

to stylistic differences between the chapters. Because each chapter has been prepared as a 

standalone paper, there is repetition, especially in the introductions of each chapter. 
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General Introduction 

 

Apex carnivores have declined globally with cascading ecological effects  

Apex carnivores play fundamental roles in structuring ecosystems, such that communities with large 

apex predators often have far greater species diversity than can be explained by productivity alone 

(Terborgh 2015). Large carnivores, over the last few centuries, have suffered widespread population 

declines and range contractions (Estes et al. 2011, Ripple et al. 2014). The wide-ranging behaviour of 

carnivores means they often come into conflict with humans and livestock, and their naturally low 

population densities make them vulnerable to persecution (Ripple et al. 2014). The disappearance of 

large carnivores from many ecosystems is a substantial element in the “trophic downgrading” of 

planet Earth (Estes et al. 2011), but in recent years, some large carnivores have begun returning to 

their former ranges (Chapron et al. 2014, Gompper et al. 2015). 

Changes in the abundance of apex predators can have cascading effects through food webs. Trophic 

cascades occur when prey species, relieved of predation pressure, increase in abundance and 

overconsume vegetation (Terborgh et al. 2001). Mesopredator release can occur, whereby smaller 

predators increase in abundance (Ritchie and Johnson 2009, Elmhagen et al. 2010) with consequent 

negative effects on smaller prey species (Crooks and Soulé 1999, Johnson et al. 2007, Ritchie and 

Johnson 2009). In Australia, for example, dingoes (Canis lupus) are lethally controlled across much of 

the continent. Where dingoes are rare, introduced mesopredators are more common (Johnson and 

VanDerWal 2009, Brook et al. 2012) and small prey are rare or locally extinct (Johnson et al. 2007). 

Predator losses can lead to unexpected changes in components of the environment seemingly far 

removed from the direct effects of predation, such as disease dynamics, wildfire, carbon 

sequestration, invasive species, biogeochemical cycles, subsidies to scavengers, stream morphology, 

crop damage, and dune geomorphology (Estes et al. 2011, Ripple et al. 2014, Lyons et al. 2018). 

These changes highlight the widespread influence of top-down interactions and the 

interconnectedness of ecosystems and their abiotic environment.  

 

Defining an apex predator, mesopredator and mesopredator release 

Apex predators are those species occupying the highest trophic position in a community, and they 

are rarely killed by other predators (Ritchie and Johnson 2009). In some communities, apex 

predators are large, but they are not always so. Throughout this thesis, I use the terms apex 

predator and top predator interchangeably, which reflects how these terms are used in the 
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literature. Some early research defined a mesopredator based on absolute traits (e.g. weight), but 

such restrictions are unrelated to the structure or function of a guild of predators (Prugh et al. 2009). 

Instead, I adopt the definition of Prugh et al. (2009) that a mesopredator is any mid-ranking predator 

in a guild of predators. These definitions of apex and mesopredators are therefore context-specific. 

Feral cats, for example, function as apex predators on islands where they are the largest predator 

(Medina et al. 2011), but cats are often mesopredators on larger land masses (e.g., Crooks and Soulé 

1999). Following from this definition, I also adopt the mesopredator release definition of Prugh et al. 

(2009), which is an increase in density or distribution of a mesopredator, or change in behaviour, 

following the decline in abundance of an apex predator.  

 

Mechanisms for the ecological effects of apex predators 

The effects of top predators arise through their direct lethal effects, and their indirect effects on the 

behaviour of other species (Lima 1998, Brown et al. 1999, Ritchie and Johnson 2009). Prey species 

need to meet their energetic demands, while avoiding being eaten themselves (Lima and Dill 1990). 

This can lead to behaviourally sophisticated games of stealth and avoidance, buffering the system 

against dramatic fluctuations in the abundance of predators and prey (Brown et al. 1999). Prey may 

respond to predators by avoiding risky areas of the landscape, termed the “landscape of fear” 

(Laundré et al. 2001). The total non-consumptive effects of predators, the “ecology of fear” (Brown 

et al. 1999), can have behavioural and physiological costs that reduce a species’ fitness, far 

exceeding the effect of killing (Zanette et al. 2011, Travers et al. 2010, Zanette and Clinchy 2019). 

Fear alone is even capable of structuring communities: broadcasting the vocalisations of an apex 

predator, dogs (Canis lupus familiaris), caused racoons (Procyon lotor) to reduce foraging, which 

triggered a series of cascading effects on the prey of racoons, and in turn their prey’s prey (Suraci et 

al. 2016). The effects of predators are additionally mediated by the bottom-up effects of 

productivity, driven chiefly by rainfall and temperature (Elmhagen and Rushton 2007, Elmhagen et 

al. 2010). Together, the direct and indirect effects of predators act in concert with bottom-up forces 

to shape ecosystems.  

There are similarities in the way that apex predators suppress both mesopredators and prey, but 

there are also additional mechanisms by which apex predators can limit mesopredators. Although 

apex predators do sometimes kill mesopredators, this killing often does not involve consumption 

(Palomares and Caro 1999). Lynx (Lynx lynx), for example, often kill foxes (Vulpes vulpes) but leave 

them uneaten, suggesting they are motivated less by food acquisition and more by reducing intra-

guild competition (Sunde et al. 1999, Elmhagen et al. 2010). Thus, interference competition is an 
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important additional process involved in mesopredator release, and suppression of mesopredators 

does not require that a mesopredator is commonly consumed by an apex predator (Ritchie and 

Johnson 2009; Prugh et al. 2009). 

In addition to the effects of predation, carnivores also influence ecosystems through scavenging. 

Because of the high quality and ubiquity of carrion, almost all carnivores scavenge to some degree 

(DeVault et al. 2003). In some situations, large carnivores may facilitate carrion acquisition by other 

species (Wilmers et al. 2003, Allen et al. 2015), and in other situations may limit carrion consumption 

(Allen et al. 2014). Until recently, scavenging was largely ignored in food web models (DeVault et al. 

2003), but more recently we are beginning to understand the potential for scavenging to have 

widespread influence on food webs, intraguild interactions, nutrient cycling, disease reservoirs and 

human wellbeing (DeVault et al. 2003, Wilson and Wolkovich 2011, O’Bryan et al. 2018).  

The influence of humans can mediate the effect of apex predators, leading to complex outcomes 

that are difficult to predict (Kuijper et al. 2015). This is particularly relevant in ecosystems that are 

highly modified by humans where large predators are recovering, like Europe. The direct effects of 

humans on predators are usually negative and occur as a result of direct killing (both legal and 

illegal) (Ripple et al. 2015). Humans can also indirectly impact predator densities by modifying 

resource availability. For instance, hunting of prey species by humans can reduce the availability of 

prey for predators (Ripple et al. 2015), while food subsidies could increase foraging opportunities 

(Newsome et al. 2015). In a similar way to the behavioural effects that apex predators have on prey, 

humans too can cause behaviourally mediated ecological effects. Large predators, for example, tend 

to avoid highly modified areas, which can result in a “human shield” that protects prey species 

(Berger 2007). The overall impact of humans on the ecological effects of predators will depend, in 

part, on whether predator densities are reduced below ecologically functional densities, which is 

likely to be highly context-specific (Kuijper et al. 2015).  

 

Devil facial tumour disease 

Following the extinction of the thylacine (Thylacinus cynocephalus) in the mid-20th century, the 

Tasmanian devil (Sarcophilus harrisii) has ascended to the position of the apex and largest predator 

in Tasmania, Australia’s island state. The devil has suffered severe population declines following the 

emergence of a novel, transmissible cancer, devil facial tumour disease (DFTD) (Hawkins et al. 2006, 

McCallum et al. 2007). Invariably fatal, DFTD forms large tumours on the face and oral mucosas (Fig 

1), which are all clonal descendants of a single original tumour (Murchison et al. 2012). DFTD is 

spread by allograft when an infected devil bites another devil, most commonly during the mating 
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season or when fighting at a carcass (Pearse and Swift 2006, Hamede et al. 2008, Hamilton et al. 

2019). Only two other directly transmissible cancers, where the infectious agent is a live clonal 

cancer cell, are known to occur in vertebrates: a second transmissible cancer in devils named DFT2 

(Pye et al. 2016b) and canine transmissible venereal tumour (Das and Das 2000).  

First detected in 1996 in Tasmania’s north-east, DFTD has spread across almost the entire 

geographic range of the devil in Tasmania (Fig 1), causing overall population declines of about 80% 

and up to 95% in some areas (Hollings et al. 2014, Lazenby et al. 2018). Devils rarely live longer than 

six months after showing clinical signs of DFTD (Hawkins et al. 2006) and population declines are 

detectable within 1-3 years of first detection of disease (Hollings et al. 2014). Epidemiological models 

predicted that extinction of devils in the wild was a real possibility (McCallum et al. 2009), leading to 

the species being listed as Endangered (IUCN 2015). The Tasmanian Government responded 

proactively by establishing a free-ranging “insurance population” of devils on the previously devil-

free Maria Island, a 116 km2 National Park of Tasmania’s east coast. Free of DFTD, the population 

rapidly increased to the island’s estimated carrying capacity of approximately 100 devils (DPIPWE 

2018).  

Promising signs suggest that devils are rapidly evolving resistance (Epstein et al. 2016) and 

potentially tolerance (Ruiz-Aravena et al. 2018) to DFTD in the face of this massive selection 

pressure. There have been several documented individual recoveries associated with immune 

response to DFTD (Pye et al. 2016a) and a reduction of the force of the infection in wild populations 

(Wells et al. 2017). The most recent individual-based models suggest that DFTD is unlikely to cause 

the extinction of devils in the wild (Wells et al. 2019). In addition to rapid evolution, devils show 

remarkable phenotypic plasticity. In disease-free populations, devils live up to six years in the wild 

(Guiler 1978) and typically breed three times at ages 2-4 years. However, the increase in per capita 

resources associated with severe population declines allows females to reach a critical body mass 

and breed in their first year (Lachish et al. 2009), resulting in a 16-fold increase in breeding by one-

year old females (Jones et al. 2008). Despite these genetic and phenotypic responses, statistically 

validated population recoveries have not yet been documented. Devils will persist in the wild at low 

densities for some time to come, and the population will be dominated by young and therefore 

small individuals.  
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Figure 1. DFTD was first discovered in north-east Tasmania in 1996 and has since spread across 
approximately 80% of the devils range. The dashed lines show estimated disease front. In response 
the risk of extinction, a population of devils was introduced to the devil-free Maria Island (red circle). 
The photos are examples of extensive tumours on two different devils (Photo credit: Save the 
Tasmanian Devil Program) 

Changes in the Tasmanian ecosystem 

In contrast to the Australian mainland, which is the global hotspot of mammal extinctions (Woinarski 

et al. 2015), Tasmania retains a relatively intact mammal community. Following the extinction of the 

thylacine in the mid-20th century, the devil is now the largest terrestrial predator (6-14 kg) on the 

island. The native marsupial spotted-tailed quoll (Dasyurus maculatus; females – males 1.8 - 6 kg) 

and invasive feral cat (Felis catus; 2-5 kg) are similar intermediate-sized mesopredators, while the 

native eastern quoll (D. viverrinus ~1kg) is the smallest mesopredator in the guild. The invasive alien 

red fox (Vulpes vulpes) was introduced to Tasmania in the 1990’s and was probably present at very 

low densities throughout widespread areas of the state (Sarre et al. 2013). No physical evidence of a 

continuing presence of foxes has been found since 2011 (DPIPWE 2015), suggesting the red fox is 

probably now extinct in Tasmania (Caley et al. 2015). It is possible that devils, through predation of 

juveniles and competition for food and den sites, may have prevented the establishment of a 

Maria Island 
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naturalised fox population. Unlike the mainland of Australia where feral cats are implicated in ~30 

mammalian extinctions, they have so far caused no confirmed extinctions in Tasmania, although it is 

possible that the Tasmanian subspecies of the New Holland mouse (Pseudomys novahollandia) has 

vanished in the last 20 years (Lazenby 2009), since DFTD outbreak. One hypothesis to explain the 

lower impact of feral cats on native small mammals in Tasmania is that, at least until the emergence 

of DFTD, devils had dampened the effects of feral cats on prey species.  

The dietary preferences of the Tasmanian carnivores are partitioned according to body size (Jones 

and Barmuta 2000). Devils of both sexes and male spotted-tailed quolls, which are larger than 

females, both consume mostly the larger macropods, Bennett’s wallaby (Macropus rufogriseus; 

males 20 kg, females 14 kg) and Tasmanian pademelon (Thylogale billardierii; males 7 kg, females 

4kg) (Jones and Barmuta 1998; Jones and Barmuta 2000; Andersen et al. 2017). Female spotted-

tailed quolls have higher dietary overlap with the smaller eastern quoll, both preferring smaller 

mammals (rodents and small dasyurids), birds and invertebrates (Jones and Barmuta 1998). Cats 

have flexible diets that depend on the availability of prey; they generally prefer mammalian prey of 

rabbit size or smaller, but their diet can include a substantial proportion of birds and small reptiles 

(Doherty et al. 2015). Importantly, much of this dietary insight for the native carnivores is based on 

scat composition, which cannot inform whether food was depredated or scavenged. 

Population declines of the devil have triggered several documented changes in the Tasmanian 

mammal community. The most contentious of these relates to the mesopredator release of feral 

cats. A Tasmania-wide dataset of spotlight surveys, conducted from 1985-2008, revealed an increase 

in cat detections following the disease-induced decline of the devil (Hollings et al. 2014). This effect 

was most evident in north-east Tasmania, where DFTD first arose; in this area, landscapes are mostly 

forested, and the top-down effects of devils were stronger than bottom-up drivers (productivity). In 

contrast, the central region of Tasmania is highly agricultural, and cats in this region instead showed 

a stronger response to fluctuations in the abundance of a favoured prey species, rabbits 

(Oryctolagus cuniculus). A second study, this time using hair traps, revealed higher cat detections in 

the long-diseased north-east and an apparent shift towards an invasive dominated state (Hollings et 

al. 2016). These results, however, were contested by Fancourt et al. (2015b), who did not find a 

negative relationship between devil and cat detections on camera traps, although the spatial extent 

of that study was restricted to diseased areas (5-16 years), limiting capacity to detect effects. 

Fancourt et al. (2015b) instead claimed that cats were more nocturnal in areas of long-term devil 

decline, and that this could increase their detectability to the nocturnal spotlight surveys used by 

Hollings et al. (2014). Because of the implications for interpreting this long-term spotlight study, and 
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extinction threat posed by cats, it is important to resolve whether the mesopredator release of cats 

is behavioural, demographic, or both (if it occurs at all).  

Population declines of the devil were correlated with a decline in the eastern quoll, which was 

subsequently listed as Endangered, possibly due to increased predation and competition from an 

increasing feral cat population (Hollings et al. 2014). However, the decline in eastern quolls occurred 

concurrently across the eastern half of Tasmania, and species distribution models suggest that an 

unusual weather event was at least partially to blame (Fancourt et al. 2015a). Warm, wet winters 

between 2001 and 2003 were associated with a marked decline in the abundance and predicted 

extent of suitable habitat of eastern quolls (Fancourt et al. 2015a). However, after 2004, abundance 

of eastern quolls remained low despite a substantial increase in suitable habitat as defined by 

weather parameters. Possibly, weather may be largely responsible for the initial decline of eastern 

quolls, but high densities of cats may now prevent their recovery from a “predator pit” in which the 

small annual cohort of juveniles is quickly depredated by the large population of cats (Fancourt et al. 

2015b).  

So far, no study has revealed conclusive behavioural or demographic changes in the devil’s closest 

competitor, the spotted-tailed quoll. This is surprising, because devils and spotted-tailed quolls have 

high dietary overlap (Andersen et al. 2017), and according to the mesopredator release hypothesis, 

devil declines should free spotted-tailed quolls from suppression. Gaining a deeper understanding of 

the response of spotted-tailed quolls to changes in devil abundance represents a key knowledge gap.   

Some Tasmanian prey species show finely tuned behaviours that reflect differences in perceived 

predation risk. Brushtail possums (Trichosurus vulpecula) displayed less risk-sensitive foraging 

behaviour and more ground-based activity in areas where devils had been suppressed the longest 

(Hollings et al. 2015). At 90% devil population decline, risk-sensitive foraging behaviour of brushtail 

possums was indistinguishable from those on a devil-free island, signifying functional loss of top-

down regulation of behaviour (Hollings et al. 2015). The behaviour of macropod prey also differed 

among regions of Tasmania with different devil densities. Devils are thought to be pounce-pursuit 

hunters (Jones 2003) that benefit from vegetation obscuring their approach, preferring to forage 

along pasture/bush ecotones (Baynes 2007). The devil’s primary prey, Tasmanian pademelon and 

Bennett’s wallaby, foraged in open grasslands closer to the ecotone on Maria Island, when devils 

were absent, and furthest from the ecotone at the site with highest devil density (Nielsen 2009). 

Further, where devil density was high, macropod prey emerged from cover earlier before dark, 

potentially reducing their encounters with nocturnal devils. On Maria Island, where devils were 

absent, macropod prey did not emerge from cover until after dark, possibly reducing their exposure 
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to diurnal eagles and perceiving cover as less perilous (Nielsen 2009). This behavioural plasticity 

reflects the ability of macropod prey to make trade-offs in decision-making, between the risk of 

encountering a nocturnal devil and a diurnal eagle. 

 

Thesis aims and structure 

Throughout this thesis, I exploit two concurrent natural experiments of opposing direction to reveal 

the ecological effects of the devil. The first of these natural experiments was produced by the 

progressive spread of DFTD across ~80% of Tasmania over a 20-year period. The result is a gradient 

of time since the arrival of DFTD, and therefore local devil populations at different stages of decline, 

ranging from long-term, severe population decline in north-east Tasmania, to disease-free 

populations in north-west Tasmania. The second natural experiment was produced by the 

introduction of devils to the formerly devil-free Maria Island.  

The aim of this thesis is to reveal how the Tasmanian devil structures the behaviour and abundance 

of other vertebrate species. I hypothesised a series of general cascading effects stemming from 

changes in devil abundance, represented in the diagram of thesis structure (Fig 2). In chapter two, I 

use experimentally-placed carcasses across the gradient of disease-induced decline to assess 

changes in the persistence of carrion in the environment, and the flow on effects to carrion 

consumption by smaller, less efficient scavengers. In chapter three, I use a giving-up densities 

experiment to reveal changes in the risk-sensitive foraging behaviour of the brushtail possum, a 

major prey species of devils. This chapter uses a before-after control-impact design to measure risk-

sensitive foraging before devils were introduced to Maria Island, and again three years after the 

introduction of devils, with several control sites on the Tasmanian mainland. In chapter four, I assess 

changes in temporal partitioning of activity in response to declining devil densities on the Tasmanian 

mainland and increasing devil densities on Maria Island. Importantly, I test whether feral cats 

increase their nocturnality following devil population declines, as suggested (Fancourt et al. 2015b). 

In chapter 5, I use structural equation modelling to assess the cascading effects of devil population 

declines on the composition of the mammal community. I synthesise the findings of this thesis in a 

General Discussion (chapter 6), and in Appendix 1, I present an opinion piece on reducing the harm 

caused by Australia’s most difficult to manage mesopredator, the feral cat.  
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Figure 2.Thesis map, consisting of broad-scale hypotheses for the cascading effects of changes in 
devil abundance. The colour of the arrows shows the hypothesised relationship, either positive or 
negative, and the arrows refer to demographic and behavioural effects. The numbers next to each 
arrow correspond with the chapters that investigate a given process. Clockwise from the top, the 
silhouettes represent the Tasmanian devil, carrion, spotted-tailed quoll (left), feral cat (right), forest 
raven, southern brown bandicoot, Bennett’s wallaby (left), Tasmanian pademelon (right) and the 
common brushtail possum.  
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Chapter 2: Top carnivore decline has cascading effects on scavengers and 
carrion persistence 

 

Abstract 

Top carnivores have suffered widespread global declines, with well-documented effects on 

mesopredators and herbivores. We know less about how carnivores affect ecosystems through 

scavenging. Tasmania’s top carnivore, the Tasmanian devil (Sarcophilus harrisii), has suffered severe 

disease-induced population declines, providing a natural experiment on the role of scavenging in 

structuring communities. Using remote cameras and experimentally-placed carcasses, we show that 

mesopredators consume more carrion in areas where devils have declined. Carcass consumption by 

the two native mesopredators was best predicted by competition for carrion, whereas consumption 

by the invasive mesopredator, the feral cat (Felis catus), was better predicted by the landscape-level 

abundance of devils, suggesting a relaxed landscape of fear where devils are suppressed. Reduced 

discovery of carcasses by devils was balanced by increased discovery by mesopredators. 

Nonetheless, carcasses persisted ~2.6-fold longer where devils have declined, highlighting their 

importance for rapid carrion removal. The major beneficiary of increased carrion availability was the 

forest raven (Corvus tasmanicus). Population trends of ravens increased 2.2-fold from 1998-2017, 

the period of devil decline, but this increase occurred Tasmania-wide, making the cause unclear. This 

case study provides a little-studied potential mechanism for mesopredator release, with broad 

relevance to the vast areas of the world that have suffered carnivore declines. 

 

Introduction 

Scavenging is an important ecological function that stabilises trophic dynamics in complex 

communities, affecting species assemblages and ecosystem function [1-3]. Carrion is abundant and 

ubiquitous, and in some ecosystems, most large animals die from causes other than predation [4-6]. 

Because of its high nutritional quality, there is intense competition for carrion among microbial 

decomposers, and invertebrate and vertebrate scavengers [7, 8]. Almost all carnivores are 

facultative scavengers, although obligate scavengers such as vultures are few, and vertebrates 

consume the majority of carrion globally [5]. 

Top-carnivore populations have suffered widespread global declines, often causing cascading effects 

throughout food webs [9]. These cascades can affect herbivores and vegetation [9, 10], and can 

trigger mesopredator release, sometimes resulting in the extinction of smaller prey species [11-13]. 
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Some obligate scavengers, too, have declined severely, such as the staggering decline of vultures 

(Gyps spp.) across much of Africa and Asia [14, 15]. Although some ecological effects of top 

predators are well established, we know less about how carnivores affect communities through 

scavenging, which can include facilitative or competitive relationships [16-18].  

Scavengers provide very important, yet little-studied ecosystem services by removing carrion [19]. 

Accordingly, scavenger declines may have major ramifications for humans and ecosystems [20]. For 

example, severe vulture declines in India increased carrion availability, which was implicated in an 

increase of 7 million feral dogs (Canis lupus familiaris) and an increase in human deaths from rabies 

[21]. Carcasses can act as pools and vectors of disease, such as the bacterium Clostridium botulinum, 

which has caused several mass avian mortality events totalling >20,000 birds from over 50 species 

[22].  

Large-scale (i.e. tens of thousands of square kilometres) manipulations of carnivore densities are 

rare. However, a natural experiment is currently unfolding in Tasmania, Australia. Tasmania’s largest 

carnivore and dominant scavenger, the Tasmanian devil (Sarcophilus harrisii; hereafter ‘devil'), is a 

facultative but specialised scavenger with morphological adaptations, such as highly robust teeth 

and massive jaw musculature for processing the hard parts of carcasses [23]. Devils have declined 

severely under the impact of a transmissible cancer, devil facial tumour disease (DFTD) [24, 25]. 

DFTD was first detected in 1996 in north-east Tasmania and has subsequently spread across ~80% of 

the devil’s range [26]. Local populations of devils decline by as much as 95% once disease has been 

present for more than five years [27]. The progressive spatial spread of DFTD over a 20-year period 

has created a gradient of local devil populations in different stages of decline, providing a unique 

opportunity to study the ecological role of a dominant scavenger. 

Increased carrion consumption by mesopredators is a largely unstudied potential mechanism for 

mesopredator release, a major threat to smaller wildlife [13]. Tasmania has three widely distributed 

mesopredators: the native spotted-tailed quoll (Dasyurus maculatus; hereafter ‘quoll’), native forest 

raven (Corvus tasmanicus; hereafter ‘raven’) and the invasive feral cat (Felis catus; hereafter ‘cat’). 

Scavenging by cats is of particular interest because cats are implicated in almost all of Australia’s ~29 

mammal extinctions, representing 35% of global mammal extinctions since 1500 [28]. However, cats 

have caused no confirmed extinctions in Tasmania. The raven is an abundant avian predator and 

scavenger that occurs in all landscape types in Tasmania. Corvids are significant nest predators and 

populations have increased worldwide in response to anthropogenic landscape change [14, 29]. 

Ravens are a major consumer of carrion and are a ubiquitous sight feeding on road-kill in Tasmania. 
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Here, by integrating the foraging durations of the main scavenging species into a structural equation 

model, we report the most detailed evidence to date that the decline of a top carnivore and 

dominant specialised scavenger can have cascading effects on community-wide carrion consumption 

at a regional scale. We experimentally deployed 96 carcasses at sites spanning the disease-caused 

gradient of devil density and used camera traps to record the foraging durations of vertebrate 

scavengers. We investigate the effects of devil population declines on 1) carcass discovery and 

persistence, 2) carcass consumption by mesopredators, two native and one invasive, and 3) long-

term population trends in an abundant mesopredator, the forest raven.  

Method 

a) Study sites

We separated Tasmania into two regions based on the timing of DFTD arrival: a healthy region in the 

north-west, where DFTD had not caused population declines, and a diseased region, where DFTD 

arrived 3-19 years prior (Fig. 1). We selected 12 study sites (coordinates in Fig. S1) across the two 

regions. To select sites with varying times since disease outbreak and because DFTD occupies ~80% 

of Tasmania [26], sites were unequally distributed between the two regions, with five in the healthy 

region and seven in the diseased region. Six sites were in wet Eucalypt/rainforest habitat and six in 

dry Eucalypt/coastal scrub habitat, encompassing Tasmania’s major habitat types. We restricted 

sites to northern Tasmania to avoid the north-south temperature gradient and ensured 

environmentally comparability by selecting sites within similar average annual rainfall (dry: 650-1100 

mm, wet: 1200-2000 mm; Bureau of Meteorology GIS layer), elevation (dry <400 m, wet <800 m) 

and temperature (mean maximum temperature for August: 10-14 C°) ranges. We only considered 

potential study sites larger than 25 km2 in Parks and Wildlife reserves or State Forests, the areas of 

Tasmania where human influence is minimal i.e. mostly unsealed roads with low traffic, and no 

hunting, grazing or recent logging. All sites had a Global Human Footprint Index value <20%, 

demonstrating relatively low and similar anthropogenic influence [30]. 



  Chapter 2: Scavenging 
 

19 
 

 

Figure 1. DFTD-induced population declines of Tasmanian devils. a, Study site locations in northern 
Tasmania. Circles identify two disease regions: healthy (DFTD not yet arrived) and diseased (DFTD 
present for decreasing number of years from east to west). b, Linear model of devil detections per 
100 camera nights predicted by years since DFTD outbreak. c, Devil detections per 100 camera 
nights, split into the two disease regions. Error bars represent the bootstrapped 95% confidence 
interval.  

 

b) Devil activity 

We conducted remote-camera surveys to estimate devil activity. At each site, we deployed 20 or 21 

remote cameras, ~1 km apart, for greater than 21 nights in September-December 2015, totalling 

5,654 successful monitoring nights (Fig. S1 details method). We treated devil detections as unique if 

greater than 30 min separated the next detection, unless individuals were distinguishable by unique 

pelage markings. Total camera effort varied slightly among sites, so we pooled devil detections for 

each study site and calculated devil activity as devil detections per 100 camera nights. 

 

c) Carcass use 

i) Scavenging experiment 

We experimentally deployed eight whole Tasmanian pademelon carcasses (Thylogale billardierii; 

1.5-8 kg) at each study site in August-September 2016, totalling 96 carcasses. Tasmanian pademelon 

are the most widely distributed medium-sized herbivore in Tasmania and the most common prey 

species for devils [31]. Carcasses were deployed in winter to minimize invertebrate consumption. 

Carcasses were simultaneously deployed within each study site at locations randomly selected from 

the camera locations used in the survey for devil activity (minimum distance between carcasses 

~1km; Fig S1 details method). Cameras were deployed for >21 days after which all edible flesh of the 

a b c 
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carcasses was fully consumed. We identified the start and end of all foraging events and calculated 

the foraging duration in minutes for each species at each carcass. 

 

ii) Analysis of carcass discovery and persistence 

To investigate carcass discovery and persistence, we performed survival analyses, using a mixed-

effects Cox proportional hazards model (library ‘coxme’ in R v. 3.3.0), on data for time taken for 

carcass discovery (hours) and complete consumption (days). We ran four separate analyses 

investigating how long carcass discovery took for 1) any vertebrate, 2) devils, 3) quolls, and 4) 

ravens, given a carcass was still available to be discovered. We did not analyse carcass discovery by 

cats because they discovered too few carcasses for survival analysis. We defined discovery as the 

first time a species of interest located and fed on a carcass. We defined a carcass as fully consumed 

when a final foraging event clearly consumed all of the remaining carcass, or as the 95th percentile 

foraging event when foraging activity dragged out for many days, given the carcass appeared to 

be >95% consumed. This removed short final foraging events that consumed very little, such as 

ravens pecking at a small amount of skin.  

Survival analysis is well-suited to censored data [32]. Discovery data were right censored because 

not all carcasses were discovered by each species of interest before complete carcass consumption. 

Persistence data were right censored because some memory cards filled up before the carcass was 

fully consumed (n=9), and some carcasses were prematurely removed from view of the camera 

(n=9). One carcass was excluded because the camera returned no images.  

For the Cox models, we used all combinations of four predictor variables: 1) a continuous variable 

for years since DFTD onset (years diseased); 2) habitat type (habitat); 3) devil detections per 100 

camera nights from the initial camera survey (devil activity); 4) initial carcass weight (carcass 

weight). We grouped the eight carcass replicates at each site as a random factor to account for their 

non-independence. All predictors had a Pearson’s correlation coefficient r<0.6. Models were 

selected based on AICc weights. For visualisation, we separated sites into the two disease regions 

(Fig. 1) and presented the Kaplan-Meier estimates of the survival function and the log-rank test 

comparing the two survival curves (libraries ‘survival’ and ‘survminer’ in R v. 3.3.0).  

 

iii) Analysis of carcass consumption 

We used piecewise structural equation modelling (SEM) to investigate the cascading effects of DFTD 

on carcass consumption among the main scavengers. We sought to test the hypothesis that devil 
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declines allow other species to consume more carrion, and to elucidate the mechanisms that cause 

differences in carrion consumption. In contrast to classical SEM, which estimates parameter values 

globally, piecewise SEM calculates local estimates for each response variable using individual 

regressions that correspond to a single causal network [33, 34]. This enables the use of mixed 

models to accommodate nested data and allows fitting a wide range of distributions [33].  

We developed the a priori SEM based on our knowledge of the trophic relationships between devils 

and the three mesopredators: ravens, quolls and cats (Fig. S2 for justification of the SEM structure). 

We modelled five response variables: (i) devil activity (from the initial camera survey), (ii) devil 

foraging duration, (iii) raven foraging duration, (iv) quoll foraging duration, and (v) cat foraging as a 

binary variable. We additionally included habitat type, years diseased and initial carcass weight as 

covariates (Table S1 for variable descriptions). The ratio of total samples to the number of variables 

was 11.25, above the recommended five [35]. Six carcasses were omitted, leaving 90 for the analysis 

of carcass consumption; three because they were removed from view of the camera with >50% 

remaining, two because the camera failed to pick up foraging events reliably, and one because the 

camera failed. Although black rats (Rattus rattus) were observed at 12 carcasses, and they might be 

frequent consumers of carrion, we excluded them from the analysis because the cameras were 

unreliable in detecting their movements.  

To construct the SEM, we first separately fitted the individual regressions that comprise the SEM 

(Table S2 for model structures). We used generalized linear mixed-effects models (GLMM) to model 

each species’ carcass use and included ‘site’ as a random factor because carcasses were nested 

within site. Foraging data for all species followed a gamma distribution and were zero-inflated, 

suggesting a two-process mechanism for data generation: first, a binary process of carcass discovery 

by a species, and second, how much a species consumed if it located a carcass. To mirror these two 

processes, we used hurdle models, which first modelled whether a species fed at a carcass (GLMM 

with binomial distribution), and then modelled how long a species fed for the non-zero data (GLMM 

with gamma distribution). This follows recommendations that zero-inflated data may suggest a two-

process mechanism involved in generating the data, in which case one may wish to use local 

specifications within an SEM framework to match the situation [34]. Sparse data precluded the 

second stage of modelling for cats. Models were fitted using the ‘lme4’ package in R. We visually 

assessed model predicted values versus residuals to verify that the individual models met their 

necessary assumptions.  

We used the ‘piecewiseSEM’ R package [33] to derive the claims of conditional independence, from 

which we calculated overall fit of the SEM using Shipley’s test of d-separation [36]. This tests the 

assumption that all variables are conditionally independent, which implies there are no missing 
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relationships among unconnected variables [33]. The hypothesized relationships were considered 

consistent with the data when Fisher’s C had P > 0.05, meaning the SEM represents the data well 

and there are no missing relationships.  

We calculated standardized path coefficients using the ‘relevant range’ method [37]. This involved 

varying a predictor from its minimum to maximum, while holding all other predictors at their mean, 

and calculating the change in the response variable as a proportion of its range. We presented 

parameters that were statistically significant at α=0.05, and calculated the marginal R2 for each 

response variable [38; 'MuMIn' package in R]. 

 

d) Raven population trends 

To investigate changes in raven populations over the last two decades, we analysed raven presence-

absence records from the BirdLife Australia database. We used data from 20-minute 2-ha 

standardized surveys that record all species sighted [39 for survey method]. We used surveys from 

1998-2017 (data extracted 14 Nov 2017), and only used sites in northern Tasmania to align with our 

study sites. We excluded records within 2-km of towns, resulting in a final dataset of 1,932 surveys.  

We fitted GLMMs (binomial distribution) to investigate whether the reporting rate of ravens was 

associated with devil declines. Some sites were surveyed numerous times while most were surveyed 

once in an ad-hoc fashion. We first accounted for environmental conditions that differed among 

sites and years because preliminary analysis and previous research [40] showed environmental 

associations with raven presence-absence. Therefore, we held a suite of environmental covariates 

constant in all models (details in Table S3), and then tested the additional predictive ability of adding 

temporal variables: ‘years diseased’; ‘survey year’ to investigate temporal changes that are 

unrelated to devil declines; and an interaction between ‘DFTD region’ and ‘survey year’ to test 

whether temporal changes in raven detections differed regionally. 

Preliminary analysis indicated spatial autocorrelation in the residuals, which we accounted for by 

grouping sites into grid cells (0.3 x 0.3 degrees; Fig. S3) that were included as a random effect. To aid 

model convergence, all continuous variables were scaled by subtracting the mean and dividing by 

the standard deviation. We ran seven models (Table S7), which were ranked based on AICc weights. 

We visually assessed plots of binned model residuals against predicted values to verify the final 

model met the necessary assumptions. 
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Results 

a) Disease-induced devil population declines

DFTD has caused substantial devil population declines at most diseased study sites. The survey for 

devil activity detected 439 unique devil visitations in 5,654 camera nights, and the number of 

detections was negatively associated with the time since DFTD arrival at a site (Fig. 1; βYearsDFTD=-0.42, 

P=0.039, R2=0.36). Devil activity appeared to decline rapidly after disease outbreak, and then level 

out, confirming patterns already extensively documented [24, 25, 27]. On average, healthy sites had 

3.3-fold more devil detections than diseased sites (Fig. 1).  

b) Carcass discovery and persistence

Devil declines had significant cascading effects on rates of carcass discovery and persistence. 

Carcasses persisted approximately 2.6-fold longer in the diseased region (Fig. 2), and ‘years diseased’ 

had a relative parameter importance of 96% (Table S4). The best model estimated a 3.1-fold 

increase in the odds of a carcass persisting in the environment when comparing the longest-diseased 

sites with those that are disease-free, holding all other predictors constant. 

Figure 2: Persistence of experimentally placed carcasses. Kaplan-Meir estimate of the survival 
function for the proportion of carcasses persisting in the environment, divided into the two regions 
for devil facial tumour disease. Light shading shows the 95% confidence interval. The dotted line 
shows that median carcass persistence time is ~2.6-fold longer in the diseased region. The p-value is 
from the log-rank test comparing the survival curves. 
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Devils found carcasses much more slowly at diseased study sites (Fig. 3), with ‘devil activity’ 

significantly and positively associated with carcass discovery (relative importance of parameter 79%; 

Table S4). The inverse was apparent for ravens and quolls, which found carcasses sooner at diseased 

sites (Fig. 3) and had a significant negative association with ‘devil activity’ (relative importance of 

parameter 73% and 72% respectively; Table S4). When all vertebrates were pooled, there was no 

difference in discovery rates between the disease regions (Fig. 3) and ‘devil activity’ and ‘years 

diseased’ were not important predictors of carcass discovery (Table S4).  

 

 

  

 

 

 

 

 

 

 

 

 

 

Figure 3: Discovery of experimentally placed carcasses by the three main scavenging species. Kaplan-
Meir estimates of the survival function for the proportion of carcasses not discovered by any 
vertebrate species, Tasmanian devils, forest ravens, and spotted-tailed quolls, divided into the two 
disease regions; light shading shows the 95% confidence intervals. The p-value is from the log-rank 
test comparing the survival curves.  
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c) Carcass consumption

Camera traps recorded 13 species (Table S5) feeding on the experimentally-placed carcasses from 

492,463 photos, totalling 651 hours of foraging by all species. Shipley’s [36] test of d-separation 

indicated the SEM had no missing paths and the model is a good fit to the data (Fisher’s C=4.50, 

P=0.81). 

Figure 4: Consumption of experimentally placed carcasses. The proportion of total foraging duration 
was calculated as a species’ foraging duration divided by the total foraging time of all species at a 
carcass. The dots represent the mean values for the twelve study sites; error bars represent the 
bootstrapped 95% confidence interval. Due to sparse data for feral cats, we show the proportion of 
carcasses at which cats fed. 

DFTD had cascading effects on carrion consumption by the four most common scavengers. Devils 

were the major scavenger in the healthy region, averaging ~80% of total foraging time, compared to 

<30% in the diseased region (Fig. 4). The inverse relationship was apparent for the next three most 

common scavengers: ravens, quolls and cats, which all foraged more in the diseased region (Fig. 4). 

The final SEM (Fig. 5) demonstrated that disease duration had a negative effect on devil activity (β=-

0.39, all coefficients are standardized), and devil activity (a proxy for abundance) had a positive 

effect on the odds of a devil feeding at a carcass (β=0.5) and devil foraging duration (β=0.13). All raw 

model outputs are shown in Table S6. 
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Figure 5. Final piecewise structural equation model investigating the cascading effects of DFTD on 
the consumption of experimentally-placed carcasses. ‘Devil activity’ is an index of Tasmanian devil 
activity and is a proxy for population density across a gradient of devil decline. Coefficients have been 
standardized using the ‘relevant range’ method. We used hurdle models for devils, ravens and quolls; 
superscript (1) represents the binomial stage of the hurdle model and (2) represents modelling on 
non-zero data. Carcass weight is included in the statistical models as a covariate, but is not displayed 
here for visual clarity (see Table S6 for unstandardized coefficients). Bold lines indicate significant 
paths at α=0.05 (*P<0.05, **P<0.01, ***P<0.001) and dashed lines indicate non-significant paths. 
Red lines indicate negative relationships, black lines indicate positive relationships, and double-
headed arrows represent relationships that we did not assign a directionality to.  

 

As a proportion of total foraging time, ravens fed about four-fold longer on average in the diseased 

region, the greatest increase of all species (Fig. 4). The hurdle model revealed that carcass 

consumption by devils had a strong negative effect on the odds of a raven feeding at a carcass (β=-

0.84) and the duration that ravens fed following carcass discovery (β=-0.31; Fig. 5). The odds of a 

raven feeding at a carcass were 6.3-fold greater in dry habitat, where they are thought to be at 

higher densities, than in wet habitat. 

Quolls fed about four-fold longer in the diseased region than in the healthy region (Fig. 4), as a 

proportion of total foraging time by all species. Carcass consumption by devils had a negative effect 

on the odds of a quoll feeding at a carcass (β=-0.57); however, once a quoll started to feed on a 
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carcass (i.e. for the non-zero foraging times), there was no statistically significant relationship with 

devil carcass consumption (Fig. 5). Instead, years since DFTD onset was a better predictor of how 

long quolls fed if they located and commenced feeding on a carcass (β=0.56).  

Cats showed a different type of negative relationship with devils. In contrast to the native 

mesopredators, devil activity – a proxy for devil population density – was the only significant 

predictor of whether a cat fed on a carcass (β=-0.29; Fig. 5). This was largely because cats foraged 

most frequently on carcasses (50% of carcasses) at the study site with the smallest devil population, 

suggesting that cats avoid feeding on carcasses when they are likely to encounter a devil.  

d) Raven population trends

Ravens were reported in 48% of 1,932 long-term bird surveys, the highest reporting rate of any 

species, reflecting their broad distribution [41]. The best-supported GLMM estimated a 2.2-fold 

state-wide increase in the odds of sighting a raven for the period 1998-2017 (the model containing 

‘survey year’ carried 79% of model weights; Table S7). There was no evidence, however, that this 

increasing trend differed with DFTD region; models 3 and 4 allowed the effect of ‘survey year’ to 

vary by ‘DFTD region’, and each model carried only 6% weight (Table S7).  

Discussion 

We exploit a rare natural experiment involving the severe, almost range-wide population decline of 

a top predator and specialised scavenger. This revealed regional-scale, community-level changes in 

carrion consumption and decelerated carrion cycling. Our novel approach to model the scavenger 

community as a network of competing species, represented by a structural equation model, shows 

that top-down control by devils occurs through different pathways for the native species (quolls and 

ravens), which have a long co-evolutionary history, compared to the invasive species (cats). The 

increase in scavenging by cats – which pose a key extinction threat for small mammals [28] – 

presents a previously undemonstrated mechanism for competitive release of cats. Restoring the 

population density of devils could therefore be a potential tool for managing the impacts of feral 

cats on native prey.  

a) Carcass use and carrion cycling

Although the generalist mesopredators increased their consumption and discovery of carcasses, 

they were unable to match the devil’s ability to rapidly consume carrion, with carcasses persisting 



Chapter 2: Scavenging 

28 

~2.6-fold longer in the diseased region. This is unsurprising because devils are highly adapted 

scavengers [23, 42] that are competitively and ecologically dominant in the Tasmanian carnivore 

community [43]. In other systems, facultative scavengers are also unable to functionally replace a 

dominant scavenger species that has declined or been experimentally excluded. In Kenya, although 

mammal species richness nearly tripled at carcasses without vultures, carcasses persisted nearly 

three times longer [44]. Exclusion of vultures from carcasses in South Carolina, USA, resulted in a 10-

fold increase in carcasses not fully scavenged [45], and full consumption of ungulate carcasses took 

2-4 times longer in an area of Spain without vultures, compared to a neighbouring area with vultures

[46]. On sandy beaches in Australia, increased scavenging by corvids, dogs and foxes did not

functionally replace the dominant scavenger group, raptors [47]. The experimental removal of

racoons from an agricultural landscape in Indiana, USA, at a local scale of about 7 hectares (range

2.46 – 16.32 ha) caused an increase in scavenging by opossums, but this did not compensate for the

removal of racoons [48].

Some previous studies of the community-wide effects of dominant scavengers used experimental 

exclusion from carcasses at relatively small spatial and temporal scales [44, 45, 48]. However, 

experimental exclusion may not reflect actual population declines, because the short temporal scale 

does not allow mesopredator abundance to increase in response and therefore may obscure the 

potential for functional replacement by mesopredators. Our study, however, was conducted over 

large spatial scales (65,000 km2 island of Tasmania) and investigated devil populations that have 

been suppressed for ~20 years, allowing ample time for mesopredator populations to fill the 

scavenging void should they have the capacity to do so. Nevertheless, we arrive at the same 

conclusion as smaller-scale studies: sub-dominant scavengers seem unable to functionally replace 

dominant scavengers. Globally, there is a trend towards generalist species replacing specialist 

species - a “functional homogenization” of biodiversity – and our work supports the broader 

assertion that declines of specialised species can severely reduce ecosystem functioning [49, 50].  

Vertebrates are the most rapid consumers of carrion [2, 3, 5], and widespread declines of large 

carnivores and dominant scavengers implies a widespread reduced capacity for carrion cycling [9]. 

Carcasses can act as pools and vectors for disease agents that affect humans, livestock and wildlife 

[14]. Prolonged carcass persistence may increase the risk of colonisation by disease-causing bacteria 

and facilitate transmission to wildlife, and would likely increase consumption by microbes and 

invertebrates, potentially leading to localised terrestrial eutrophication [14].  

The native and introduced carnivores had contrasting pathways in the SEM, potentially a result of 

their different evolutionary histories. Carcass consumption by devils best predicted carcass 



Chapter 2: Scavenging 

29 

consumption by ravens and quolls, implying that direct competition for carrion is the major 

mechanism leading to the observed differences. Competition with quolls could involve both 

interference competition from the presence of a devil at a carcass and exploitation competition 

arising from greater quantity of consumption by devils [43, 51]. Ravens and devils, however, 

compete solely through access to food (i.e. exploitation competition), because devils are almost 

always nocturnal, and ravens are strictly diurnal.  

The increase in carcass consumption by quolls accords with a state-wide analysis of quoll diet. In 

eastern Tasmania, where devil decline was most severe, quoll scats contained a greater proportion 

of large mammals and fewer small mammals and invertebrates than elsewhere in the state, 

suggesting that a competitive release may have allowed quolls to increase their scavenging of large 

animals [31]. Our results here provide compelling evidence that quolls have increased their 

consumption of carrion, a likely explanation for the greater presence of large mammals in quoll diet 

in the long-diseased north-east.  

In contrast to the native mesopredators, carrion consumption by the invasive feral cat was better 

predicted by devil activity, a proxy for devil abundance at the landscape-scale. This suggests that 

devils at high densities create a landscape of fear, possibly causing avoidance or risk-averse 

behaviour by cats. Avoidance of devils or cryptic behaviour could have a fitness cost for cats by 

reducing access to resources, such as carrion. Avoidance behaviour is supported by two previous 

studies, which showed devils alter the detectability of cats, which were detected less frequently at 

individual camera stations visited by devils, even in areas where devils are at naturally low densities 

[52] and where devils have been at disease-induced low density for a decade [53]. The increase in

scavenging by cats in areas where devil decline is most severe potentially reflects a relaxation of risk-

sensitive behaviour, similar to the relaxation of risk-sensitive behaviour in the brushtail possum

(Trichosurus vulpecula), a major prey species for devils [54]. Elsewhere, attraction of predators to

carcasses can create islands of perceived risk for prey by increasing the likelihood of predator-prey

encounters [55, 56], and this may be the case for mesopredators too.

b) Population trends in the raven

Ravens are the major beneficiary of increased carrion availability (based on the greatest increase in 

foraging duration), and analysis of long-term bird surveys revealed a 2.2-fold increase in the odds of 

detecting a raven from 1998-2017. This population trend, however, also occurred in the disease-free 

region, suggesting that drivers other than devil declines may have a stronger influence. Although we 

were unable to directly link trends in the raven population to devil declines, we caution against 
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conclusively interpreting this to mean that devil declines have not influenced raven abundance. 

Multiple factors may concurrently drive the increasing trend in ravens. Ravens form large non-

breeding flocks outside of territorial pairs and breeding season [57], and it is also possible that 

movements/dispersal have prevented a clear signal relating to changes in the devil population. The 

relatively small amount of pre-DFTD data (early region=~1 year, mid region=2-6 years, late region=6-

9 years), and the presence-absence rather than abundance data, may make detecting a subtle 

response unlikely. Monitoring how raven populations in the disease-free region respond to the 

impending arrival of DFTD would help resolve this.  

c) Ecological implications of scavenging by mesopredators

Multiple lines of evidence suggest that feral cat populations have increased in Tasmania following 

devil declines [27, 58], and the increased carrion use that we report is one potential mechanism. 

Similarly, higher red fox (Vulpes vulpes) abundance was found in a region of Spain without vultures, 

where carcasses persisted longer, suggesting a scavenging-mediated mesopredator release, 

although this mechanism was not confirmed [46]. Cats are generally thought to prefer feeding on 

live prey, but may resort to scavenging during lean periods [59, 60]. If scavenging is important for 

cats during periods of prey scarcity, increased scavenging may stabilise populations by preventing 

crashes, which in turn may impede the recovery of prey and competitors of cats. In recent years, 

some Tasmanian small mammals, such as the smaller eastern quoll (Dasyurus viverrinus), have 

become increasingly rare; cats may have contributed to this decline [27], and high-density cat 

populations may be preventing recovery via a ‘predator pit’ [61]. 

Despite the increase in scavenging by spotted-tailed quolls that we demonstrate and that others 

have inferred [31], no study has yet demonstrated a population-level release of quolls. This 

potentially reflects a complex trophic relationship between cats and quolls. High dietary overlap, 

similar space use and similar body size of quolls and cats implies strong interspecific competition 

[62]. Increased cat populations [27, 58] may be preventing the competitive release of quolls from 

translating to a population increase. Cats are able to breed twice a year, compared to once for 

quolls, potentially allowing cats to increase more rapidly and outcompete quolls [58]. The lower 

fecundity of quolls may also result in a slower population increase, such that observable differences 

may not have occurred by the time of the previous studies. It is unclear how increased scavenging by 

quolls will affect prey species. Either, quolls may rely more on scavenged food, alleviating pressure 

on prey, or alternatively increased scavenging may eventually increase quoll densities, causing 

predation pressure to increase. 
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Seasonality has well-documented effects on carrion cycling [46, 63], with more rapid carcass 

decomposition by microbes and invertebrates during warmer periods. Our results would likely differ 

during warmer months when competition between vertebrates and invertebrates/decomposers is 

higher. Our study was conducted in reserves to limit anthropogenic influence, and results would 

likely differ in more agricultural or urban landscapes. We were unable to investigate scavenging by 

black rats because cameras were unreliable in detecting their movements. Scavenging by invasive 

rodents could contribute to increased abundance of invasive rodents, with cascading predatory 

impacts on smaller biodiversity [64]. Invasive rodents are more abundant in north-east Tasmania 

[58], where devils have been suppressed the longest, and carrion-mediated release is one potential 

mechanism that warrants future investigation. 

Despite the staggering global declines of some specialised scavengers and large carnivores, little 

research has investigated the cascading effects of scavenging on food webs. To our knowledge, we 

report the most detailed evidence to date that declines of specialised scavengers can have cascading 

effects on carrion acquisition by mesopredators, representing a little-studied mechanism for 

mesopredator release. Devils limit carrion acquisition by cats, a previously unexplored mechanism 

for mesopredator release in cats. This potentially represents a mechanism by which devils could 

suppress cat populations and indirectly protect small native vertebrate species, one of Australia’s 

most pressing conservation issues [28]. Increased carcass persistence increases the risk of carcass 

colonisation by disease-causing bacteria, which may increase the risk of infection in wildlife and 

livestock. Some questions remain unanswered, such as whether carrion consumption by 

mesopredators has cascading effects on prey species, and the implications of top carnivore declines 

on invertebrate scavengers, decomposition cycles, and the spread of disease. In the context of a 

global trend of generalists replacing specialists [49], our study further emphasises the importance of 

managing specialised species that serve key ecological functions.  
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Fig. S1: Map of study sites and example of one camera array used to measure devil activity and 
conduct a scavenging experiment. We spaced RECONYX PC-800 passive infrared motion-detector 
cameras ~1 km apart and attempted to approximate a two-dimensional grid. Each camera was 
fastened to a tree ca. 1 m above the ground at least 40 m from the road. For the survey of devil 
activity, we suspended an olfactory and visual lure from a tree 2-3 m in front of the camera. The lure 
consisted of a perforated PVC canister containing dried beef liver, tuna oil, peanut butter, rolled oats 
and sardines, with a CD suspended below.  

For the scavenging experiment, eight carcasses at each site were deployed randomly at the camera 
locations used to survey devil activity, excluding locations that were inaccessible in winter. Carcasses 
were obtained from shooters with crop protection permits, frozen, and then freshly thawed prior to 
deployment. Two steel stakes through the rib cage and abdomen secured each carcass to the ground. 
A RECONYX PC-800 passive infrared motion-detector camera was fastened to a tree ~3 m from each 
carcass and programmed to take three rapid-fire photos per trigger, with a one second break 
separating subsequent triggers. 

Coordinates of study sites: Arthur River South -41.0704, 144.6900; Arthur River North -41.0012, 
144.6474; Bond Tier Forest Reserve -40.9229, 144.8287; Corinna -41.6335, 145.0980; Savage River 
Regional Reserve -41.4729, 145.4343; Rocky Cape National Park -40.8931, 145.5136; Dial Range -
41.1831, 146.0496; Reedy Marsh Forest Reserve -41.3918, 146.7274; Mt Victoria Forest Reserve -
41.3449, 147.8448; Blue Tier Forest Reserve -41.2228, 148.0067; Mt William National Park -40.8815, 
148.2106; Waterhouse Conservation Area -40.8514, 147.6462) 
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Fig. S2. Justification for hypothesised causal network in the piecewise structural equation model. Red 
arrows represent hypothesised negative relationship; black arrows represent hypothesised positive 
relationship; curved double headed arrows represent correlated errors.  

We constructed our a priori SEM based on theoretical knowledge of the relationships between the 

species and processes involved in the network. We populated the SEM with data from a remote 

camera survey of devil activity and with foraging data from experimentally placed carcasses. Below is 

a theoretical explanation and justification of each path in the network: 

A) DFTD has been shown to cause rapid population declines, on average 77% and up to 95%

(Hawkins et al. 2006; McCallum et al. 2007; Hollings et al. 2014; Lazenby et al. 2018).

B) Time since DFTD onset represents the length of time that mesopredators have had to

respond demographically to the decline of the devil, or represents behavioural changes that

are time-sensitive.

C) We expected a positive relationship between devil activity and the overall duration that

devils fed for because devils in densely populated areas are likely to locate more carcasses.

D) This relates to the size of the devil population, as distinct from the direct effects of

consumption by devils, and can be thought of as the effect of the ‘landscape of fear’ that

corresponds to the risk of encountering a devil.
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E) Direct effects of devil foraging duration, as a proxy for the amount of the carcass that is

consumed by devils. Devils are highly adapted scavengers that are competitively and

ecologically dominant in the Tasmanian carnivore community (Jones ME 1995; Jones &

Barmuta 1998, 2000; Jones 2003), and we expected them to have a negative effect on

carcass consumption by all other species.

F) Carcass weight was included as a covariate to account for its effects on foraging duration

(but was not displayed in the final SEM for visual clarity). Total foraging time is likely to be

longer at larger carcasses because there is more tissue available for consumption. We were

not theoretically interested in this variable, but it was necessary to account for its effects.

G) Habitat type is likely to affect population sizes and resources available to a species, as well as

carcass detectability, and therefore could affect the carcass consumption by a species.

H) We included a correlation between the carcass consumption of ravens, quolls and cats. We

considered that there could be a relationship here that is caused by a shared underlying

factor that is not captured in the SEM, and we were additionally unsure of the directionality

of the relationship i.e. what the causal relationship is between the species. This correlation

has no bearing on model estimates (see (Lefcheck & Duffy 2015) for similar treatment of

correlation between variables). We’ve treated these variables in the same way that the R

package ‘piecewiseSEM’ treats variables assigned as correlated errors: first, omitting these

paths from the ‘basis set’ (used to calculate overall model fit), and then calculating a simple

test of significance on the bivariate correlations (Lefcheck 2016).

I) Initial data exploration revealed a small but statistically significant correlation between the

variables for ‘devil activity’ and ‘caracass weight’. There is clearly no theoretical link between

these variables, however, we included a correlation to account for the shared external driver

that is not captured by our SEM. The correlation most likely arose because we received and

deployed carcasses in batches that consisted of carcasses of slightly different average sizes.

This correlation has no effect on other model estimates.
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Fig. S3: Map of bird survey sites. We extracted bird survey data from 1998-2017 for northern 
Tasmania from the BirdLife Australia database. We used the standardized 2-ha 20 min surveys, and 
removed sites within 2-km of towns, resulting in 1932 surveys. Survey sites were separated into four 
regions that represent different disease outbreak times (Hollings et al. 2014): early outbreak = 1996-
1999 (blue squares); mid-term = 2000-2003 (yellow triangles); late-term = 2004-2007 (black stars); 
disease-free (orange circles). Grid lines represent the cells that were included as a random factor in 
the generalized linear mixed-effects models to account for spatial autocorrelation between survey 
sites. 
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Table S1. Description of the response and predictor variables used in the structural equation model 
investigating carcass consumption. 

Variable Description 

Devil activity Number of devil detections per 100 camera nights collected from a 
general-purpose camera trap survey prior to the carcass experiment. 

Devil foraging duration The total duration in minutes that a Tasmanian devil fed at a carcass. 

- Stage 1 of hurdle model: binary variable (0-1) for whether a devil
fed at a carcass

- Stage 2 of hurdle model: continuous variable of foraging
duration, consisting only of the non-zero data

Quoll foraging 
duration 

The total duration in minutes that a spotted-tailed quoll fed at a carcass. 

- Stage 1 of hurdle model: binary variable (0-1) for whether a quoll
fed at a carcass

- Stage 2 of hurdle model: continuous variable of foraging
duration, consisting only of the non-zero data

Raven foraging 
duration 

The total duration in minutes that a forest raven fed at a carcass. 

- Stage 1 of hurdle model: binary variable (0-1) for whether a
raven fed at a carcass

- Stage 2 of hurdle model: continuous variable of foraging
duration, consisting only of the non-zero data

Cat foraging duration A binary variable of whether a cat fed at a carcass 

Years diseased A numerical variable for the number of years since the estimated year of 
DFTD onset, based on Hollings et al. (2014). 

Habitat type A categorical variable consisting of two broad habitat types: wet Eucalypt 
/ rainforest (‘wet’) and dry Eucalypt / coastal scrub (‘dry’) 

Initial carcass weight Initial carcass weight in kg, centred for analysis 
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Table S2. Overview of model structures that comprise the piecewise structural equation model. We used ordinary 
least squares regression (OLS) to investigate devil activity because the data from the general-purpose mammal 
survey had no nested structure and therefore did not require a random effect. We used generalized linear mixed-
effects models (GLMM) to investigate carcass use by each species to accommodate a random effect. 

Model including fixed effects Model type Random 
effect 

Error distribution 

Devil activity ~ years since DFTD + habitat OLS - - 

Devil carrion ~ devil activity + habitat + carcass weight  GLMM; hurdle Site 1. Binomial. 2. Gamma 

Raven carrion ~ devil activity + devil carrion + habitat + carcass weight + years since DFTD GLMM; hurdle Site 1. Binomial. 2. Gamma 

S.T. Quoll carrion ~ devil activity + devil carrion + habitat + carcass weight + years since DFTD GLMM; hurdle Site 1. Binomial. 2. Gamma 

Cat carrion ~ devil activity + devil carrion + habitat GLMM Site Binomial 
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Table S3: Predictor variables used to model forest raven detections. These variables were used in 
generalized linear mixed-effects models predicting the presence-absence of forest ravens in 
standardized bird surveys. All continuous variables were scaled by subtracting the mean and dividing 
by the standard deviation to help with model convergence. 

Predictor  Description 

Years 
diseased 

The duration in years that a site had been diseased for at the time of a survey, with 
surveys conducted prior to disease onset given a value of zero. Estimated year of DFTD 
onset was based on a previous study (Hollings et al. 2014). We excluded a band of sites 
near the disease front because there was no reliable data available to accurately 
estimate the year of disease outbreak. Before inclusion in the global model, we 
investigated lag-times from zero to five years. To do this, we ran GLMMs (raven 
presence/absence predicted by years diseased with 0-5 years lag) and compared 
models using AICc to see which lag-time was a better predictor of raven detections. 
Zero years lag had the lowest AICc, so this was included in subsequent models. 

Survey year Year that the survey was conducted in.  
DFTD 
region 

We categorised four disease regions based on the disease regions used in a previous 
study(Hollings et al. 2014):  

- Early outbreak: DFTD outbreak 1996-1999 
- Mid-term: DFTD outbreak 2000-2003 
- Late-term: DFTD outbreak 2004-2007  
- Disease-free  

We also included a ‘survey year’ by ‘DFTD region’ interaction to investigate whether 
temporal effects depended on DFTD region.  

Average 
rainfall 

We obtained gridded estimates of mean rainfall from the Australian Bureau of 
Meteorology.  

Percent 
agriculture  

Using the TASVEG 3.0 shapefile in ArcGIS, we rasterized the ‘Agricultural land’ category 
at a 50 m resolution. We then used the ‘focal statistics’ tool to calculate the percentage 
of agricultural cells within a 5 km search radius and extracted this percentage value for 
each survey location.  

Percent dry 
Eucalypt  

Using the same approach as ‘percent agriculture’, instead using the category ‘dry 
Eucalypt forest and woodland’ within a 2 km search radius.  

Percent 
wet forest / 
rainforest 

Using the same approach as ‘percent agriculture’, instead using categories ‘wet 
Eucalypt forest and woodland’ and ‘rainforest and related scrub’. This variable was 
moderately correlated with average rainfall (r = 0.66), so we excluded it from inclusion 
in the model.  

Public road 
density  

Using the ‘road centrelines’ shapefile (LISTmap), we used the ‘line density’ tool in 
ArcGIS with a 2 km search radius to create a raster of the density of ‘public’ roads. We 
extracted public road densities for each survey location. We hypothesised that road 
density may influence ravens through the regular provisioning of roadkill subsidies. 

Elevation Elevation was extracted from a state-wide digital elevation model in ArcGIS.  
Cell Each survey was assigned to the 0.3 x 0.3 degree grid cell that it was located within (see 

Supplementary Figure 2), and this was included as a random effect to account for 
spatial autocorrelation. 
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Table S4. Results of survival analysis investigating carcass persistence and discovery. The sets of Cox 
proportional hazards models within 2 ΔAICc of the top model for the number of days that 
experimentally placed carcasses persist in the environment, and the number of hours until carcass 
discovery, across a gradient of devil population declines. The table shows the model rank based on 
change in AICc (ΔAICc), model weights (wi) and model coefficient estimates ± s.e. for each predictor 
variable. The relative importance of variables was calculated by summing the weights of all 
candidate models containing the variable. Not all models are shown. 

Model 
rank ΔAICc wi df Years diseased Habitat Devil activity Carcass weight 

  Carcass persistence 

1 0.00 0.283 3 -0.0593 ± 0.0171 -0.357 ± 0.266 (W) 

2 0.80 0.190 4 -0.0609 ± 0.0184 

3 1.73 0.115 4 -0.0570 ± 0.0226 -0.382 ± 0.314 (W) 0.0044 ± 0.03 

4 1.79 0.119 4 -0.0680 ± 0.0226 -0.015 ± 0.0279 

11 (null) 7.75 0.006 7 

Relative importance of variables 0.96  0.57 0.34 0.26 

  Carcass discovery 

  All vertebrates 

1 0.00 0.281 2 -1.0099 ± 0.245 (W) 0.1096 ± 0.077 

2 0.36 0.234 1 -0.9112 ± 0.238 (W) 

3 1.87 0.110 3 -0.9831 ± 0.25 (W) -0.0096 ± 0.019 0.1199 ± 0.08 

4 1.98 0.104 3 0.0048 ± 0.013 -1.0187 ± 0.246 (W) 0.1068 ± 0.078 

5 2.00 0.103 2 0.0067 ± 0.013 -0.9285 ± 0.24 (W) 

10 (null) 12.56 0.001 6 

Relative importance of variables 0.29 1.00 0.28 0.53 

 Tasmanian devil 

1 0.00 0.373 5 -0.9336 ± 0.317 (W) 0.06342 ± 0.025   

2 1.47 0.179 5 0.0031 ± 0.022 -0.9473 ± 0.332 (W) 0.0663 ± 0.032 

8 (null) 5.49 0.024 7 

Relative importance of variables 0.37 0.88 0.79 0.25 

 Forest raven 

1 0.00 0.266 4 -1.5341 ± 0.41 (W) -0.0733 ± 0.038

2 0.51 0.206 4 -1.6127 ± 0.41 (W) -0.0824 ± 0.038 0.1423 ± 0.118 

3 0.99 0.162 4 0.0183 ± 0.026 -1.6105 ± 0.42 (W) -0.0568 ± 0.043 

4 1.28 0.140 3 0.0366 ± 0.022 -1.795 ± 0.399 (W) 

14 (null) 12.09 0.001 8 

Relative importance of variables 0.44 0.99 0.73 0.37 
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 Spotted-tailed quoll 

1 0.00 0.173 6 -0.1264 ± 0.061 

2 0.35 0.145 7 -0.5587 ± 0.647 (W) -0.113 ± 0.06 

3 0.54 0.132 7 -0.0307 ± 0.046 -0.152 ± 0.071 

4 1.18 0.096 7 -0.0205 ± 0.047 -0.4723 ± 0.674 (W) -0.132 ± 0.074 

6 (null) 2.19 0.058 8 

Relative importance of variables 0.42 0.46 0.72 0.24 

Table S5. Species observed feeding on experimentally-placed Tasmanian pademelon (Thylogale 
billardierii) carcasses. 

Common name Scientific name 
Number of carcasses 
observed feeding at 

Black rat Rattus rattus 12 

Brown falcon Falco berigora 1 

Brown goshawk Accipiter fasciatus 3 

Grey butcherbird Cracticus torquatus 1 

Common brushtail possum Trichosurus vulpecula 5 

Dog Canis lupus familiaris 2 

Eastern quoll Dasyurus viverrinus 2 

Feral cat Felis catus 12 

Forest raven Corvus tasmanicus 45 

Spotted-tailed quoll Dasyurus maculatus 32 

Swamp harrier Circus approximans 2 

Tasmanian devil Sarcophilus harrisii 76 

Wedge-tailed eagle Aquila audax 2 
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Table S6. Raw results of the regressions that comprise the piecewise structural equation model. 
Bivariate correlations from variables relate to variables that we included as having ‘correlated errors’ 
(see description for pathways (H) and (I) in Supplementary Figure 1). Bold values indicate statistically 
significant pathways at alpha = 0.05.  

Response variable Model type Predictor variable Estimate SE p-value

Devil activity Linear regression Intercept 9.171 2.540 0.00565** 

DFTD -0.411 0.171 0.03933* 

Habitat (W) 3.947 2.863 0.20128 

Devil carcass 1. Hurdle GLMM: binomial  Intercept 0.605 0.590 0.30517 

Devil activity 0.338 0.105 0.0012** 

Habitat (W) -1.220 0.694 0.0789 

Carcass weight 0.043 0.276 0.8775 

2. Hurdle GLMM: gamma Intercept 4.474 0.177 < 2e-16*** 

Devil activity 0.0408 0.019 0.0295* 

Habitat (W) -0.084 0.223 0.7057 

Carcass weight 0.303 0.052 5.1e-09*** 

Raven carcass 1. Hurdle GLMM: binomial Intercept 2.998 1.068 0.005004** 

Devil carcass -0.016 0.005 0.000491*** 

Devil activity -0.083 0.074 0.262305 

Habitat (W) -1.841 0.655 0.004936** 

Carcass weight 0.660 0.327 0.043883* 

Years diseased 0.027 0.046 0.560189 

2. Hurdle GLMM: gamma Intercept 5.724 0.428 < 2e-16*** 

Devil carcass -0.006 0.002 0.00157** 

Devil activity 0.011 0.042 0.79604 

Habitat (W) -0.009 0.401 0.98266 

Carcass weight 0.107 0.120 0.37174 

Years diseased 0.031 0.024 0.20208 

Quoll carcass 1. Hurdle GLMM: binomial Intercept 0.731 0.972 0.4525 

Devil carcass -0.010 0.004 0.0135* 

Devil activity -0.113 0.086 0.1917 

Habitat (W) 0.514 0.712 0.4699 

Carcass weight 0.207 0.240 0.3892 

Years diseased 0.015 0.050 0.7643 

2. Hurdle GLMM: gamma Intercept 4.224 0.910  3.42e-06*** 
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Devil carcass -0.005 0.003 0.0999 

Devil activity -0.021 0.075 0.7835 

Habitat (W) -0.193 0.570 0.7354 

Carcass weight 0.277 0.170 0.1037 

Years diseased 0.106 0.044 0.0163* 

Cat carcass GLMM: binomial Intercept -1.752 0.598 0.00341** 

Devil carcass 0.002 0.003 0.59093 

Devil activity -0.172 0.087 0.04708* 

Habitat (W) 1.364 0.704 0.05285 

Bivariate correlations (analogous to ‘correlated 
errors’) 

Pearson’s r P 

Quoll, raven 0.07 0.51 

Quoll, cat 0.10 0.34 

Cat, raven -0.09 0.39 

Devil activity, 
carcass weight 

0.29 0.006** 
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Table S7: Model selection table and coefficient values for the analysis of population trends in forest 
ravens from 1998 to 2017. The sets of generalized linear mixed-effects models predicting the odds of 
detecting a raven through time and across a gradient of devil population declines. The best model 
estimated a 2.2-fold increase in the odds of detecting a forest raven from 1998-2017. Table shows 
the model rank based on change in AICc (ΔAICc), model weights (wi) and model coefficient estimates 
for each predictor variable. Standard error is shown italicized for parameter estimates for the highest 
ranked model. The coefficients for DFTD region are contrasted with the early disease region; 
D=disease-free, L=late-term diseased, M=mid-term diseased. 

Environmental covariates held constant Variables of primary interest 

(Int) %ag %dry elev 
avg 
rain 

road 
density 

DFTD 
region 

survey 
year 

years 
diseased 

DFTD 
region * 
survey 
year df ΔAICc wi 

1 -0.43 0.39 0.26 0.25 -0.49 0.18 

D 1.56;  
L 0.69;    
M 0.35 0.23 11 0.00 0.79 

s.e. ± 0.2 ± 0.1 
± 

0.07 
± 

0.25 
± 

0.13 ± 0.07 

D ± 0.38; 
L ± 0.32; 
M ±  0.31 ± 0.06 

2 -0.57 0.40 0.27 0.25 -0.50 0.19 + 0.20 11 4.30 0.09 

3 -0.41 0.38 0.26 0.24 -0.48 0.18 + 0.27 + 14 5.17 0.06 

4 -0.41 0.38 0.26 0.24 -0.48 0.18 + + 14 5.17 0.06 

5 -0.52 0.36 0.26 0.23 -0.51 0.22 + 10 13.24 0.00 

env 0.09 0.40 0.23 0.12 -0.27 0.17 7 24.70 0.00 

null -0.12 2 68.15 0.00 
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Global declines of large carnivores have reduced the ‘landscape of fear’ that constrains 
the behaviour of other species. In recent years, active and passive trophic rewilding 
have potentially begun restoring these lost top–down controls. The Tasmanian devil 
Sarcophilus harrisii has declined severely due to a novel transmissible cancer. In 
response to extinction fears, devils were introduced to the devil-free Maria Island, 
where their abundance rapidly increased. We tested how this introduction influenced 
risk-sensitive foraging in the common brushtail possum Trichosurus vulpecula, a major 
prey species for devils, using giving-up densities (GUDs). Before the introduction of 
devils, possum GUDs on Maria Island were indistinguishable from the long-diseased 
region of Tasmania, where devils have been rare since ~2000. Three years after devil 
introduction, GUDs were 64% higher on Maria Island than the control region, 
demonstrating that after an initial period of high mortality, possums quickly adopted 
risk-sensitive foraging behaviours. Devil activity across Maria Island was variable, 
leading to a heterogeneous landscape of fear and highlighting that top predators must 
be at functional densities to elicit behavioural responses from prey. Our study provides 
strong evidence that top predators modify the behaviour of prey by instilling fear, 
causing rapid ecological change following recoveries.

Key words: apex predator, giving-up densities, landscape of fear, predator–prey, 
trophic cascade, trophic rewilding

Introduction

Large carnivores have declined severely across much of the earth (Ripple et al. 2014), 
leading to weakened landscapes of fear (Ritchie and Johnson 2009). Fear alone is 
capable of structuring communities. For example, racoons Procyon lotor exposed to 
large-carnivore vocalisations reduced their foraging, which led to an increase in their 
prey, and a decrease in the prey of racoons’ prey (Suraci et al. 2016). Trophic rewild-
ing has gained recent popularity and aims to restore natural top–down processes to 
promote self-regulating, biodiverse ecosystems (Svenning et al. 2016, Derham et al. 
2018). Passive rewilding has occurred too, as top predators have begun recovering 
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across parts of Europe (Chapron et al. 2014), North America 
(Gompper et al. 2015) and Asia (Athreya et al. 2013), and 
this has brought hope that predators may once again exert 
top–down control on ecosystems (Svenning  et  al. 2016). 
Although rewilding is now popular, empirical research on 
its effects are rare, with the literature dominated by opinion 
pieces and essays (Svenning et al. 2016).

Tasmania’s top predator, the Tasmanian devil Sarcophilus 
harrisii, has suffered severe population declines over a ~25-
year period following the emergence of a transmissible cancer, 
devil facial tumour disease (DFTD). DFTD has spread across 
~80% of the devil’s range (Fig. 1), causing average population 
declines of 80% (Lazenby et al. 2018) and up to 95% in some 
long-diseased areas (Hollings et al. 2014). Where devils have 
declined severely, the common brushtail possum Trichosurus 
vulpecula, a key prey species of devils, now shows relaxed 
risk-sensitive foraging behaviour, as measured by a giving-up 
density (GUD) experiment (Hollings et al. 2015). In GUD 
experiments, animals are offered artificial food patches in areas 
with varying predation risk, and the amount of food remain-
ing when the forager ‘gives-up’ foraging is used to measure 
the perceived risk of predation (Brown 1988, Bedoya-
Perez  et  al. 2013). GUDs of possums declined so strongly 
in the long-diseased region that they were indistinguishable 
from possum GUDs on Maria Island, a devil-free island. 
The indistinguishable GUDs in the two regions suggest that 
possums no longer perceive devils as a predation threat in 
long-diseased habitat (Hollings et al. 2015).

In response to modelling that suggested devils could go 
extinct in the wild (McCallum et  al. 2009) and the listing 
of the species as endangered (Hawkins et al. 2008), a free-
ranging ‘insurance population’ of devils was introduced to 

Maria Island in 2012 (Thalmann  et  al. 2016), a 116 km2 
National Park off Tasmania’s east coast. The devil popula-
tion rapidly grew (Fig. 1) to about 90 individuals by 2016 
(DPIPWE 2018), nearing the estimated carrying capacity of 
the island. Although possums were first introduced to Maria 
Island in the 1950s, and other species have also been intro-
duced (Rounsevell 1989), Maria Island contains a mammal 
community that is broadly representative of the mainland of 
Tasmania. The introduction of devils provides an ideal natu-
ral experiment to test the effects of introducing a top predator 
into a system with a prey species that has been isolated from 
its major predator, the devil, for 40–60 years. Here, using a 
multiple before–after control-impact (mBACI) GUD experi-
ment, we test whether the introduction of devils to Maria 
Island has increased risk-sensitive foraging behaviours in 
possums.

Material and methods

Giving-up density experiment

GUDs – the density of food remaining in a patch when an 
individual ‘gives-up’ foraging – are a powerful experimen-
tal approach used to study perceived predation risk (Brown 
1988, Bedoya-Perez et al. 2013). In a single measure, GUDs 
quantify the decisions made by a forager when it trades off 
between the benefits of obtaining food and the risk of being 
killed (Brown and Kotler 2004). As food becomes increas-
ingly difficult to locate, an optimal forager should give-up 
foraging at a GUD that balances the metabolic, predation 
and opportunity cost of foraging (Brown 1988).

Figure 1. (a) Map showing the spread of DFTD across Tasmania, Australia. Dashed lines represent the estimated disease front. Study site 
locations for the long-term DFTD region are shown in orange and Maria Island in blue. (b) Devil densities declined and stabilised at low 
density in north-east Tasmania following DFTD onset in 1996, while they rapidly increased on Maria Island following introduction in 
2012. The GUD experiment was conducted when devils were absent from Maria Island and again when devils were at high density (dashed 
vertical lines). Devil densities were stable in the long-term diseased region over this period. Density estimates for wukalina are from 
(Lazenby et al. 2018). Maria Island density estimates are based on island-wide abundance estimates from regular trapping by the Save the 
Tasmanian Devil Program (DPIPWE 2018), divided by the area of Maria Island.
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We conducted a GUD experiment at six study sites in 
Tasmania’s long-diseased north-east and six study sites on 
Maria Island (Fig. 1). We performed the experiment in 
2011–2012 (‘before’), when devils were absent on Maria 
Island and were at very low densities in the long-diseased 
region (Hollings  et  al. 2015). We repeated the experi-
ment in 2016 (‘after’), when devils were at high density 
on Maria Island but remained at stable low densities in the  
long-diseased region.

At each site, we deployed 10 food stations, each consist-
ing of one ‘safe’ artificial food patch at the base of a potential 
escape tree, and one ‘risky’ patch 5–12 m from the near-
est escape tree (defined as a tree with a diameter at breast 
height > 10 cm). Across the 12 study sites and two sur-
vey periods, this totalled 480 food patches. We positioned 
food stations at least 100 m apart alongside an unsealed, 
rarely used road, > 30 m into the forest. Each food patch 
consisted of a 4 litre round plastic container partially filled 
with a substrate of 2.5 litre of medium-sized, smooth river 
pebbles. We evenly mixed 100 sultanas into the substrate of 
each patch and fitted containers with a lid that had a 10 cm 
diameter hole in the centre–top. This allowed a possum to 
put either a head or paw into the container but not both, 
preventing possums from rapidly depleting the food sup-
ply. We selected sultanas because they are highly attractive 
to possums (Pickett et al. 2005), and maintain their struc-
tural integrity when wet, ensuring the remaining sultanas 
are easily countable. Food patches were deployed for four 
consecutive nights and checked each morning for evidence 
of animal visitation. If an animal had visited the patch, we 
counted all remaining sultanas and replenished the patch 
with 100 sultanas.

During the ‘before’ period, we identified the foraging 
species using hair samples collected with double-sided tape 
around the rim of the food tray. A sample from each ‘clump’ 
of hair was identified to species level based on features of the 
hair medulla and cross-sectional shape (Triggs and Brunner 
2002). Tape was replaced daily if there was evidence of visita-
tion. To verify the accuracy of the hair identification, we used 
camera traps to record animal activity at 2–4 food patches 
per site. We assessed whether the species identified using the 
hair sample was the same as the species recorded on camera. 
This revealed that identification of possum hair is generally 
very accurate because possum fur is distinctive (Triggs and 
Brunner 2002, Hollings et al. 2015), and they typically leave 
many hairs after feeding at the food tray.

During the ‘after’ period, we used camera traps (Reconyx 
PC-800 infrared) at each patch to identify the foraging 
species. Cameras were positioned on a nearby tree or garden 
stake ~2–3 m from the food patch and programmed to take 
five pictures per trigger, with a one second quiet period 
between subsequent triggers. The use of cameras additionally 
enabled us to record the number of devil detections at each 
patch during the ‘after’ period.

Non-target species visited some food stations; however, 
foraging by non-target species was limited by the design of 

the containers and weight of the substrate. Analysis during 
the ‘before’ period indicated that non-target species rarely 
took more than 15% of the food and never more than 25% 
(Hollings et al. 2015). Foraging by non-target species included 
Tasmanian pademelon Thylogale billardierri, Bennett’s wal-
laby Macropus rufogriseus, southern brown bandicoot Isoodon 
obesulus, long-nosed potoroo Potorous tridactylus and Rattus 
spp. The considerable weight of the pebble substrate and 
small space within the container ensured minimal forag-
ing by small mammals. The small hole in the lid requires 
considerable dexterity to search through the substrate for sul-
tanas, which limited foraging by wallabies, as observed from 
camera footage and assessed during an initial pilot study 
on food patch design (Hollings  et  al. 2015). We discarded 
foraging data when there was no evidence of possum forag-
ing, where a definitive species identification could not be 
made, or where there was evidence of substantial foraging by 
non-target species.

We ensured that all study sites were environmentally 
comparable, with similar average annual rainfall (Maria 
Island = ~730 mm, long-diseased = ~750–1100 mm) and 
elevation (< 200 m a.s.l.). Sites were in dry eucalypt for-
est or coastal woodland/scrub, and all sites were in reserves, 
which ensured minimal impact of culling on possum abun-
dance and behaviour. Rainfall differed substantially between 
the ‘before’ and ‘after’ periods, which could affect an indi-
vidual’s energetic state and therefore GUD (Brown 1992, 
Bedoya-Perez  et  al. 2013). Rainfall was near the long-term 
mean in the year preceding the ‘before’ trials (MI = 109%; 
north-east = 99%) but was substantially below average for 
two years preceding the ‘after’ trials (MI = 60% and 70%;  
north-east = 72% and 74%).

Statistical analysis

To assess changes in the risk-sensitive foraging behaviour of 
possums in relation to changing devil densities, we performed 
two separate analyses using linear mixed-effects models 
(LMM; lmer from the ‘lme4’ library in R ver. 3.5.1). Because 
of the nested structure of the experiment, we included a ran-
dom effect of nights nested within stations (pairs of food 
patches) nested within study site.

First, we analysed changes in possum GUD using the 
mBACI framework to assess whether the GUD of possums 
changed following devil introduction to Maria Island, rela-
tive to the long-diseased region as a control. We investigated 
this effect by testing for an interaction between ‘region’ 
(Maria Island or long-diseased) and ‘period’ (‘before’ or ‘after’ 
devil introduction). The most complex model included a 
three-way interaction between ‘region’, ‘period’ and ‘position’ 
(risky or safe patch) with main effects.

Second, we investigated whether variation in devil activity 
across Maria Island and the long-diseased region during the 
‘after’ period created a heterogeneous landscape of fear. To 
do this, we modelled possum GUD as a function of total 
devil detections on camera at a site during the four nights of 
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the experiment. Because a devil could easily travel the length 
of the transect in minutes, we pooled devil detections at the 
level of each study site using a 30-min quiet period between 
the next devil detection, reducing the possibility of double 
counting a devil at a nearby patch. We hypothesised that the 
amount of devil activity in an area would influence the likeli-
hood of a possum encountering a devil, and in turn influ-
ence possum anti-predator behaviour. We did not attempt 
to estimate devil density because the 1-km transects are 
much smaller than the size of a devil’s home range (~22 km2) 
(Comte 2019). We analysed the effect of devil activity on 
possum GUDs for the ‘after’ period only because we used 
camera traps to observe all patches in this survey period only. 
The most complex model consisted of an interaction between 
‘devil activity’ (devil detections per site) and ‘position’ (risky 
or safe) with main effects.

In both analyses, we ran all simpler combinations of 
explanatory variables, and selected the best models using an 
information theoretic approach based on small-sample cor-
rected Akaike information criterion (AICc) (Burnham et al. 
2011). Some models showed strong signs of containing 
a ‘pretending variable’ (sensu Anderson 2007), otherwise 
known as an uninformative parameter (Leroux 2019). These 
variables can be identified when the addition of a variable to 
a simpler nested model does not improve model fit (i.e. the 
log-likelihood) and increases the AIC value by approximately 
the penalty of two (Anderson 2007, Leroux 2019). In such 
cases, we excluded models containing a pretending variable, 
as recommended by Anderson (2007) and Leroux (2019). 
For completeness, we present the model selection table con-
taining the pretending variables in Supplementary material 
Appendix 1 Table A1, A2.

Data deposition

Data available from the Dryad Digital Repository: < http://
dx.doi.org/10.5061/dryad.p1s7r7g > (Cunningham  et  al.
2019b).

Results

Possum GUDs were initially indistinguishable between Maria 
Island and the long-diseased region, but following the intro-
duction of devils to Maria Island, possum GUDs were 64% 
higher on Maria Island than the control region (Fig. 2a). The 
interaction between region and period was present in the top-
performing LMM, which carried 95% model weight, and the 
interaction term had a relative importance of 0.98 (Table 1), 
clearly demonstrating that the foraging behaviour of possums 
became more risk-sensitive on Maria Island following the 
introduction of devils, relative to the control site. The general 
downward trend in GUD may be explained by two years of 
drought preceding the ‘after’ trials (see Discussion).

For the second analysis describing the spatial variation 
in GUD during the ‘after’ period, the index of devil activ-
ity carried a variable importance of 0.92 and was present in 
the top-performing model, which carried a model weight of 
0.92 (Table 2), demonstrating that possum GUDs are posi-
tively associated with the local activity of devils (Fig. 2b). In 
both analyses, there was no evidence that possums foraged 
to a lower GUD at the food trays positioned at the base of 
an escape tree, compared to risky food trays (variable impor-
tance 0.04 in mBACI and 0.00 in ‘after’; Table 1, 2). GUDs 
at one study site on Maria Island appeared to deviate from the 

Figure 2. (a) Effects plot from the best-supported LMM investigating possum GUDs before and after the introduction of devils to Maria 
Island. The best-supported model contained an interaction between ‘period’ and ‘region’ (Table 1). The solid dots represent the model fit 
and the transparent dots show the raw data. This demonstrates that GUDs were indistinguishable between the two regions in the ‘before’ 
period (Hollings et al. 2015), however following the introduction of devils to Maria Island, GUDs were significantly higher on Maria Island 
than the control region. Error bars = SE. (b) Effects plot from the best-supported LME model investigating the effect of local devil activity 
on possum GUDs in the ‘after’ period. The line represents the model fit with SE, the transparent dots represent the raw data and the solid 
dots show the mean GUD for the 12 study sites.
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trend, with possum GUDs consistently lower than the model 
fit (Fig. 2b). This occurred at the study site closest (~200 m) 
to the small human settlement of Darlington; at this site, 
devil activity was about half of the maximum observed on 
Maria Island (Fig. 2b).

Discussion

The introduction of devils to Maria Island led to a clear 
increase in risk-sensitive foraging behaviour by possums, 
supporting the notion that rewilding can establish miss-
ing ecological functions. Devil activity on Maria Island 
was spatially variable, which seemingly led to a heteroge-
neous landscape of fear, as revealed by variation in GUD 
(Fig. 2b). Devils were less active at the transect closest to 
human settlement on Maria Island, and possums here had 
a GUD as low as the long-diseased region. Although based 
on one study site, this suggests that the ecological effects 
of devils might be mediated through human influence and 
highlights that it is not necessarily enough to simply have 
a predator in the landscape to elicit a response from prey, 
but that predators need to be at functional densities if they 
are to ‘retain their claws’ (Kuijper  et  al. 2016). Humans 
often have a suppressive influence on the density of large 
carnivores which can mediate the ecological effects of 
carnivores (Kuijper et al. 2016), and this needs to be con-
sidered when predicting the ecological effects of predator 
recoveries.

Isolation from predators can rapidly erode anti-predator 
behaviours, increasing an individual’s susceptibility to pre-
dation following carnivore recoveries (Berger  et  al. 2001, 
Blumstein and Daniel 2005, Carthey and Banks 2014, 
Jolly et al. 2018). Devils caused high initial mortality of naive 
possums on Maria Island; 23% of devil scat on Maria Island 
contained brushtail possum (Ingram 2018), compared to an 
average of 6.2% across mainland Tasmania (Andersen et al. 
2017). Although mortality was initially high, possums 
showed a clear anti-predator response after just three years 
of living with devils – less than a single generation (defined 
as the average age of parents; Pacifici et al. 2013a, b). Our 
findings support the rapidity of prey responses following 
carnivore recoveries elsewhere. In Europe and the USA, 
recolonising brown bears and wolves caused initially high 
mortality of predator–naive moose (Berger et al. 2001). Like 
our study, moose showed a rapid anti-predator behavioural 
response within a single generation (Berger et al. 2001). With 
the exception of rare species like those housed on Australia’s 
island refuges or in predator-free sanctuaries (Woinarski et al. 
2015), this capacity to rapidly re-learn anti-predator behav-
iours should negate fears of localised prey extinctions 
following predator recoveries.

Despite a general downward trend in GUD, the intro-
duction of devils to Maria Island prevented GUDs from 
decreasing to the levels of the long-diseased region, dem-
onstrating an increase in perceived predation risk following Ta
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devil introduction. We suggest the general downward 
trend could be driven by two years of drought preced-
ing the ‘after’ surveys, making food scarcer and therefore 
more valuable. In addition to predation pressure, energetic 
state influences an animal’s GUD (Brown 1992, Bedoya-
Perez  et  al. 2013). For example, starved foxes forage to 
lower GUDs that non-starved foxes (Berger-Tal  et  al. 
2009), probably because food is more beneficial to a low-
energy individual (Bedoya-Perez et al. 2013). Maria Island 
and the control region were both exposed to similarly 
low rainfall preceding the ‘after’ period, yet the control 
region saw a significantly larger drop in GUDs, and the 
two regions had significantly different slopes. This dem-
onstrates that although an external factor seemingly had 
a downward influence on GUD, possums on Maria Island 
showed an increase in risk-sensitive foraging following 
devil introduction, relative to the control.

Empirical research on trophic rewilding is still rare 
(Svenning  et  al. 2016), and our large-scale experiment 
provides evidence that trophic rewilding can establish 
or restore the landscape of fear. We demonstrate that 
top predators modify the behaviour of prey by instill-
ing fear, and that behavioural change can occur rapidly 
following top predator introductions, far more rapidly 
than demographic change. Other research shows that 
devils modify the behaviour of mesopredators and prey; 
for example, spotted-tailed quolls Dasyurus maculatus 
temporally partition activity to avoid devils at high den-
sity (Cunningham et al. 2019a), and feral cats Felis catus 
willingly feed on carcasses in areas where devils are rare, 
but less so in areas where devils are abundant, possibly 
a response to increased risk of encountering a devil at a 
carcass (Cunningham  et  al. 2018). The next important 
step is to quantify how these behavioural changes affect 
fitness, demography and the flow-on effects to vegeta-
tion. For example, in response to predator recoveries else-
where, other species modify the areas where they forage 
(Hernández and Laundré 2005), or the period of the day 
in which they use risky areas (Kohl  et  al. 2018), which 
can have cascading benefits for over-consumed vegetation 
(Ripple and Beschta 2007, Kuijper et al. 2013). Overall, 
our study provides empirical support that introducing a 
top predator can establish missing ecological controls, 
supporting the ecological case for trophic rewilding.
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Chapter 3: Supplementary Material 

Supplementary material 

Table A1: Model outputs from LMM analysis of the number of sultanas remaining in a food patch in the mBACI GUD experiment. The purpose of this table is 
to show the models that were omitted from model comparison because they contained “pretending variables”(Anderson 2007). When a pretending 
variable was identified, we excluded it from model comparison in the main text of the paper. Here, “pretending variables” are shown in bold and denoted 
with a ‘*’. The table shows the model rank based on change in AICc (ΔAICc) from the top model, model weights and model coefficient estimates (s.e.) for 
each predictor variable. We present models within 7 ΔAICc.  

Model 
rank 

Log 
Liklihood ΔAICc weight df Intercept 

Period 
(after) 

Region 
(north-east) 

Period * 
Region 

(after:NE) 
Position 
(risky) 

Period * 
Position 

(after:risky) 
Position * 

Region 

Period * 
Position * 

Region 

Omitted because 
contains 

“pretending 
variable” 

1 -3254.16 0.00 0.53 8 42.32 
(3.91) 

-3.92
(1.42) 

-10.67
(5.49) 

-6.81
(1.98) 

    

2 -3254.08 1.89 0.21 9 42.56 
(3.96) 

-3.92
(1.42) 

-10.66
(5.49) 

-6.81
(1.98) 

-0.49
(1.23)*

YES 

3 -3253.56 2.92 0.12 10 42.63 
(3.95) 

-3.03
(1.67) 

-10.66
(5.48) 

-6.83
(1.98) 

-0.70
(1.25)* 

-1.78* 
(1.77)

YES 

4 -3254.08 3.94 0.07 10 42.61 
(4.02) 

-3.92
(1.42) 

-10.74
(5.64) 

-6.81
(1.92) 

-0.58
(1.84)* 

 
0.15 

(2.48)* 
YES 

5 -3253.56 4.97 0.04 11 42.55 
(4.01) 

-3.01
(1.68) 

-10.52
(5.63) 

-6.83
(1.98) 

-0.55
(1.84)* 

-1.81* 
(1.80)

-0.28
(2.51)*

YES 

Null -3286.25 58.08 0.00 5 37.98 
(2.84) 
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Table S2: Model outputs from LMM analysis of the number of sultanas remaining in a food patch in the ‘after’ period. The purpose of this table is to show 
the models that were omitted from model comparison because they contained “pretending variables” (Anderson 2007). When a pretending variable was 
identified, we excluded it from model comparison and Table 2 in the main text of the paper. Here, “pretending variables” are shown in bold and denoted 
with a ‘*’. The table shows the model rank based on change in AICc (ΔAICc) from the top model, model weights and model coefficient estimates (s.e.) for 
each predictor variable. We present models within 7 ΔAICc. Models worse than the null are not shown. 

Model 
rank 

Log 
Liklihood ΔAICc weight df Intercept 

Devil detections 
per transect Position 

Devil detections * 
Position 

Omitted because contains 
“pretending variable” 

1 -1398.38 0.00 0.46 6 24.96 (3.65) 0.69 (0.22) 

2 -1397.67 0.68 0.33 7 25.84 (3.69) 0.69 (0.22) Risky: -2.07 (1.73)* YES 

3 -1397.45 2.34 0.14 8 26.48 (3.82) 0.64 (0.23) Risky: -3.43 (2.67)* 0.11 (0.17)* YES 

Null -1401.77 4.72 0.04 5 33.98 (3.30) 

Reference list 

Anderson, D.R. (2007). Model based inference in the life sciences: a primer on evidence. Springer Science & Business Media. 
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Top predators cause avoidance behaviours in competitors and prey, which can lead to 
niche partitioning and facilitate coexistence. We investigate changes in partitioning of 
the temporal niche in a mammalian community in response to both the rapid decline 
in abundance of a top predator and its rapid increase, produced by two concurrent 
natural experiments: 1) the severe decline of the Tasmanian devil due to a transmis-
sible cancer, and 2) the introduction of Tasmanian devils to an island, with subsequent 
population increase. We focus on devils, two mesopredators and three prey species, 
allowing us to examine niche partitioning in the context of intra- and inter-specific 
competition, and predator–prey interactions. The most consistent shift in temporal 
activity occurred in devils themselves, which were active earlier in the night at high 
densities, presumably because of heightened intraspecific competition. When devils 
were rare, their closest competitor, the spotted-tailed quoll, increased activity in the 
early part of the night, resulting in increased overlap with the devil’s temporal niche 
and suggesting release from interference competition. The invasive feral cat, another 
mesopredator, did not shift its temporal activity in response to either decreasing or 
increasing devil densities. Shifts in temporal activity of the major prey species of devils 
were stronger in response to rising than to falling devil densities. We infer that the 
costs associated with not avoiding predators when their density is rising (i.e. death) are 
higher than the costs of continuing to adopt avoidance behaviours as predator densi-
ties fall (i.e. loss of foraging opportunity), so rising predator densities may trigger more 
rapid shifts. The rapid changes in devil abundance provide a unique framework to test 
how the non-lethal effects of top predators affect community-wide partitioning of 
temporal niches, revealing that this top predator has an important but varied influence 
on the diel activity of other species.

Keywords: apex predator, ecology of fear, invasive species, mesopredator release, 
predator–prey, temporal partitioning of activity, trophic cascade
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Introduction

Top predators play important roles in structuring the behav-
iour of mesopredators and prey, sometimes leading to avoid-
ance behaviours (Lima 1998, Laundré  et  al. 2001). These 
avoidance behaviours reflect the need to balance the benefits 
of an activity against its attendant risks, including potentially 
lethal encounters with a predator (Lima and Dill 1990). One 
strategy to reduce interference competition with a dominant 
predator, or reduce the risk of predation, is to partition activ-
ity into times of the day when predators are less active (Lima 
and Dill 1990, Kronfeld-Schor and Dayan 2003, Kohl et al. 
2018). Prey species in South Africa, for example, are more 
diurnal when co-existing with nocturnal top predators (lion 
Panthera leo and spotted hyaena Crocuta crocuta), compared to 
a neighbouring area without these predators (Tambling et al. 
2015). Such niche partitioning can be a mechanism that 
facilitates coexistence (Carothers and Jaksić 1984).

Top predators have declined worldwide (Ripple  et  al. 
2014), leading to a widespread decline in predation risk and 
the fear it induces in prey, and sometimes triggering tro-
phic cascades and mesopredator release (Crooks and Soulé 
1999, Terborgh et al. 2001, Johnson et al. 2007, Ritchie and 
Johnson 2009, Suraci et al. 2016). After centuries of decline, 
however, some large carnivores are beginning to recover 
across parts of Europe (Chapron et al. 2014), North America 
(Gompper et al. 2015) and Asia (Athreya et al. 2013), bring-
ing hope that predators may once again exert control over the 
behaviour and abundance of other species.

We use two natural experiments that mirror the global 
trends of predator declines, as well as recent recoveries. The 
Tasmanian devil Sarcophilus harrisii (hereafter ‘devil’), a top 
predator, has declined severely following the emergence 
of a novel transmissible cancer, devil facial tumour disease 
(henceforth ‘disease’; Hawkins et al. 2006, McCallum et al. 
2007). The disease was first detected in north-east Tasmania, 
Australia, in 1996, and has since spread across ~80% of 
the devil’s range, causing average population declines of 
80%, and up to 95% in some areas (Hollings  et  al. 2014, 
Lazenby et al. 2018). In response to the threat of extinction 
(McCallum et al. 2009), a free-living, disease-free population 
of devils was introduced to Maria Island (Thalmann  et  al. 
2016), a 116 km2 National Park off the east coast of Tasmania 
that was not previously inhabited by devils. The popula-
tion rapidly increased to its estimated carrying capacity of 
~100 (DPIPWE 2018). These independent shifts in devil 

abundance allow us to test the behavioural effects of falling 
and rising abundance of a top predator in a single study.

In this paper, we test how changes in devil abundance 
affect community-level partitioning of the temporal niche, 
in the context of intra- and inter-specific competition and 
predator–prey interactions. Devils are the largest predator 
(6–14 kg) in Tasmania and are nocturnal. They are competi-
tively dominant over two mesopredators, the native spotted 
tailed-quoll Dasyurus maculatus (2–5 kg, hereafter ‘quoll’), 
which is largely crepuscular/nocturnal, and the invasive feral 
cat Felis catus (3–5 kg; hereafter ‘cat’), which has variable 
activity patterns. We also examine temporal partitioning in 
three major prey species of devils, the Tasmanian pademelon 
Thylogale billardierii (hereafter ‘pademelon’), the Bennett’s 
wallaby Macropus rufogriseus (hereafter ‘wallaby’) and the 
common wombat Vombatus ursinus; these prey species are 
mostly crepuscular/nocturnal. Because circadian rhythms 
evolve to ensure an animal is active at the most beneficial 
time (Kronfeld-Schor and Dayan 2003, Kronfeld-Schor et al. 
2017), the activity patterns of prey species may respond 
to a trade-off between avoiding diurnal predators (eagles, 
humans) and nocturnal predators (devils, quolls). Both dev-
ils and quolls feed mainly on pademelon and wallaby (Jones 
and Barmuta 1998, Andersen et al. 2017), whereas cats prefer 
smaller prey (Doherty et al. 2015). Thus, if competition for 
food is the major driver of temporal activity, quolls should 
show a stronger response than cats. Because pademelon and 
wallaby are shared prey of both devils and quolls, shifts in the 
diel activity of quolls could also affect these species.

We compiled a large dataset of 71 666 independent animal 
records from two simultaneous camera studies conducted over 
a five-year period, totalling 76 516 camera nights (Table 1),  
from which we assessed the role of devils in structuring 
community-wide diel activity. We asked two main questions: 
1) how does the temporal activity of conspecifics, competi-
tors and prey respond to changes in devil density, and 2) do
these other species alter their overlap with the devil’s usual
temporal niche in response to changes in devil density? We
hypothesised that increasing devil densities would cause other
species to reduce their overlap with the devil’s temporal niche
because of increased risk of death or injury. We hypothesised
that declining devil densities would allow other species to
increase their use of the devil’s usual temporal niche because
of substantially reduced risk of encountering a devil. In inter-
preting our results, we consider whether the response of one
species to changes in devil density may affect the response of

Table 1. Summary of remote camera deployment strategy. See Supplementary material Appendix 1 Table A1 for details of site descriptions 
and camera deployment method.

Survey name (number of study sites) Cameras per site (total cameras) Total camera nights Independent animal records

Devil decline survey 1 (29) 14 (406) 20 048 16 230
Devil decline survey 2 (45) 4 (180) 8704 8049
Devil decline survey 3 (13) 20–21 (270) 7080 5203
Devil introduction (Maria Isl. and 

control over five years)
53–72 (735) 40 684 42 184

Total 1591 76 516 71 666
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other species (e.g. quoll responses may in turn affect prey). 
We also consider that increasing and decreasing trajectories of 
devil densities may not have symmetrical effects because the 
costs may be higher for increasing densities (i.e. death) than 
decreasing densities (i.e. lost foraging opportunity).

Material and methods

Study area and camera trapping

We analysed two independent cases: 1) a space-for-time sub-
stitution investigating the disease-induced decline of devils 
on mainland Tasmania, and 2) a longitudinal study of the 
introduction of devils to Maria Island, with a control site on 
Tasmania where devil abundance was low and stable.

Study 1: space-for-time substitution investigating 
devil declines

Space-for-time substitutions study the relationships between 
ecological variables at sites at different stages of a response, 
permitting study of longer time-scales than longitudinal 
observation would allow (Walker et al. 2010). We combined 
records from three camera surveys of sites that spanned the 
gradient of devil population decline, from the disease-free 
north-west of Tasmania, to the north-east where devils had 
been exposed to the disease for ~20 yr (Fig. 1A). In total, we 
surveyed 50 different study sites using 856 remote cameras 
between 2015 and 2017, for a total of 35 832 camera-nights 
(Table 1). We sampled three habitat types: wet eucalypt/rain-
forest, dry eucalypt forest and coastal vegetation. We ensured 
sites of the same habitat type were environmentally compa-
rable by selecting sites of similar average rainfall/elevation, 
and ensured that each survey had a similar proportion of 
sites located in each region and habitat type (Supplementary 
material Appendix 1 Table A1). To increase detections, we 
positioned cameras facing animal trails/small clearings and  
baited them with a general-purpose herbivore and carnivore 
olfactory lure (Supplementary material Appendix 1 Table A1). 
The three surveys differed in the number, spacing and dura-
tion of camera deployment, but importantly each positioned 
cameras in the same way and used the same olfactory lure and 
camera type. Differences in survey effort may influence total 
detections, but we analysed timing of detections using propor-
tions of detections at a given time of day, not total detections, 
meaning the three surveys can be analysed together validly.

Study 2: Longitudinal study investigating devil 
introduction

Devils were first introduced to Maria Island by the Tasmanian 
government conservation agency in 2012, when 15 animals 
were released (Thalmann et al. 2016). By 2018 the popula-
tion had grown to 103, the estimated carrying capacity of 
the island (Jones and McCallum 2007, DPIPWE 2018). 
We selected an environmentally comparable control site for 

Maria Island on the nearby east coast of Tasmania, where 
the disease arrived and started causing population declines 
approximately 12 yr prior (Hawkins  et  al. 2006). Devils 
remained at consistently low relative density for the duration 
of our study (Fig. 1B). Camera monitoring at Maria Island 
and the control site continued from 2013 to 2017, deploying 
735 remote cameras over five years for a total of 40 684 cam-
era nights (Table 1). Positioning of cameras and use of lures 
matched the devil decline survey (details of survey method 
and site information in Supplementary material Appendix 1 
Table A1). Quolls are absent from Maria Island, so we only 
investigated the response of quolls to devil declines.

Analysis of changes in devil relative density

Camera locations within a study site were not spatially inde-
pendent. Thus, to reduce the likelihood of double-counting an 
individual devil on the same or a nearby camera, we first pooled 
all devil detections at a study site from the first 21 d of a survey, 
which is the minimum deployment duration recommended for 
detecting cats, the most cryptic of the carnivores (Robley et al. 
2010). We then treated detections as unique if they were sepa-
rated by > 30 min. This yielded a count of unique devil detec-
tions for each survey. We then calculated an index of devil 
density (termed ‘devil relative density’) to be used as a predictor 
variable in subsequent analyses by dividing the number of devil 
detections by the number of camera nights. This represents a 
standardized index of relative density and enabled comparison 
among surveys with different survey effort.

We analysed the predictors of devil detections separately 
for the declining and increasing devil populations. For devil 
declines, we modelled the relative density of devils using a 
generalised additive mixed-effects model (GAMM) with a 
quasibinomial distribution to prevent negative fitted values 
(‘mgcv’ package in R; Wood 2017). We included study site 
as a random effect to allow for correlations within the sites. 
The most complex model consisted of an interaction between 
‘years since disease outbreak’ and ‘habitat’ (coastal, dry euca-
lypt or wet eucalypt/rainforest). We included a predictor 
variable for habitat to model habitat-specific differences in 
devil relative densities or detectability. We assessed whether 
a smooth term was necessary using the approximate p-values 
(α = 0.05; AIC is not available for this quasi distribution).

For the devil introduction study, we tested whether changes 
in devil detections through time differed between Maria 
Island, where devils were introduced, and the control sites by 
modelling the count of devil detections using a generalised 
linear model (GLM) with a Poisson distribution in R (R Core 
Team). The most complex model included predictor variables 
for ‘season’ (either summer or winter to account for seasonal 
differences in behaviour that could influence detectability), 
and an interaction between ‘year’ (2013–2017) and ‘study 
site’ (Maria Island or control). A mixed-effects model was not 
necessary because pooling detections for each survey of a site 
meant there was only a single value for each survey and repeat 
measures at a site were accounted for using the fixed effect 
of ‘study site’. The GLM contained an offset for the number 



64

Figure 1. Study design and changes to devil relative density in Tasmania. (A) Map of 50 study sites spanning a gradient of devil population 
declines, ranging from the north-east of Tasmania where devil facial tumour disease has been present for approximately 20 yr, to the disease-
free north-west. Dashed lines represent the estimated disease front. The graph shows that devil detection rates in camera surveys were on 
average ~80% less at long-diseased (~20 yr) sites than at disease free sites. The lines represent the best-supported GAMM. (B) Camera 
locations on Maria Island and a control site on mainland Tasmania. The graph shows the best-supported GLM predicting the number of 
devil detections in a survey. This shows that devil detections on Maria Island rapidly increased following introduction in 2012, while the 
control site remained stable.

of camera nights, because this varied slightly due to camera 
malfunctions. We compared the most complex model to all 
simpler combinations of predictor variables and selected the 
best model based on small sample corrected Akaike informa-
tion criterion (AICc) (Burnham and Anderson 2002).

Temporal activity

Data handling
We used the time-stamp on a photo as a record of the 
time a species was active. Records of the same species at 
a study site were considered independent if separated by 

at least 30 min, and assumed to be a random sample from 
each species’ underlying activity distribution, as is common 
in similar studies (Linkie and Ridout 2011, Brook  et  al. 
2012). Preliminary data exploration when tagging the 
photos showed that individual animals rarely stayed at 
a camera for more than ~5 min. Because activity is often 
organised around circadian events such as sunrise and  
sunset (Nouvellet et al. 2012), and because our study was 
conducted across different times of the year, we scaled clock 
time to sun time, with 06:00 representing sunrise and 18:00 
sunset (‘sunTime’ function, ‘overlap’ package in R; Ridout 
and Linkie 2009).
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Analysis
We used two approaches to analyse temporal activity: 1) cir-
cular overlap, a common technique to compare the diel activ-
ity of different groups of animals; and 2) generalised additive 
models (GAMs), a much less common approach to study 
temporal activity. The use of GAMs allowed us to model diel 
activity in response to a continuous predictor variable for 
devil relative density, rather than comparing grouped records 
as is necessary in the analysis of overlap.

Circular overlap
We first tested whether a species changed activity patterns by 
grouping records according to the relative density of devils. 
We visualised activity profile as a non-parametric kernel den-
sity estimate using the ‘overlap’ package in R and the default 
smoothing parameters recommended by Ridout and Linkie 
(2009). We tested for statistical differences in activity using 
the non-parametric Mardia–Watson–Wheeler test for homo-
geneity, which tests for differences in the mean angle or vari-
ance of two samples (Batschelet 1981), using the ‘circular’ 
package in R (Agostinelli and Lund 2017).

In the devil decline study, we grouped records based on 
relative density of devils. In each of the three surveys, we 
selected records from the 20% of sites with the most devil 
detections (‘high devil’) and the 30% of sites with the few-
est devil detections (‘low devil’). We selected these thresh-
olds because exploration of the data showed that a threshold 
< 30% would exclude some sites with zero devil detections, 
clearly undesirable for a group representing low devil den-
sities; sites in the top 20% represent devil detection rates 
typical of disease-free sites. To include sufficient devil records 
to allow for reliable kernel estimation of devil activity, we 
expanded the low category to include the lowest 40% of sites, 
because otherwise there were few devil records to create a reli-
able kernel estimate; these lowest 40% of sites represent severe 
devil population declines. In the devil introduction study, we 
partitioned records from Maria Island and the control site 
into two groups: 2013/2014 when devils were at low relative 
density shortly after release, and 2016/2017 when devils were 
at high relative density on Maria Island (Fig. 1B).

We additionally investigated whether mesopredators and 
prey altered their use of the devil’s temporal niche in response 
to changes in the relative density of devils. We did this by 
first constructing an activity profile that represents the devil’s 
usual temporal niche, which we defined in the devil decline 
study as records from disease-free areas, and for Maria Island 
as records from 2016/2017 when devil density was near car-
rying capacity. We then assessed the overlap of the devil’s tem-
poral niche with the temporal activity of mesopredators and 
prey in areas/periods of high and low devil relative density 
(as defined in the previous paragraph). We quantified over-
lap using the coefficient of overlap ∆ (with 95% bootstrap 
confidence intervals), with 0 representing no overlap in activ-
ity and 1 representing complete overlap (‘overlap’ package in 
R). As recommended by Ridout and Linkie (2009), we used 
the ∆4 measure of overlap when the smallest sample size was 
> 75, and ∆1 when sample size < 75.

Generalized additive modelling of temporal activity
We further modelled potential non-linear shifts in temporal 
activity in response to changes in the relative density of dev-
ils using GAMs. GAMs have been used to model temporal 
activity in some previous studies (Bischof et al. 2014); how-
ever, we believe they represent an under-used approach to 
studying the drivers of a species’ temporal activity because 
they are highly flexible, can model circular data (using cyclic 
regression splines), and can accommodate continuous predic-
tor variables.

We used GAMs to model the four largest shifts in tem-
poral activity revealed in the analysis of overlap: devils in 
response to declining and increasing relative densities, quolls 
in response to devil declines, and wallabies in response to 
devil introduction. For the response variable, we calculated 
the proportion of activity associated with each hour of the diel 
cycle (0–23; scaled to sun time), which summed to one for 
each species in each survey. We modelled proportional activ-
ity because we were interested in relative activity throughout 
the day, not absolute activity. We excluded surveys where a 
species was detected less than three times because these could 
lead to biased proportions.

We constructed a varying coefficient model for each species, 
which allowed the coefficients of a smooth term to interact 
with a covariate, either a continuous variable (e.g. devil relative 
density) or a factor (e.g. location) (Wood 2017). We modelled 
proportional activity using a quasibinomial distribution to pre-
vent negative predicted values, and used a cyclic cubic spline 
because the diel cycle is circular. For the devil decline study, we 
modelled proportional activity in response to ‘hour’ of the day 
(0–23), and an interaction between ‘devil relative density’ and 
‘hour’. For the devil introduction study, we modelled propor-
tional activity in response to ‘hour’, and an interaction between 
‘year’ (associated with increasing devil densities) and ‘hour’ by 
‘location’ (Maria Island or control). We used a penalty on the 
null space of each smooth to select a smooth term out of the 
model if it was not needed (using the ‘select’ argument) (Marra 
and Wood 2011), and used approximate p-values (α = 0.05) to 
judge whether the smooth term should remain in the model. 
We fitted GAMs using the ‘mgcv’ package in R (Wood 2017; 
R Core Team) and visualised results by plotting the interaction 
term using contour and perspective plots.

Data deposition

Data available from the Dryad Digital Repository: < http://
dx.doi.org/10.5061/dryad.s77dk4v > (Cunningham  et  al.
2019a).

Results

Changes to devil relative density

Devil detection rates declined with increasing time since 
disease arrival (Fig. 1A) and increased rapidly on Maria 
Island following devil introduction (Fig. 1B). In the study 
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of devil declines, ‘years diseased’ (p < 0.0001, edf = 1.8, devi-
ance explained = 52.2%) was included in the best-supported 
GAMM (Supplementary material Appendix 1 Table A2). On 
average, devil detection rates at long-diseased sites (~20 yr) 
were 80% less than at disease-free sites, similar to other studies 
(Hawkins et al. 2006, McCallum et al. 2007, Hollings et al. 
2014, Lazenby et al. 2018). The best-supported GLM mod-
elling devil detections following devil introduction included 
an interaction between ‘year’ and ‘study site’ (Supplementary 
material Appendix 1 Table A2), demonstrating markedly 
different trends between the two sites – devil detections 
increased rapidly on Maria Island but remained low at the 
control site (Fig. 1B).

Temporal activity in predators

Devils
Devil decline: temporal activity of devils differed significantly 
between high- and low-density sites (p < 0.001; Fig. 2A). At 
high relative densities, devils had a defined peak in activity 
shortly after 18:00 h, whereas at low relative densities, devil 
activity peaked at ~22:00 h and remained elevated through-
out much of the night (Fig. 2A). The GAM predicting the 
proportional activity of devils contained a significant interac-
tion between hour of the day and the relative density of dev-
ils (edf = 2.846, p = 0.047, deviance explained = 40.7%). High 
devil densities were associated with a heightened post-sunset 
peak and a relative decline in activity during the latter half of 
the night (Fig. 3A).

Devil introduction: the diel activity patterns of devils on 
Maria Island differed significantly between periods of low 
devil density (2013/2014) and high density (2016/2017; 
p < 0.001; Fig. 2B). When devil density was low, devils had a 
broad peak in activity that spanned the first half of the night, 
whereas when devil density was high, activity peaked shortly 
after sunset before dropping rapidly. The control site, where 
devil relative density was low and stable, showed no signifi-
cant differences in temporal overlap between the periods 
(p = 0.22; Fig. 2C). The GAM predicting the proportional 
activity of devils contained a significant interaction between 
hour, year and location (edf = 12.54, p < 0.0001, deviance 
explained = 68.5%), showing change in activity pattern as 
density increased. High devil relative density was associated 
with a heightened post-sunset peak and a relative decline in 
activity during the latter half of the night (Fig. 3C).

Spotted-tailed quoll
Devil decline: quolls exhibited markedly different patterns 
between sites with high and low devil relative densities 
(p = 0.04; Fig. 2D). At sites with high devil relative density, 
quolls had a pronounced peak in activity shortly before sun-
rise, whereas the highest peak shifted to shortly after sunset 
when devil relative density was low, with a much-reduced 
pre-sunrise peak (Fig. 2D). As devil relative density declined, 
the activity profile of quolls showed increasing similarity with 
the devil’s high-density profile (Fig. 4), with activity peaking 

just after sunset, resulting in increased overlap with the devil’s 
temporal niche (Fig. 5). The GAM predicting the temporal 
activity of quolls contained a significant interaction between 
hour and devil relative density (edf = 6.6, p = 0.049, deviance 
explained = 11.4%). The pre-sunrise peak in quoll activity at 
high devil relative densities was more than double the height 
of this same peak when devils were rare (Fig. 3B).

Feral cats
Devil decline: temporal activity of cats did not differ signifi-
cantly between sites with high and low devil relative densities 
(p = 0.65; Fig. 2E). Cats were active throughout the diel cycle, 
irrespective of devil relative density, and showed no change in 
overlap with the devil’s temporal niche (Fig. 5).

Devil introduction: cat temporal activity did not differ 
significantly on Maria Island between 2013/2014, when 
devils were at low density, and 2016/2017 when devils were 
at high density (Fig. 2F; p = 0.36), and through time at the 
control site (Fig. 2G; p = 0.36). Like the survey of devil 
declines, cats were active throughout the entire diel cycle 
and showed no change in overlap with the devil’s temporal 
niche (Fig. 5).

Temporal activity in key prey species

Tasmanian pademelon
Devil decline: pademelons were highly crepuscular and had 
slightly higher sunset and sunrise peaks in activity at sites 
with low devil relative density compared to high relative den-
sity, although these were not statistically different (p = 0.07; 
Fig. 2H), and there was no change in overlap with the devil’s 
temporal niche (Fig. 5).

Devil introduction: pademelons had a more pronounced 
peak at sunset in 2016/2017 when devil density was higher, 
compared to 2013/2014 (p = 0.048; Fig. 2I). The increase in 
the sunset peak did not reduce the overlap with the devil’s 
temporal niche (Fig. 5).

Bennett’s wallaby
Devil decline: the sunrise peak in wallaby activity was slightly 
higher at sites with high devil relative densities than with low 
relative densities (p = 0.005; Fig. 2K), although this did not 
change the overlap with the devil’s temporal niche (Fig. 5).

Devil introduction: when devils were at low density on 
Maria Island, activity of wallabies peaked at sunset. With 
increased devil abundance, nocturnal activity decreased and 
the highest peak moved to shortly after sunrise (p < 0.001; 
Fig. 2L), resulting in reduced overlap with the devil’s temporal 
niche (Fig. 5). The opposite trend occurred at the control site, 
where nocturnal activity and the sunset peak both increased 
in 2016/2017. The GAM predicting the temporal activ-
ity of wallabies contained a significant interaction between 
hour, year and location (edf = 14.11, p < 0.0001, deviance 
explained = 62%). As devil density increased through time, the 
peak in wallaby activity around sunrise increased and shifted 
later, while activity in the middle of night declined (Fig. 3D).
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Figure 2. Activity profiles of predators and the major prey species of devils and quolls. The left column compares temporal activity between sites 
with high relative devil densities against sites where devils have suffered severe disease-induced declines. The right two columns compare Maria 
Island in 2013/2014, when devils were at low density shortly after their introduction, to 2016/2017 when devils were at high density. The devil 
population was low and stable at the control site during the study. The plots are centred on midnight and time has been scaled so that sunset occurs 
at 18:00 and sunrise at 6:00 (vertical lines). p values were calculated using the nonparametric Mardia–Watson–Wheeler test of homogeneity.
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Common wombat
Devil decline: wombats were more diurnally active at sites 
with high devil relative densities, and had a less pronounced 
nocturnal peak in activity, compared to sites with low devil 
relative densities (p = 0.018; Fig. 2N). This subtle shift did not 
change the overlap with the devil’s temporal niche (Fig. 5).

Devil introduction: a subtle shift in wombat activity 
occurred on Maria Island as devil densities increased. In 
2013/2014, when devils were at low density, wombat activity 
peaked shortly after sunset. In 2016/2017, when devil den-
sity was high, peak activity shifted to shortly before sunset 
(p < 0.001; Fig. 2O), significantly reducing overlap with the 
devil’s temporal niche (Fig. 5).

Discussion

We provide the first investigation of a top predator that is 
declining in abundance in one area while rapidly increasing 
in another, providing a novel framework to test the effects 
on community-wide temporal activity. Devil declines on 
mainland Tasmania were associated with a strong shift in 
quoll activity, and statistically significant but subtle shifts in 
wallabies and wombats. The introduction of devils to Maria 
Island was associated with larger increases in temporal par-
titioning by the herbivorous prey species. The invasive feral 
cat did not shift its temporal activity in response to either 
decreasing or increasing devil densities. Most previous studies 
of temporal partitioning between top predators and subordi-
nate species have been non-manipulative, providing support 
for hypotheses of temporal partitioning but not establishing 

causal mechanisms (Ramesh et al. 2012, Bischof et al. 2014). 
However, manipulative or natural experiments provide stron-
ger evidence on causes of patterns. Our study is the largest 
such study to date.

Carnivore responses and competition

This is the first demonstration, to the best of our knowledge, 
of density-dependent temporal activity in a top predator: 
devil activity peaked earlier in the night when relative den-
sity was high. Devils are both predators and highly-adapted 
scavengers, one of the world’s few bone-specialist carnivores 
(Jones 2003). High densities increase competition for car-
rion (Cunningham et al. 2018), and may force devils to do 
more hunting, which would require them to match their 
activity with the crepuscular activity of their primary prey, 
wallaby and pademelon. Other studies show that predators  
can time their activity to overlap with peak prey activity.  
For example, kestrels Falco tinnunculus match the regular  
2-h peaks in vole Microtus arvalis activity (Rijnsdorp  et  al.
1981, Kronfeld-Schor  et  al. 2017) and activity patterns of
Cooper’s hawk Accipiter cooperii reflects those of their prey
(Roth and Lima 2007).

Quolls, the species with greatest dietary overlap with 
devils (Jones and Barmuta 1998, Andersen  et  al. 2017), 
showed a pronounced shift in activity in response to declin-
ing devil densities, suggesting active temporal avoidance 
to reduce encounters with a devil. Quolls shifted their 
activity peak from dawn, when devils are abundant, to 
dusk, when devils were rare, strongly suggesting competi-
tive release. At low devil densities, quoll temporal activity 

Figure 3. Interaction plots from GAMs predicting the temporal activity of a species based on changes in the devil population. Devil relative 
density refers to the number of devil detections per camera night. In the devil introduction study, increasing years since devil introduction 
is correlated with rapid increases in devil density. Perspective plots (left panel for each species) show the proportional activity of a species on 
the vertical axis, with time of day and devil relative abundance on the horizontal axes. The contour plots (right panel for each species) are a 
different visualisation of the same information, with contours showing the proportional activity of a species at a given time of the day.
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resembled that of devils at high density, which suggests that 
quolls may be attracted to the early period of the night for 
the same reasons as devils – to hunt when prey are most 
active and exploit newly-available carrion. Carrion is a 
resource that is largely unavailable to quolls where dev-
ils are abundant, but is used by them where devils have 
declined (Cunningham et al. 2018). The best examples of 
competition-induced temporal shifts in mammals include 
two species that shift to the opposite part of the diel cycle. 
Invasive American mink Neovison vison in the UK shifted 
from nocturnal to diurnal activity following the recovery of 
a native carnivore (Harrington et al. 2009). Golden spiny 
mice Acomys russatus in the Judean desert are diurnal in the 
presence of their less arid-adapted competitor, A. cahirinus, 
but increase nocturnal activity in their absence (Kronfeld-
Schor and Dayan 2003). In general, however, such extreme 
competition-induced shifts in activity are rare (Kronfeld-
Schor and Dayan 2003).

Figure  4. Temporal activity of spotted-tailed quolls (solid line) 
compared with the devil’s temporal niche (blue dashed line; pre-
disease temporal activity). We separated quoll activity according 
to the relative density of devils, which shows a shift in peak activ-
ity from sunrise when devils were abundant to sunset when devils 
were rare. The coefficient of overlap Δ (95% bootstrapped CI) 
shows that as devil relative densities decline, quolls increased 
their overlap with the devil’s increasingly vacant temporal niche. 
(A) Sites in the top 20% reflect pre-disease devil densities.
(B) Sites with intermediate devil abundance. (C) Low devil
abundance sites (40–60%) represent substantial population
declines. (D) Very low devil sites (lowest 40%) correspond to
severe devil declines.

Figure  5. Change in overlap of the devil’s temporal niche with 
mesopredators and major prey species. The coefficient of overlap 
ranges from 1, representing total temporal overlap, to zero, repre-
senting no overlap. The top panel shows the study of a declining 
devil population, and the bottom panel shows the study of an 
increasing devil population following their introduction to Maria 
Island. Quolls increased their use of the devil’s temporal niche fol-
lowing devil declines (top panel). Quolls, however, were not present 
on Maria Island, where wallaby and wombats both reduced their 
use of the devil’s niche following rapid increases in devil density 
(bottom panel). Error bars show the bootstrapped 95% confidence 
interval and * highlights non-overlapping confidence intervals.
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Activity of cats did not respond to changes in devil den-
sity, helping to resolve a debate about the nature of meso-
predator release of cats in Tasmania. Long-term, island-wide 
nocturnal spotlight surveys revealed an increase in cat detec-
tions following devil declines (Hollings et al. 2014), which 
was interpreted as increased density. However, in a separate 
study using cameras only in areas where the disease was pres-
ent, Fancourt et al. (2015) claimed that cats are more noc-
turnal in the long-term disease region, instead suggesting 
that shifts in diel activity explain the increase in detections. 
Unlike Fancourt et al. (2015), we measured cat activity across 
the full range of devil densities, including a time series of 
increasing density on Maria Island, and found no shifts in cat 
activity due to devil density. This suggests that increased cat 
detections following devil decline (Hollings et al. 2014) are 
not caused by changes in temporal activity and may reflect 
increased cat abundance.

One hypothesis for the contrasting responses of quolls and 
cats is that interference competition from devils is mediated 
through food resources, causing quolls and cats to experience 
interference differently. Interference competition in carni-
vores, involving aggressive exclusion from a resource (Linnell 
and Strand 2000), is probably a stronger driver of temporal 
partitioning than exploitation competition (Carothers and 
Jaksić 1984). Quolls and devils have high dietary overlap 
(Jones and Barmuta 1998, Andersen  et  al. 2017), whereas 
cats typically consume smaller fauna (Doherty et al. 2015). 
Devils additionally pose a strong risk of kleptoparasitism for 
quolls, but less so for cats due to their smaller prey size. If 
devils exclude mesopredators from the early period of the 
night to monopolise food resources, quolls should show 
the strongest response. Devils aggressively protect carcasses 
and exclude other species from feeding (Cunningham et al. 
2018), but there is only anecdotal information about devils 
killing or actively persecuting mesopredators (Jones 2003), as 
some other top predators do (Palomares and Caro 1999). For 
example, dingoes Canis lupus dingo kill cats, and cats avoid 
dingoes temporally (Brook  et  al. 2012). Similarly, wolves 
Canis lupus kill coyotes Canis latrans, which show temporal 
avoidance of wolves during winter (Arjo and Pletscher 1999). 
A better understanding of the mechanisms by which devils 
interfere with mesopredators, whether active persecution or 
resource-mediated aggression, may help explain the contrast-
ing behavioural responses of the two mesopredators.

Subtle and variable responses by prey

The major prey species of devils (and quolls) showed stron-
ger shifts in their overlap with the devil’s temporal niche in 
response to rising than to falling devil densities. Specifically, 
wombat and wallaby reduced their use of the devil’s tempo-
ral niche following increases in devil density, and pademelon 
showed a more pronounced peak at sunset. Responses were 
subtler for declining devil densities; wallaby and wombat 
showed statistically significant but small differences in their 
temporal activity, which did not reduce their overlap with the 
devil’s niche (and pademelon showed no change).

We offer two non-exclusive hypotheses for the differing 
strengths of prey responses. First, the costs associated with 
increasing top-predator densities (death or injury) are prob-
ably much higher than the costs associated with decreasing 
predator densities (small potential foraging loss). Declining 
predator densities may therefore elicit a more gradual response 
because persistence of low-cost behaviours can be adaptive 
even when selection is relaxed (Flecker 1992, Kronfeld-
Schor  et  al. 2017). Second, the multi-predator hypothesis 
suggests that the presence of one predator species can main-
tain anti-predator behaviours that relate to another extinct 
predator (Blumstein 2006). Thus, the presence of quolls on 
the Tasmanian mainland, but not on Maria Island, could pos-
sibly maintain behaviours in these shared prey species in the 
absence of devils. Further, quolls responded to devil declines 
by increasing their use of the devil’s temporal niche, which 
could in turn maintain avoidance behaviours in prey because 
of continued predation pressure. The near-absence of noc-
turnal predators of wallaby and wombat before the introduc-
tion of devils means they were shifting from a predator-free 
baseline, which could explain their initially higher nocturnal 
activity and the larger temporal shift.

Habitat differences may further explain the stronger 
response of pademelon on Maria Island than the Tasmanian 
mainland. Pademelon activity at sunset increased on Maria 
Island when devils were at high densities, whereas there was 
no significant change in response to devil decline on the 
Tasmanian mainland. These different patterns may reflect diel 
migrations by pademelon that vary in response to habitat; 
specifically, open grasslands are found only on Maria Island. 
Diel migrations – cyclical back and forth diel movements 
along a spatial or ecological gradient – are employed by prey 
to reduce the risk of encountering predators (Courbin et al. 
2018). Zebras, for example, forage during the day in grass-
land near waterholes, the preferred habitat for lions, but 
move further from waterholes at night when lions become 
active (Courbin  et  al. 2018). Pademelons exhibit similar 
behaviour; they typically move from forest to grasslands to 
feed, and where devils are abundant they emerge from the 
forest earlier in the evening and forage further from the forest 
edge (Nielsen 2009), possibly to minimize risk at the edge 
where devils hunt (Baynes 2007). Although the increase in 
sunset activity by pademelons did not reduce their overlap 
with the devil’s temporal niche, the increase in sunset activity 
may reflect spatio-temporal avoidance of risky areas.

The subtle responses of wallaby and pademelon to rapid 
changes in predator density suggest either that they are con-
strained by circadian rhythms or that they make greater 
use of other anti-predator behaviours (Kronfeld-Schor and 
Dayan 2003). Circadian rhythms evolve to ensure animals 
are active at the most beneficial time of the diel cycle, and 
can have low short-term plasticity (Flecker 1992, Kronfeld-
Schor et al. 2017). The Tasmanian night now has vastly lower 
predation risk following the extinction of the thylacine in the 
mid-20th century and the recent decline of the devil. If cur-
rent predation is the major driver of temporal activity, we 
would expect substantial increases in nocturnal activity of 
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pademelon and wallaby when devils are rare, rather than the 
subtle responses reported here. Instead, it is likely that wal-
laby and pademelon use fine-scale spatio-temporal avoidance 
behaviours to avoid predation by devils rather than temporal 
avoidance alone (Nielsen 2009).

Conclusions

This study demonstrates that rising or falling abundance of 
a top predator can have far-reaching effects on the behav-
iour of other carnivore and prey species. While there is 
much evidence of the cascading effects that often follow top-
predator removal, there is less evidence about the reversal of 
effects following predator recovery (Alston et al. 2019). Our 
study provides valuable evidence that top predator recover-
ies can reinstate anti-predator behaviours in other species 
(Berger  et  al. 2001, Estes  et  al. 2011, Cunningham  et  al. 
2019b). The effects we show are distinct from the direct 
demographic impacts of predation on population size or 
distribution, but they may compound those direct impacts. 
Moreover, these behavioural changes operate over short time-
scales, as shown by the rapid responses that we observed on 
Maria Island. The density-dependence of devil temporal 
activity highlights the need for recovery efforts to focus on 
restoring predator populations to functional densities if we 
wish to maintain the full spectrum of adaptive behaviours in 
predators themselves and the species they influence.
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Supplementary material 

Table A1: Details of camera trapping method. In each of the four separate camera trapping studies, 

RECONNYX PC-600/PC-800 remote-cameras were fastened to a tree ~75 cm above the ground. 

Cameras were baited with an olfactory and visual lure suspended from a tree 2-3 m in front of the 

camera. The lure consisted of a perforated PVC canister containing dried beef liver, tuna oil, peanut 

butter, rolled oats and sardines, with a CD suspended below as a visual. In the three space-for-time 

studies, to ensure sites of the same habitat type were environmentally comparable, we held sites 

within similar average annual rainfall (dry: 750-1500 mm, wet: 1100-2000 mm; coastal: 650-1200; 

Bureau of Meteorology GIS layer) and elevation (dry < 500 m, wet <800 m, coastal < 100 m) ranges, 

and all sites occurred in the northern half of Tasmania to avoid the north-south temperature 

gradient. 

Description Study details 

Space-for-

time survey 

at 29 study 

sites. 

We used 14 cameras at 29 study sites, totalling 406 cameras. We detected 16,230 

independent animal records from a total of 20,048 camera nights. The 14 cameras 

at each site were deployed at approximately equal intervals (between 100-200 m 

apart) along a 2-km transect that ran parallel to an unsealed, rarely used road. 

Cameras were deployed >40 m into the forest for a minimum of 35 nights. Sites 

were in three habitat types: wet Eucalypt/rainforest, dry Eucalypt, and coastal 

vegetation (TasVeg GIS layer). Sites spanned the gradient of devil declines with 

approximately equal representation of habitat types in each disease region. 

Space-for-

time survey 

at 45 study 

sites. 

We used 4 cameras at 45 study sites, totalling 180 cameras. We detected 8,049 

independent animal records from a total of 8,704 camera nights. Cameras were 

deployed at 500 m intervals along a 2-km transect that ran parallel to an unsealed, 

rarely used road. Cameras were deployed >40 m into the forest for a minimum of 

28 nights. Sites were in three habitat types: wet Eucalypt/rainforest, dry Eucalypt, 

and coastal vegetation (TasVeg GIS layer). Sites spanned the gradient of devil 

declines with approximately equal representation of habitat types in each disease 

region. 

Space-for-

time survey 

We used 20-21 cameras at 13 study sites, totalling 270 cameras. We detected 

5,203 independent animal records from a total of 7,080 camera nights. 
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at 13 study 

sites 

Cameras were deployed in an approximate grid and spaced about 1 km apart. 

Cameras were deployed >40m into the forest from an unsealed, rarely used road 

or hiking track for a minimum of 21 nights. Sites were in two habitat types: wet 

Eucalypt/rainforest, and a composite of dry Eucalypt and coastal habitat (TasVeg 

GIS layer). Sites spanned the gradient of devil declines with approximately equal 

representation of habitat types in each disease region. 

Longitudinal 

survey at 

two study 

sites 

We surveyed Maria Island, a 116 km2 National Park located 4 km off Tasmania’s 

east coast, and a control site from 2013-2017. Most mammal species common to 

mainland Tasmania are present on Maria Island, including the major prey species 

for devils: Tasmanian pademelon, Bennett’s wallaby and the common wombat. 

Cats were probably introduced to Maria Island shortly after European settlement 

in 1825. The climate on Maria Island and the control site is representative of much 

of east coast Tasmania (average annual rainfall of Maria Island = 662-837 mm and 

the control site = 672-865 mm), and is dominated by dry Eucalypt forest, with 

some wet Eucalypt forest.  

Camera trapping occurred at 53-72 locations on Maria Island and 50 at the control, 

totalling 735 cameras. We detected 42,184 independent animal records from a 

total of 40,684 camera nights. Camera locations were selected so there was similar 

representation of wet Eucalypt and dry Eucalypt habitat types between Maria 

Island and the control site. We surveyed camera locations in summer and winter 

each year on Maria Island, and in winter at the control site (excluding 2015 due to 

logistical constraints). Cameras were deployed in the forest for at least 21 nights.  
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Table A2: Results of models predicting devil abundance indices. For the space-for-time study (a), 
we predicted an index of devil abundance (devil detections per camera night) using a generalised 
additive mixed-effects model (GAMM). We used the approximate p-value to guide whether a 
smooth or parametric term should remain in the model at α = 0.05. For the longitudinal study (b), 
we predicted devil detections using a generalised linear model (GLM), which we ranked based on 
change in AICc (ΔAICc) and model weights (wi). We present models within 10 ΔAICc of the top 
model. Model coefficient estimates are shown for each predictor variable with standard errors in 
parentheses. All GLMs contained an offset for camera nights, because this varied slightly due to 
camera malfunctions. 

a) Space-for-time study: Generalised additive mixed-effects model 

Model terms Estimated df p-value Coefficient estimate (SE) 

Smooth terms 

Years diseased 1.801 < 0.0001 

Site (random effect) 10.616 0.054 

Parametric terms 

Intercept <0.0001 -2.4393 (0.2013) 

HabitatDry 0.154 -0.4716 (0.3273) 

HabitatWet 0.04 -0.5773 (0.2765) 

b) Longitudinal study: Generalised linear model 
(Intercept)  Location  Season  Year  Location*Year  offset  df  AICc  ΔAICc  wi  

1 -561.2
(178.89) 

Maria:  
-536.65 (182.84) 

Winter:  
0.42 (0.05) 

0.28 
(0.09) 

Year*Maria:  
0.27 (0.09) 

+ 5 307.6 0.00 0.77 

2 -1080.0
(369.6) 

Maria:  
-2.58 (0.13) 

Winter:  
0.42 (0.05) 

0.53 
(0.02) 

+ 4 310.0 2.42 0.23 

null -2.01 + 1 1964.09 1964.09 0.00 
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A native apex predator limits an invasive mesopredator and protects native 

prey: Tasmanian devils protecting bandicoots from cats 

Abstract 

Apex predators can limit the abundance and behaviour of mesopredators, thereby reducing 

predation on smaller species. We know less about whether native apex predators are effective in 

suppressing invasive mesopredators, a major global driver of vertebrate extinctions. We use the 

severe disease-induced decline of an apex predator, the Tasmanian devil (Sarcophilus harrisii), as a 

natural experiment to test whether devils limit abundance of invasive feral cats (Felis catus) and in 

turn protect smaller native prey. Cat abundance was ~58% higher where devils had declined, which 

in turn negatively affected a smaller native prey species. Devils had a stronger limiting effect on cats 

than on a native mesopredator, suggesting apex predators may have stronger suppressive effects on 

evolutionarily naive species than coevolved species. Our results highlight how disease in one species 

can affect the broader ecosystem. We show that apex predators not only regulate native species but 

can also confer resistance to the impacts of invasive populations. Apex predators could therefore be 

a powerful but underutilised tool to prevent biodiversity loss.  

Introduction 

Apex predators play crucial roles in structuring ecosystems, but much of the Earth is now devoid of 

large predators (Estes et al. 2011; Ripple et al. 2014). Declines of these species can trigger trophic 

cascades, whereby herbivorous prey relax their anti-predator behaviours, increase in abundance, 

and overconsume vegetation (Estes et al. 1998; Ripple et al. 2001; Terborgh et al. 2001; Ripple & 

Beschta 2007). Apex predator declines can cause mesopredator release, defined as an increase in 

the density or change in behaviour of mid-ranked predators (Prugh et al. 2009), which can in turn 

lead to increased predation on smaller animals (Crooks & Soulé 1999; Johnson et al. 2007; Ritchie & 

Johnson 2009). The top-down effects of predators can be mediated by bottom-up drivers; for 

instance, declining lynx (Lynx lynx) densities released red foxes (Vulpes vulpes), but this effect was 

most pronounced in productive environments, highlighting the need to simultaneously consider 

bottom-up and top-down processes (Elmhagen & Rushton 2007). Predators clearly play integral roles 

in structuring food webs (Estes et al. 2011; Ripple et al. 2014), but we know considerably less about 

how apex predators affect invasive mesopredators, and how this in turn affects smaller prey species.  
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Invasive predator populations – those that have spread from introduced populations and maintain 

themselves without human assistance – are a major cause of global biodiversity loss (Simberloff et 

al. 2013). Invasive populations have contributed to 58% of bird, mammal and reptile extinctions 

(Doherty et al. 2016), and exert a heavy toll on many surviving species (Loss et al. 2013). This is 

particularly true in Australia, where feral cats (Felis catus) now occupy the entire continent (Legge et 

al. 2017), and together with invasive red foxes (Vulpes vulpes) are a major driver of most of 

Australia’s ~34 mammalian extinctions since 1788 (Woinarski et al. 2015; Woinarski et al. 2019). 

Apex predators could reduce the harm caused by invasive mesopredators if they limit their 

abundance through direct lethal effects or indirect behavioural effects (Ritchie & Johnson 2009). 

Despite a solid theoretical grounding, however, there is still debate over whether apex predators can 

be a useful tool to protect native biodiversity. For example, it has been repeatedly questioned 

whether dingoes (Canis lupus) or Tasmanian devils (hereafter ‘devil’; Sarcophilus harrisii) limit the 

abundance of invasive mesopredators in Australia (Allen et al. 2013; Allen et al. 2015; Fancourt et al. 

2015; Fancourt & Mooney 2016). 

The Tasmanian devil (6-14 kg) is the apex predator on the large island of Tasmania (~65,000 km2) 

following the extinction of the thylacine (Thylacinus cynocephalus) in the mid-20th century. Recently 

the devil has suffered severe population declines due to the emergence of a novel, transmissible 

cancer, devil facial tumour disease (DFTD). DFTD first arose in north-east Tasmania in 1996 (Hawkins 

et al. 2006) and now occupies 80% of the devil’s range (Fig 1a)(Lazenby et al. 2018), causing 

population declines of 80% on average (Lazenby et al. 2018) and up to 95% (Hollings et al. 2014). 

Unlike on the mainland of Australia, cats have not caused any confirmed extinctions in Tasmania. 

One hypothesis explaining this is that devils have so far limited the harm caused by cats. The 

progressive spread of DFTD across Tasmania has established a gradient of time since the arrival of 

DFTD (Fig 1a), and a range of devil densities from very low in north-east Tasmania, where DFTD has 

been present for the longest, to high in areas of north-west Tasmania not yet affected by DFTD. 

Unlike almost all declines of apex predators (Ripple et al. 2014), devil population declines are not 

caused by humans, providing the rare opportunity to study the effects of a predator with little 

anthropogenic confounding.  
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Figure 1. (a) Devil facial tumour disease was first discovered in 1996 in the north-east of Tasmania, 
Australia’s island state (red box). Devil facial tumour disease has since spread across ~80% of the 
devil’s range, causing rapid and severe devil population declines. The dashed lines represent the 
estimated disease front from 2000 to 2015. (b) We hypothesised that devil population declines could 
trigger a re-structuring of the food web, represented by the a priori structural equation model. Blue 
lines denote predicted positive relationships, red lines represent predicted negative relationships, and 
grey lines represent the bottom-up influence of three different vegetation types (dry eucalypt, wet 
eucalypt/rainforest, coastal). The arrows show the hypothesised direction of the relationship; for 
example, an arrow from ‘years diseased’ to ‘devil’ shows that years diseased negatively influences 
devil abundance.  

Disease-induced changes in population density, as well as other environmental perturbations, can 

provide useful natural experiments that advance our understanding of the processes that shape 

ecosystems (Lindstrom et al. 1994; Holdo et al. 2009). In this study, we treat the disease-induced 

decline of the Tasmanian devil as a large-scale natural experiment on the role of this top predator in 

structuring the mammal community, especially by limiting the abundance of feral cats and their 

impact on prey. We analysed the cascading effects of devil declines as a network of species using 

structural equation modelling. We predicted changes in the mammal community based on trophic 

cascade theory, mesopredator release hypothesis, and bottom-up drivers, which are reflected in our 

a priori structural equation model (described in Box 1 and visualised in Fig 1b). Further, the presence 

of similar-sized native (spotted-tail quoll, Dasyurus maculatus; hereafter ‘quoll’) and invasive (feral 

cat; hereafter ‘cat’) mesopredators in this community enabled us to test whether an apex predator 

has a stronger limiting effect on an invasive mesopredator than on a coevolved mesopredator, 

similar to the stronger effects of predators on species of prey that have not coevolved with them 

(Salo et al. 2007).  

a) b)
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Box 1. The mammal community and a priori predictions for the cascading effects of devil 
population declines. 

We predicted shifts in the mammal community based on the mesopredator release hypothesis 
and trophic cascade theory (defined in the Introduction), while also assessing the bottom-up 
influence of different vegetation types, which reflect environmental productivity (resulting from 
the effect of elevation on rainfall and temperature). We predicted that DFTD would cause 
substantial declines in devil activity (Lazenby et al. 2018), resulting in mesopredator release of one 
or both of the native spotted-tailed quoll (1.8 - 6 kg) and the invasive feral cat (2-5 kg). Because 
invasive predators have caused a disproportionately high rate of small mammal extinctions in 
Australia (Burbidge & McKenzie 1989), we hypothesised that release of cats would in turn cause 
the decline of smaller native mammals in their preferred prey size-range (i.e., rabbit-sized or 
smaller; Doherty et al. 2015). The southern brown bandicoot (Isoodon obesulus, ~1 kg) is a good 
example of these species and has suffered population declines on the Australian mainland 
(Burbidge 2016), where it is classified as endangered (Brown & Main 2010). We did not include an 
a priori relationship between cats and quolls because the directionality of this relationship is 
unclear; however, the test of SEM fit assesses whether a relationship should be present among 
unconnected variables (see Methods). We hypothesised that increasing time since local DFTD 
outbreak, and therefore increasing time since the onset of devil population declines, would result 
in more pronounced release of both mesopredators and the primary prey of devils. 

The vegetation types (dry eucalypt, wet eucalypt/rainforest or coastal) differ in structure and 
availability of resources, which we predicted would affect the abundance of prey species, and that 
higher prey abundance would lead to higher predator abundance. Devils and quolls have high 
dietary overlap, both feeding mainly on Bennett’s wallaby (Macropus rufogriseus, hereafter 
‘wallaby’) and Tasmanian pademelon (Thylogale billardierii, hereafter ‘pademelon’) (Andersen et 
al. 2017). Conversely, cats prey mostly on smaller animals of rabbit size or less (Doherty et al. 
2015). We therefore predicted that devils and quolls would respond positively to wallaby and 
pademelon abundance, and that cats would respond positively to the abundance of smaller 
mammals. Concerningly, of the small mammals detected in this study, only 5% were native 
species, while the invasive black rat (Rattus rattus) comprised 81% of detections. Because of 
limited sample size, we restricted our a priori SEM to include only black rats, and hypothesised 
that cats would respond positively to black rats.  

Materials and methods 

i) Study area and camera trapping

DFTD first emerged in north-east Tasmania in ~1996 and has since spread to ~80% of the devil’s 

range (Lazenby et al. 2018), establishing a gradient of disease-induced population decline. We 

selected 28 independent study sites spanning this gradient, from the long-diseased north-east of 

Tasmania where DFTD was present for ~20 years to the disease-free north-west of Tasmania (Fig 1a). 

Each study site comprised a 2-km transect of 14 remote cameras (explained below) and was on 

average 15 km from the nearest study site. We selected study sites to sample three of Tasmania’s 

major vegetation communities: wet eucalypt/rainforest, dry eucalypt forest and coastal vegetation 

(TASVEG 3.0 GIS layer). We ensured comparability of sites of the same vegetation type by ensuring 
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similar average rainfall (dry: 750-1500 mm, wet: 1100-2000 mm; coastal: 650-1200; Bureau of 

Meteorology GIS layer) and elevation (dry < 500 m, wet < 800 m, coastal < 100 m). Each vegetation 

type was approximately equally represented across the gradient of population decline to ensure that 

vegetation type was not confounded with time since DFTD arrival (Fig 1a). All sites were in reserves, 

which are the areas of Tasmania where human influence is least (i.e., no hunting or recent logging).  

We deployed 14 remote cameras (Reconyx PC-800 infrared) at each study site for at least 39 days, 

giving a total of 392 remote cameras and at least 15,288 camera nights (between March and August 

2017). Cameras were spaced 100-200 m apart and deployed > 30 m into the forest alongside a 2-km 

section of a low-use, unsealed road. We focussed on surveying many sites using a moderate number 

of cameras at a relatively fine spatial scale rather than surveying fewer sites in detail. This enabled us 

to survey many sites with disease-induced differences in devil abundance and have replication 

across the gradient of the natural experiment. Cameras were fastened to a tree ~75 cm above the 

ground and were positioned facing animal trails or small clearings. To increase detections, we 

suspended a general-purpose olfactory and visual lure from an overhanging branch 2-3 m in front of 

the camera. The lure consisted of a perforated PVC cannister containing dried beef liver, tuna oil, 

peanut butter, rolled oats and sardines, with a CD suspended below.  

ii) Statistical analyses

Our analysis took a two-stage approach. We first derived a measure of each species’ abundance that 

accounts for imperfect detection, and then fed this information into a piecewise structural equation 

model to investigate the community-wide cascading effects of declining devil abundance.   

Abundance of cats 

We estimated the abundance of cats at each independent study site using a mark-resight model 

(McClintock et al. 2009). Mark-resight models estimate abundance when some but not all individuals 

are uniquely identifiable (McClintock et al. 2009) and have been used elsewhere in Australia to 

estimate the abundance of feral cats (McGregor et al. 2015). To estimate the contribution of 

unmarked individuals to the overall population, the model assumes that marked and unmarked 

individuals have identical sighting probabilities (McClintock et al. 2009; McClintock 2018).  

Most cats with tabby or classic patterns could be confidently identified as individuals. We created 

unique encounter histories for each identifiable cat at each site, consisting of the number of times 
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an individual was encountered during a 39-day camera survey. For example, if an individual was 

detected five times during the survey, its capture history was ‘05’. Cats with no unique markings 

were labelled as ‘unmarked’. Cats with markings that could not be identified to the individual level in 

a particular detection event were labelled as ‘marked unidentified’; this usually occurred because of 

a poor or partial photo. Detections of ‘unmarked’ and ‘marked unidentified’ cats were included as 

counts for each study site (McClintock 2018). We used a zero-truncated Poisson log-normal mark-

resight model, which derives an estimate of abundance by first estimating three parameters: the 

intercept for the mean resighting rate (α), the number of unmarked individuals in the population 

during the sampling occasion (U), and individual heterogeneity (σ) (McClintock et al. 2009; 

McClintock 2018).  

When estimating the abundance of low-density, elusive carnivores, like feral cats in Tasmania, 

Gerber et al. (2014) recommend that information about the detection process be shared across 

study sites. For instance, information about the resighting rate of cats can be shared across sites to 

inform the abundance of cats at sites with very small populations and consequently few detections. 

Information theoretic model selection can then be used to test whether sharing information is 

supported by the data (White 2005; Gerber et al. 2014). We constructed 11 biologically plausible 

models (Supplementary Table 1), some of which shared information across sites. We modelled α in 

response to a combination of three variables: 1) a binary variable for whether DFTD was present at a 

study site (which could affect devil abundance, and in turn cat behaviour), 2) the number of devil 

detections at a site, 3) years since DFTD outbreak, and 4) vegetation type. We modelled σ as 1) a 

constant intercept for all sites, 2) fixed to zero, and 3) individually for each site. We modelled the 

intercept for U as 1) constant across all sites, or 2) individually for each site. We excluded models 

that did not converge, and selected the best models using information-theoretic model selection 

(Burnham & Anderson 2002). Eight models were within 7ΔAICc (Burnham et al. 2011) (see 

Supplementary Table 1 for model selection table). We therefore performed model averaging 

(Burnham & Anderson 2002) by first deriving estimates of cat abundance from each model, and then 

multiplying each estimate by that model’s AICc weight. This produced a model-averaged estimate of 

cat abundance at each site. Because sites were not geographically bounded and cats are not thought 

to be territorial in Tasmania, the estimated abundance relates to the ‘super population’ of cats 

available for detection on the camera array (McClintock 2018), and therefore relates to an area 

larger than the 2-km transect. The mark-resight analysis was performed using the ‘RMark’ package 

(Laake 2013) in R (R Core Team 2019). 
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Abundance of other species 

Because the remaining species in the hypothesised food-web (Fig 1b) were difficult or impossible to 

identify to the individual level, we derived detectability-corrected measures of abundance, either 

using the N-mixture model (Royle 2004) or the Royle-Nichols model (Royle & Nichols 2003). These 

models are extensions of occupancy modelling (MacKenzie et al. 2002) that in addition to modelling 

detection probability also model abundance. Both models rely on temporally and spatially replicated 

detection histories, which are counts in the case of the N-mixture model (Royle 2004) and presence-

absences for the Royle-Nichols model (Royle & Nichols 2003). Because the N-mixture model uses 

count data rather than presence-absence data, we used it to estimate the abundance of species 

where counts of detections often exceeded one (i.e., devils, wallabies, possums and pademelons). 

Because the Royle-Nichols model uses presence-absence data, we used it to estimate abundance for 

the species where counts of detections rarely exceeded one (i.e., quolls, bandicoots and black rats. 

For these species, we truncated the small number of counts larger than one to one.  

To create the detection history, we partitioned each 39-day survey into five periods for each camera 

(four 10-day periods and one 9-day period). We recorded the number of independent detections of 

a species in each period at each camera. We defined a detection as independent if at least 30 

minutes separated the next detection of that species at that study site, as is common in similar 

studies (e.g., Brook et al. 2012).  

For the species analysed using the N-mixture model, we first tested whether the detection histories 

best conformed to the Poisson or zero-inflated Poisson distributions. To do this, we created an 

intercept-only N-mixture model for both distributions and then proceeded with the distribution with 

the lowest AICc value (e.g., Ficetola et al. 2018). For each species, the winning distribution was the 

zero-inflated Poisson distribution. We did not consider the negative binomial distribution because it 

can produce biologically unrealistic results (Joseph et al. 2009; Dennis et al. 2015). The Royle-Nichols 

model does not require this step.  

We then created nine biologically plausible models. The most complex model consisted of detection 

probability modelled in response to ‘lure age’ and ‘date’ (both also with quadratic terms to allow for 

non-linear effects), and abundance modelled in response to ‘study site’. ‘Lure age’ increased from 1 

in the first period to 5 in the fifth period. ‘Date’ was set at 1 for the beginning of the first survey and 

increased for every day of the study. We modelled detection probability in response to ‘date’ 

because cameras were moved between study sites over the course of approximately six months, 

which could cause cameras to detect behaviours that differ among seasons and potentially affect 

detection probability. We did not expect that date would substantially affect abundance because the 
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survey was conducted in autumn and winter, which is after the time (most commonly spring) when 

juveniles enter the population for most species.  

We created all simpler combinations of the most complex model and selected the best-performing 

models using AICc (Burnham & Anderson 2002). We assessed whether high-ranking models 

contained uninformative parameters, which are often present when comparing nested models, 

simply because the inclusion of an uninformative parameter receives a penalty of 2 AIC points 

(Anderson 2007; Leroux 2019). Uninformative parameters can be identified when their addition to a 

simpler nested model causes little improvement in the log-likelihood and when confidence intervals 

for the parameter estimate span zero (Anderson 2007; Leroux 2019). In such cases, we omitted the 

model (Leroux 2019). We predicted abundance and standard errors for each of the 28 study sites, 

either from the best model when there was a clear winning model, or a model-averaged prediction 

when competing models were within 7ΔAICc (Burnham et al. 2011). We fitted the models using the 

‘pcount’ (N-mixture) and ‘occuRN’ (Royle-Nichols) functions within the ‘unmarked’ package (Fiske & 

Chandler 2011) in R. 

The motivation for the analysis was to compare trends in the abundance of species at sites with 

differing abundance of devils, not to estimate the absolute densities of species. We did not attempt 

to estimate the area from which animals were available for detection. In such situations when the 

sample area is unknown, Royle (2004) states that the derived estimates should still serve as a useful 

measure of abundance that accounts for detection probability, which should be sufficient for 

evaluating geographic differences in abundance. We therefore treat the estimates from the N-

mixture and Royle-Nichols models as detectability-corrected indices of abundance that enable us to 

compare trends in abundance between sites.  

Structural equation modelling 

To model the community-wide effects of devil population declines, we used the detectability-

corrected measures of abundance, detailed in the previous two sections, as variables in a piecewise 

structural equation model (SEM). In contrast to classical SEM, which calculates parameter estimates 

globally, piecewise SEM uses individual regressions to calculate local estimates for each pathway in a 

hypothesised causal network (Grace et al. 2012; Lefcheck 2016). Because each response variable is 

modelled individually, piecewise SEM can accommodate a wide range of distributions and model 

types and is therefore useful for ecological datasets, which often violate the assumptions of classical 

SEM (Grace et al. 2012; Lefcheck 2016).  



Chapter 5: Cascading effects on community composition 

85 

We developed an a priori SEM (Fig 1b) based on previous research involving these species and a 

combination of trophic cascade theory, mesopredator release hypothesis, and possible bottom-up 

drivers. See Box 1 for a detailed justification for the a priori SEM. To construct the SEM, we fitted an 

individual regression for each species either using a generalised linear model (GLM) or ordinary least 

squares regression (see Supplementary Table 2). Mixed models were not necessary because we 

modelled a single abundance estimate for each independent study site, which meant that the 

structure of the data was not nested.  

For bandicoots, we initially modelled abundance with a GLM, but this performed poorly because 

bandicoots showed a negative triangular relationship with the abundance of cats and wallabies, as 

revealed by bivariate scatter plots. In such situations, standard regression methods that estimate 

changes in the mean are not appropriate because of heterogeneous variance. Instead, quantile 

regression can be used to model the edges of a triangular scatter and the limiting effect of one 

variable on another (Cade et al. 1999; Cade & Noon 2003; Johnson & VanDerWal 2009). In a SEM 

context, Grace et al. (2012) recommend using local approaches that best meet the need of a 

pathway. Because we aimed to investigate whether cats or wallabies impose an upper limit on 

bandicoot abundance, we therefore used quantile regression to model bandicoot abundance at the 

0.99th quantile with bootstrapped standard errors (Feng et al. 2011) using the ‘quantreg’ package 

(Koenker 2018) in R (R Core Team 2019). The use of quantile regression implies that some important 

factors that affect the ecological process have not been measured (Cade & Noon 2003).  

To produce a parsimonious SEM, we used backward stepwise model reduction by sequentially 

removing non-significant paths (α = 0.05) until only significant predictors remained (for the same 

approach, see Gordon et al. (2017)). We calculated standardised path coefficients using the relevant 

range method (Grace & Bollen 2005) and R2  for each species (‘rsq’ package). We did not calculate 

standardised coefficients and R2 for quantile regression because it does not have a comparable 

interpretation. We assessed overall fit of the SEM using Shipley’s test of d-separation (Shipley 2000, 

2009), which tests whether all unconnected variables are conditionally independent, and considered 

the final SEM consistent with the data if Fisher’s C had p > 0.05. This test revealed positive wallaby-

pademelon and wallaby-possum associations; we did not have a theoretical expectation about these 

relationships, so we specified them as partial correlations (i.e. accounting for the effect of 

covariates), which assumes the association is driven by an unmeasured underlying process (Lefcheck 

2016).  
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Results   

Estimates of abundance 

We first derived detectability-corrected estimates of each species’ abundance, which we then fed 

into a structural equation model. We present the estimates of abundance in Supplementary Table 3. 

Supplementary Table 1 shows the model selection table for estimating cat abundance, and 

supplementary Table 4 shows the model selection table for estimating abundance indices for all 

other species.  

Figure 2. Final parsimonious structural equation model showing that devil population declines have 
triggered a re-structuring of the food web. The lines represent significant pathways at α = 0.05, with 
blue denoting a positive relationship and red a negative relationship. Grey lines refer to vegetation 
type, which is a three-level categorical variable (dry eucalypt, wet eucalypt/rainforest, coastal). 
Double-headed arrows denote the partial correlation for an association that we did not assign a 
direction to, analogous to correlated errors. Line width is scaled according to the size of the 
coefficient, which we standardized using the relevant range method. “QR” denotes paths modelled 
by quantile regression; these paths do not have standardised coefficients or R2 because the 
interpretation is not comparable. *p < 0.05, **p < 0.01, *** p < 0.001. Raw coefficients are in Table 
1.
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Structural equation modelling reveals cascading effects of devil declines 

Devil facial tumour disease caused an average decline in devil abundance of 83% at long-diseased 

sites (as estimated by the GLM; Fig 3a), which seemingly triggered a reorganisation of the food web. 

The SEM (Fig 2) revealed that cat abundance increased with increasing time since disease arrival to a 

site (Fig 3b), which in turn had a limiting effect on the abundance of bandicoots (Fig 3c). Cat 

abundance was on average 58% higher at sites with DFTD than sites without DFTD (Fig 4a). The 

relationship between devil and cat abundance was triangular in shape; where devil abundance was 

high, cat abundance was consistently low, and where devils were rare, cats were sometimes highly 

abundant but were not always so (Fig 4b). Similarly, the relationship between cat and bandicoot 

abundance was negative and triangular in shape: bandicoots were most abundant at sites with lower 

cat abundance (Fig 3c). The abundance of two major prey species of devils (but not of cats), the 

Bennett’s wallaby and brushtail possum (Jones & Barmuta 1998; Andersen et al. 2017; Ingram 2018), 

increased with time since DFTD arrival (Fig 2; Supplementary Figure 1), suggesting these species 

have been released from top-down control. See Table 1 for results of the final regressions.  

Figure 3: Three key pathways from the structural equation model, revealing that devil population 
declines were associated with increased abundance of an invasive mesopredator, the feral cat, which 
in turn had a negative effect on a medium-sized prey species, the southern brown bandicoot. Circles 
denote measures of abundance (± s.e.) at sites with coastal vegetation, triangles denote dry 
eucalypt, and squares wet eucalypt/rainforest. (a) For Tasmanian devils, we estimated a 
detectability-corrected index of abundance using the N-mixture model, and modelled this in the SEM 
using a GLM, shown by the grey line (± 95% CI). (b) We estimated feral cat abundance using a mark-
resight model, and modelled this pathway in the SEM with ordinary least squares regression, shown 
by the grey line (± 95% CI). (c) For bandicoots, we estimated a detectability-corrected index of 
abundance using the Royle-Nichols model, and the grey line shows the SEM pathway, which was 
modelled by quantile regression at the 0.99th quantile.  
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Figure 4: These graphs are additional visualisations showing how cat abundance relates to devil 
facial tumour disease region and devil abundance. (a) We used a mark-resight model to estimate the 
abundance of feral cats at each study site, shown by the coloured points (± 95% CI). The p-value 
relates to an ordinary least squares regression of cat abundance (square root transformed) in 
response to DFTD status, and the black dots (± 95% CI) show the back-transformed estimate of mean 
cat abundance from this regression. (b) To assess whether devils impose an upper limit on cat 
abundance, we additionally modelled cat abundance in response to the detectability-corrected index 
of devil abundance at the 0.99th quantile. The circles denote sites with coastal vegetation, the 
triangles denote dry eucalypt, and squares denote wet eucalypt/rainforest. 

The simultaneous role of top-down and bottom-up drivers in shaping ecosystems (Sinclair et al. 

2003; Elmhagen & Rushton 2007; Elmhagen et al. 2010) was evident in the final SEM by the 

presence of top-down and bottom-up pathways. In contrast to the feral cat, the native 

mesopredator – the spotted-tailed quoll – showed no change in abundance in response to devil 

declines. Instead, quolls were positively associated with the abundance of their primary prey, 

pademelon (Fig 2; Supplementary Figure 1; Jones & Barmuta 1998; Andersen et al. 2017). Similarly, 

devils were strongly positively associated with wallaby abundance (Fig 2; Supplementary Figure 1), 

and the GLM showed that wallaby abundance was highest in coastal vegetation, where the structure 

is most open and forage most accessible (abundance was 10.2-fold higher than in wet 

forest/rainforest, and 3.3-fold higher than in dry eucalypt forest, as estimated by the GLM; 

Supplementary Figure 1). This offers a mechanistic explanation for the apparent preference of devils 

for coastal vegetation (Hollings et al. 2016), suggesting they prefer coastal vegetation because of the 

higher abundance of wallabies, their largest common prey (Andersen et al. 2017). The final SEM 

fitted the data well (Fishers C = 23.02, p = 0.81), suggesting there were no missing paths between 

unconnected variables. 

a) b) 
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Table 1: results of the final regression models that comprised the piecewise structural equation 
model. ‘OLS’ refers to ordinary least squares regression and ‘GLM’ refers to a generalised linear 
model.   

Coefficient 
(std. error) p-value

Tasmanian devil; GLM 
(Intercept) 1.451 (0.174) <0.0001 *** 
yearsDFTD -0.09 (0.02) 0.0001 *** 
Wallaby 0.089 (0.02) 0.0002 *** 

Spotted-tailed quoll; OLS 
(Intercept) 0.51 (0.478) 0.295 
pademelon 0.169 (0.047) 0.0012 ** 

Feral cat; OLS 
(Intercept) 2.056 (0.139) <0.0001 *** 
yearsDFTD 0.026 (0.008) 0.0301 *

Bennett’s wallaby; GLM 
(Intercept) 1.708 (0.307) <0.0001 *** 
HabitatDry -1.197 (0.358) 0.0027 **
HabitatWet -2.322 (0.534) 0.0002 ***
yearsDFTD 0.051 (0.021) 0.02 * 

Tasmanian pademelon; OLS 
No significant paths 

Brushtail possum; OLS 
(Intercept) 1.526 (0.372) 0.0004 *** 
yearsDFTD 0.058 (0.023) 0.0169 *
HabitatDry -0.626 (0.444) 0.171 
HabitatWet -0.941 (0.408) 0.03 * 

Southern brown bandicoot, 0.99th quantile 
(Intercept) 2.299 (0.137) <0.0001 *** 
cats -0.124 (0.033) 0.001 ** 
wallaby -0.055 (0.02) 0.013 *

Black rat; OLS 
No significant paths 

Discussion 

The severe disease-induced decline of the Tasmanian devil, an apex predator, seemingly caused a 

reorganisation of the food web, including the release of feral cats and a concomitant decline of 

native bandicoots. Our findings highlight that apex predators not only have important regulatory 

effects on native prey species – in this case, possums and wallabies – but they also confer resistance 

to the impacts of invasive populations, which are a major global extinction threat (Doherty et al. 

2016).  
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By estimating the abundance of cats at many sites across the full range of devil densities and disease 

outbreak times, we provide evidence that devils limit the abundance of feral cats, helping to clarify a 

previous debate. In a remote-camera study, Fancourt et al. (2015) claimed that devils do not limit 

cats. That study, however, used an inappropriate design by only surveying sites where DFTD had 

been present for > 5 years, therefore including no sites with high devil densities. Our finding adds to 

those from two other studies, one using longitudinal spotlight surveys and one using hair traps 

(Hollings et al. 2014; Hollings et al. 2016), that both show an increase in cat detections following 

devil declines. We show that although devils never eliminate cats, they do limit their abundance, and 

this seemingly facilitates the persistence of bandicoots.  

Other research shows that devil declines have resulted in the behavioural release of quolls. For 

instance, where devils are rare, quolls consume more carrion (Cunningham et al. 2018) and increase 

their activity during the period of the day preferred by devils (Cunningham et al. 2019c). Despite this 

behavioural release, no study has found evidence for increased abundance of quolls following devil 

declines (Hollings et al. 2014; Troy 2014; Hollings et al. 2016), and our study further supports those 

findings.  

The divergent responses of the two mesopredators – the invasive cat and the native quoll – raises 

the question of whether native apex predators could, in general, have a stronger suppressive 

influence on invasive mesopredators than on coevolved mesopredators. This could arise because 

evolutionary naivete may leave an invasive mesopredator without beneficial behaviours or 

morphologies (Sih et al. 2010), similar to the way that invasive predators have stronger effects on 

evolutionarily naïve prey than on coevolved prey (Salo et al. 2007). Although this hypothesis applied 

to effects of apex predators on mesopredators is speculative and requires testing in other systems, 

there is some support for it from other studies. For instance, Crooks and Soulé (1999) showed that 

the presence of a native apex predator, the coyote (Canis latrans), had a stronger negative effect on 

introduced mesopredators (feral cat and Virginia opossum Didelphis virginiana) than on native 

mesopredators (grey fox Urocyon cinereoargenteus, racoon Procyon lotor, and striped skunk 

Mephitis mephitis). Similarly, Iberian lynx (Lynx pardinus) had a stronger negative effect on 

introduced mesopredators (Egyptian mongoose Herpestes ichneumon and common genets Genetta 

genetta) than on native mesopredators (red foxes and European badgers Meles meles) (Palomares 

et al. 1996). In theory, the weaker effect of apex predators on coevolved mesopredators could arise 

because eco-morphological divergence over evolutionary time-scales gives rise to niche partitioning 

(Jones 2003), leading to behaviours that reduce encounter rates and facilitate coexistence (Schoener 

1974; Linnell & Strand 2000). Others have shown that apex predators can confer resistance to the 

effects of invasive populations (Ritchie & Johnson 2009; Wallach et al. 2010; Letnic et al. 2011; 
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Ritchie et al. 2012; Gordon et al. 2015; Derham et al. 2018). We extend this to suggest that native 

apex predators could potentially have even stronger effects on introduced than coevolved 

mesopredators.  

The greater abundance of possums in long-diseased areas agrees with other research that shows 

declining devil abundance has released possums from top-down control. For example, possums 

relaxed their risk-sensitive foraging behaviours following devil population declines (Hollings et al. 

2015), and reinstated these behaviours following the introduction of devils to the previously devil-

free Maria Island (Cunningham et al. 2019a). Wallabies also responded to the introduction of devils 

to Maria Island by increasing activity at periods of the day when devils are inactive (Cunningham et 

al. 2019c). Because possums are typically arboreal but often forage on the ground, the trends we 

show here could reflect changes in abundance or increased ground-based activity by possums in 

response to a relaxed landscape of fear (Hollings et al. 2015; Cunningham et al. 2019a) 

Disease outbreaks and other environmental perturbations provide valuable natural experiments that 

can improve our understanding of how ecosystems function (Holdo et al. 2009). This is particularly 

so when perturbations are independent of human effects, like DFTD, because these cases reduce 

anthropogenic confounding. This is significant because many other studies of the effects of large-

carnivore declines have been conducted on cases where carnivores have declined because of human 

effects (Ripple et al. 2014), which are also likely to affect many other species. These anthropogenic 

effects could mask or confound the relationships between carnivore decline and changes in other 

species, and so far, has been one of the major challenges in disentangling mesopredator release 

from land-use change (Prugh et al. 2009). Disease-induced natural experiments have helped shape 

our understanding of broad-scale processes that would otherwise be unfeasible or unethical to 

manipulate. For instance, the eradication of rinderpest in the Serengeti caused an irruption of 

wildebeest, which in turn suppressed fire and facilitated tree regeneration (Holdo et al. 2009). 

Similarly, a mange outbreak in Scandinavian red foxes (Vulpes vulpes) led to severe population 

declines, revealing predation by foxes as a crucial process regulating the abundance of several prey 

species (Lindström et al. 1994). Of course, natural experiments are not true manipulative 

experiments. Most notably for our study, the results need to be interpreted in the context of the 

east-west correlative design; at a regional scale, the west of Tasmania tends to be wetter, but 

importantly our site selection controlled for rainfall, vegetation type, and elevation.  

A growing body of research highlights the importance of apex predators in protecting small prey 

species (Crooks & Soulé 1999; Prugh et al. 2009), yet this potential is rarely harnessed to reduce the 

harm caused by invasive predators (Derham et al. 2018). In Australia, the global hotspot of small-
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mammal extinctions (Woinarski et al. 2015), there is compelling evidence that dingoes sometimes 

benefit small mammals by suppressing mesopredators and by promoting vegetation cover through 

the suppression of large herbivores (Johnson et al. 2007; Johnson & VanDerWal 2009; Letnic et al. 

2009; Wallach et al. 2010; Brook et al. 2012; Colman et al. 2014). Despite these benefits, dingoes are 

lethally controlled across much of the continent. The Australian Government plans to kill 2 million 

feral cats by 2020 in a “war on cats”, but this has a weak scientific basis because this target is not 

linked to conservation outcomes (Doherty et al. 2019), is difficult to achieve at broad scales, and 

does not attempt to harness the potential for apex predators to indirectly protect smaller wildlife 

(i.e., by relaxing lethal control of apex predators; Cunningham et al. 2019b). In areas of the 

Australian mainland where restoring dingo populations remains socially unacceptable, it is worth 

exploring whether devils could fill the void, given they were present on the mainland until 

approximately 3200 years ago (White et al. 2018) and the synergistic causes of their extinction 

(climate, dingoes and human intensification) are sufficiently understood (Brown 2006; Brüniche-

Olsen et al. 2014; Prowse et al. 2014; Brüniche–Olsen et al. 2018). This could begin with a carefully 

controlled experimental reintroduction of devils to a bounded landscape to assess whether they can 

perform key top-down functions in ecosystems on mainland Australia, as modelling suggests (Hunter 

et al. 2015). 

Following the extinction of the thylacine, the Tasmanian devil has ascended to the role of Tasmania’s 

apex predator. Our findings provide rare evidence of a trophic cascade caused by changes in the 

abundance of a marsupial predator, and we suggest the trophic effects of the thylacine, at 

approximately twice the mass of the devil, may have been even stronger. The conservation 

implications of our findings therefore need to be interpreted in the context of shifting baselines.. 

The term ‘apex predator’ is context-specific, referring to species at the top of food webs with no 

significant predators themselves (Prugh et al. 2009; Ritchie & Johnson 2009). In ecological 

communities where the largest apex predators have been extirpated, control of invasive predators 

may still be effective if the remaining predators are sufficiently large (the general rule is at least 

twice as large; Donadio & Buskirk 2006; Ritchie & Johnson 2009). Humans typically have less conflict 

with medium-sized native carnivores than large carnivores. This suggests our findings have 

management implications for areas where large carnivores will never be tolerated and where harm 

is caused by invasive mesopredators. We speculatively suggest that the effects of larger native 

predators may be stronger on evolutionarily naive mesopredators than on coevolved 

mesopredators, and we encourage more work in other systems to test if this is a general 

phenomenon. Overall, our results should reinforce the importance of apex predators in promoting 
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the inherent strengths that enable resilient ecosystems (Wallach et al. 2010), and inspire a more 

self-sustaining, ecosystem-based approach to managing the harm caused by invasive predators. 
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Supplementary Material 

Supplementary Table 1: model selection table for estimating feral cat abundance using a zero-

truncated Poisson log-normal mark-resight model. This type of mark-resight model derives an 

estimate of abundance by first estimating three parameters: the intercept for the mean resighting 

rate (α), the number of unmarked individuals in the population during the primary sampling 

occasion (U), and individual heterogeneity (σ). Because numerous models were competitive, we 

derived a model-averaged estimate of cat abundance for each independent study site. We did this 

by deriving abundance estimates from each model that were then multiplied by that model’s AICc 

model weight.  

Model structure Number of 
parameters AICc ΔAICc Model 

weight Deviance 
α σ U 

~ DFTDbinary ~ 1 ~ 1 4 231.35 0.00 0.32 222.88 
~ DFTDbinary + date ~ 1 ~ 1 5 232.14 0.79 0.22 221.44 

~ date ~ 1 ~ 1 4 232.97 1.62 0.14 224.51 
~ 1 ~ 1 ~ 1 3 233.79 2.44 0.09 227.51 

~ devil + date ~ 1 ~ 1 5 234.03 2.68 0.08 223.32 
~ devil ~ 1 ~ 1 4 234.43 3.08 0.07 225.96 

~ yrsDFTD ~ 1 ~ 1 4 234.65 3.30 0.06 226.19 
~ Habitat ~ 1 ~ 1 5 238.17 6.82 0.01 227.46 

~ 1 fixed 
to 0 ~ 1 2 266.03 34.69 0.00 261.90 

~ DFTDbinary ~ site ~ 1 Model did not converge 
~ DFTDbinary ~ 1 ~ site Model did not converge 
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Supplementary Table 2. Overview of the model structures that comprise the piecewise structural 

equation model. We selected the model type for each species that best met the needs of a given 

response variable, which involved ensuring that each model satisfied model assumptions. We 

selected the most parsimonious model for each species using backwards stepwise model reduction. 

Response variable Predictor variables Model type 

Devil abundance index years diseased + vegetation type + wallaby + pademelon + possum GLM  
     quasipoisson distribution 

Quoll abundance index  devil + years diseased + vegetation type + wallaby + pademelon + possum Ordinary least squares 

Cat abundance  
        (square root transformed) 

devil + years diseased + vegetation type + rodent-sized mammals  Ordinary least squares 

Possum abundance index  
        (square root transformed) 

years diseased + vegetation type  Ordinary least squares 

Pademelon abundance index 
        (square root transformed) 

years diseased + vegetation type Ordinary least squares 

Wallaby abundance index years diseased + vegetation type GLM 
     quasipoisson distribution 

Bandicoot abundance index quoll + cat + wallaby + pademelon + vegetation type Quantile regression  
     0.99th quantile 

Black rat abundance index 
        (square root transformed) 

vegetation type Ordinary least squares 
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Supplementary Table 3: Derived measure of abundance (± SE) for each species analysed in the structural equation model. The study sites are ordered in the table based on 1 

increasing years since the arrival of devil facial tumour disease, ranging from sites that are disease-free to sites that had been diseased for 20 years. 2 

Site years DFTD Vegetation Devil Cat Quoll Wallaby Bandicoot Possum Pademelon Black rat 

Arthur River Bluff Pt 0 Coastal 6.78 (1.21) 2.66 (0.79) 0.88 (0.61) 3.03 (0.59) 0.12 (0.12) 0.29 (0.17) 6.46 (0.84) 0 (0.00001) 

Arthur River South 0 Coastal 5.99 (1.11) 4.82 (0.67) 0 (0.0004) 2.12 (0.5) 1.19 (0.47) 0.42 (0.22) 7.25 (0.91) 0.23 (0.16) 

Arthur River West Pt 0 Coastal 8.18 (1.41) 5.7 (0.96) 3.89 (2.09) 9.38 (1.13) 0.85 (0.37) 7.94 (1.55) 16.51 (1.4) 0.41 (0.21) 

Bond Tier 0 Wet 2.11 (0.64) 5.79 (0.97) 0.88 (0.61) 0 (0.0007) 0 (0.00008) 0 (0.0008) 6.85 (0.84) 0 (0.00001) 

Lerunna 0 Wet 3.6 (0.91) 4.16 (0.87) 1.87 (1.12) 0 (0.0005) 0 (0.00008) 0 (0.0007) 5.66 (0.75) 0 (0.00001) 

Poilinna Rd 0 Wet 9.63 (1.54) 2.66 (0.79) 3.81 (1.97) 0.89 (0.32) 0.37 (0.22) 0.76 (0.34) 17.45 (1.45) 0.75 (0.31) 

Woolnorth 0 Dry 3.38 (0.81) 1.55 (0.19) 4 (2.11) 0.27 (0.15) 1.2 (0.47) 1.2 (0.41) 12.47 (1.18) 0.2 (0.14) 

Dip Falls 3 Wet 1.54 (0.57) 4.54 (0.88) 2 (1.13) 0.98 (0.34) 1.34 (0.52) 0.23 (0.17) 6.95 (0.86) 0.09 (0.09) 

Rocky Cape 3 Dry 2.94 (0.95) 2.66 (0.79) 0.29 (0.31) 6.97 (1) 0.12 (0.12) 5.95 (0.94) 15.6 (1.36) 1.08 (0.39) 

Wedge Plains 3 Wet 6.31 (1.18) 7.73 (1.17) 1.19 (0.82) 0.25 (0.15) 0.37 (0.22) 0.54 (0.25) 7.34 (0.87) 0.76 (0.33) 

Wrights Rd 3 Wet 4.58 (1.05) 5.58 (0.73) 3.15 (1.67) 2.9 (0.85) 0.94 (0.44) 3.21 (0.83) 9.85 (1.08) 0.45 (0.22) 

Narawntapu Bakers Beach 10 Coastal 11.76 (1.81) 3.7 (0.55) 3.02 (1.65) 17.08 (2.23) 0 (0.00007) 11.46 (1.76) 15.78 (1.4) 0.2 (0.14) 

Narawntapu Point Vision 10 Coastal 1.21 (0.45) 5.44 (0.68) 1.18 (0.74) 6.07 (0.85) 0.58 (0.3) 0.56 (0.27) 9.4 (1.01) 0.09 (0.09) 

Blazeleys Rd 11 Dry 3.43 (0.9) 9.59 (1.34) 0.63 (0.51) 0.19 (0.13) 0.28 (0.21) 0 (0.0008) 3.72 (0.62) 0.2 (0.14) 

Greens Beach 11 Coastal 2.06 (0.67) 5.23 (0.66) 6.53 (3.25) 4.53 (0.78) 0.75 (0.36) 5.04 (0.87) 8.57 (0.99) 0.31 (0.18) 

Kerrisons Rd 11 Dry 0 (0.0004) 8.11 (1.19) 2.44 (1.28) 1.68 (0.44) 0.12 (0.12) 0 (0.0008) 7.34 (0.87) 0.54 (0.24) 

Bensemens Rd 12 Dry 1.54 (0.55) 5.8 (0.83) 2.21 (1.26) 3.79 (0.71) 0.12 (0.12) 8.88 (1.42) 8.13 (0.93) 0.27 (0.16) 

Dial Range 12 Wet 0.29 (0.21) 6.31 (1.03) 3.37 (1.83) 0 (0.0006) 0.15 (0.16) 1.05 (0.44) 7 (0.91) 1.44 (0.49) 

Lake McKenzie Rd 14 Wet 0 (0.0004) 11.68 (1.7) 0.88 (0.61) 3.11 (0.71) 0 (0.00008) 4.24 (1.17) 5.27 (0.73) 0.18 (0.13) 

Friendly Beaches 16 Coastal 3.61 (0.91) 3.69 (0.46) 1.19 (0.82) 8.35 (1.15) 0.12 (0.12) 12.09 (1.54) 0.73 (0.27) 0.28 (0.16) 

Douglas Apsley 18 Dry 3.51 (0.85) 5.09 (0.67) 0.36 (0.39) 1.28 (0.36) 0 (0.00008) 4.23 (0.86) 0.26 (0.15) 0.09 (0.09) 

Emu Flat Rd Weldborough 18 Wet 0 (0.0004) 4.54 (0.89) 1.18 (0.83) 0.97 (0.33) 1.68 (0.64) 2.96 (0.84) 11.2 (1.12) 0.56 (0.24) 

Tombstone Creek 19 Wet 1.59 (0.56) 3.54 (0.45) 1.95 (1.23) 0.37 (0.19) 0 (0.00008) 2.22 (0.56) 2.63 (0.52) 0 (0.00001) 

Waterhouse 19 Coastal 5.03 (1.09) 7.91 (1.17) 5.24 (2.67) 24.11 (2.22) 0 (0.00008) 8.8 (1.19) 26.48 (3.19) 0.09 (0.09) 

Ansons Bay Rd 20 Dry 1.47 (0.46) 8.27 (1.2) 0.29 (0.31) 6.73 (0.99) 0.9 (0.39) 3.66 (0.68) 1.2 (0.34) 0 (0.0002) 

Blue Tier 20 Wet 0 (0.00043) 4.39 (0.9) 2.29 (1.24) 0.46 (0.21) 0 (0.00007) 2.63 (0.67) 7.57 (0.92) 2.16 (0.6) 

Eddystone 20 Coastal 3.5 (0.85) 7.78 (1.16) 0 (0.0004) 12.58 (1.87) 0 (0.00008) 3.72 (0.91) 4.91 (1.06) 0.27 (0.16) 

Three Notch Track 20 Dry 0.25 (0.18) 6.64 (1.1) 0 (0.0004) 5.16 (0.96) 0.95 (0.42) 5.08 (1.03) 7.31 (0.91) 0.09 (0.09) 
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Supplementary Table 4: Model selection tables for estimating the abundance of Tasmanian devils, 
Bennett’s wallabies, southern brown bandicoots, spotted-tailed quolls, common brushtail possums, 
Tasmanian pademelons and black rats. We used the N-mixture model and Royle-Nichols model, both 
of which model abundance as well as detection probability. For each species, we present models 
within ΔAIC less than 7, as well as the null model.  

Abundance Detection Number of 
parameters AIC ΔAIC AIC weight 

Tasmanian devil: N-mixture 
~ study site ~ lure age 31 3311.84 0.00 1.00 
~ 1 ~ 1 3 3635.43 323.59 0.00 

Bennett's wallaby: N-mixture 
~ study site ~ lure age + lure age2 + date 33 4582.38 0.00 0.86 
~ study site ~ lure age + lure age2 32 4586.53 4.15 0.11 
~ 1 ~ 1 3 5422.77 840.39 0.00 

Southern brown bandicoot: Royle-Nichols 
~ study site ~ lure age + lure age2 31 749.06 0.00 0.70 
~ study site ~ lure age 30 750.73 1.67 0.30 
~ 1 ~ 1 2 815.38 66.32 0.00 

Spotted-tailed quoll: Royle-Nichols 
~ study site ~ lure age 30 1134.33 0.00 1.00 
~ 1 ~ 1 2 1197.34 63.02 0.00 

Common brushtail-possum: N-mixture 
~ study site ~ lure age + lure age2 + date 33 3876.54 0.00 0.40 
~ study site ~ lure age + date 32 3876.78 0.24 0.35 
~ study site ~ lure age + lure age2 32 3878.78 2.24 0.13 
~ study site ~ lure age 31 3879.03 2.49 0.12 
~ 1 ~ 1 3 4319.37 442.83 0.00 

Tasmanian pademelon: N-mixture 
~ study site ~ lure age + lure age2 32 7734.02 0.00 1.00 
~ 1 ~ 1 3 8284.67 550.65 0.00 

Black rat: Royle-Nichols 
~ study site ~ 1 29 849.18 0.00 1.00 
~ 1 ~ 1 2 901.04 51.85 0.00 
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Supplementary figure 1: Pathways from the structural equation model (excluding those shown in Fig 
3 of the paper). We modelled each response variable in the SEM locally using a regression that best 
met the needs of a given pathway. We modelled the abundance of devils (a) and wallabies (d) using 
generalised linear models. We used ordinary least squares regression to model the abundance of 
spotted-tailed quolls (b) and brushtail possums (c). We modelled bandicoot abundance at the 0.99th 
quantile using quantile regression. 

a) 

b) 

c)

d) 

e)
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General discussion 

Ecological effects of rising and falling devil abundance 

The severe decline of the Tasmanian devil, caused by a transmissible cancer, and the subsequent 

introduction of devils to Maria Island has revealed new insights into the mechanisms by which top 

predators may structure ecosystems. Globally, large predators have declined across much of the 

Earth and some of the ensuing trophic cascades have been well-studied (Estes et al. 2011, Ripple et 

al. 2014). Predator recoveries, however, are much rarer than declines, and apart from a few well-

known examples (e.g., the wolves of Yellowstone), there is a lack of evidence about the ecological 

effects of carnivore recoveries (Alston et al. 2019). Possibly, this relative lack of evidence arises 

because most of the significant carnivore recoveries are currently happening in landscapes of 

western Europe where strong human influence may mask the ecological effects of predators (either 

by preventing predators from reaching functional densities or by having simultaneous anthropogenic 

effects on other species). The devil situation is globally unique because, unlike most other predator 

declines, devil population declines are not caused by humans. This means the cascading effects of 

decline and recovery can be studied with little anthropogenic confounding. This thesis is unique in 

that it considers both declining and increasing densities of a top predator, and the community-level 

approach addresses a tendency to over simplify complex ecological systems (Bradley 1983, 

Montgomery et al. 2019). Box 1 summarises the main findings of this thesis and Figure 1 visualises 

the pathways where this thesis reveals evidence for cascading changes to the behaviour and 

abundance of the other groups of species.  
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Box 1: Summary of key findings – cascading effects of changes in devil abundance 

Declining devil abundance on the Tasmanian mainland 

• Devil abundance was ~83% less at long-diseased sites than disease-free sites.

• Carrion persisted in the environment 2.6-fold longer in areas with devil facial tumour

disease. Three mesopredators increased their consumption of carrion: the feral cat,

spotted-tailed quoll and forest raven. The odds of detecting a raven have more than

doubled over the last two decades across Tasmania.

• Spotted-tailed quolls reduced their temporal avoidance of devils, demonstrating release

from interference competition. Cats showed no change in temporal activity, which means

the increase in spotlight detections of cats reported by Hollings et al. (2014) does not

represent increased nocturnality; rather, it probably represents increased abundance.

• A three-level restructuring of the food web occurred: devil declines were associated with

increased abundance of feral cats, which led to lower abundance of the southern brown

bandicoot. Devil declines were also associated with increased detections of some major

prey species, and this also negatively affected bandicoots.

Increasing devil abundance on Maria Island following the introduction of devils 

• Following the introduction of devils, brushtail possums reinstated risk-sensitive foraging

behaviours within a single generation.

• The main prey species of devils increased their temporal avoidance of devils. Possibly,

these types of behavioural effects may occur more rapidly in response to increasing than

decreasing predator densities.
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Figure 1. This thesis reveals three distinct pathways through which devils affect other groups of 
species, either behaviourally or demographically, and indirectly protect smaller prey species. The 
colour of the arrows shows the direction of the relationship revealed in this thesis, either positive 
(blue) or negative (red). Anti-clockwise from the top, the silhouettes represent the Tasmanian devil, 
carrion, spotted-tailed quoll (left), feral cat (right), forest raven, southern brown bandicoot, Bennett’s 
wallaby (left), Tasmanian pademelon (right) and the common brushtail possum. The text below 
summarises the findings of each of these pathways.  

Devils affect their communities through at least three main pathways, all of which can indirectly 

protect smaller prey species (Fig 1). Pathway A (Fig 1) shows that the effects of devils can be 

resource-mediated: devil declines caused carcasses to accumulate in the landscape, which allowed 

mesopredators to increase scavenging (Chapter 2; Cunningham et al. 2018). This could potentially 

have fitness benefits for mesopredators, which could in turn affect smaller prey species like 

bandicoots or songbirds.  

Pathway B (Fig 1) represents behavioural or demographic release of mesopredators. Spotted-tailed 

quolls increased their use of the devil’s temporal niche following devil declines (Chapter 4; 

Cunningham et al. 2019a), and cats are more abundant in areas where devils are rare, which was in 

turn negatively associated with bandicoot abundance (Chapter 5; Cunningham et al. 2020 in press).  

Pathway C (Fig 1) represents both the behavioural and demographic effects of devils on their 

herbivorous prey. Following the introduction of devils to Maria Island, possums rapidly re-learned 

risk-sensitive foraging behaviours (Chapter 3; Cunningham et al. 2019b), and wallaby and wombat 

increased their temporal avoidance of devils (Chapter 4; Cunningham et al. 2019a), both of which 

could have fitness effects. Long-term diseased areas of the Tasmanian mainland had higher wallaby 
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abundance, which was in turn negatively associated with bandicoot abundance (Chapter 5; 

Cunningham et al. 2020 in press).      

In general, this thesis supports predictions based on theory and empirical evidence following the loss 

or recovery of predators from other parts of the world. Diverse systems show that behavioural 

effects can be very rapid (Berger et al. 2001, Suraci et al. 2016, Atkins et al. 2019), far more rapid 

than demographic effects. This thesis presents multiple lines of evidence that native predator 

introductions can restore lost ecological controls on the behaviour of other species, and that initially 

naïve animals can rapidly reinstate predator-sensitive behaviours, providing much-needed empirical 

evidence that predator rewilding can indeed restore key ecological processes (Svenning et al. 2016). 

This thesis not only tests theoretical predictions but suggests novel interpretations and hypotheses. 

For example, Chapter 4 hypothesises that increasing predator populations may cause more rapid 

behavioural effects than declining populations, and Chapter 5 suggests that native apex predators 

may have stronger effects on invasive mesopredators compared to coevolved mesopredators. 

Relative to other aspects of carnivore ecology, scavenging has received little attention, particularly 

as a potential mechanism for mesopredator release. A novel hypothesis, the “mesoscavenger 

release hypothesis” (O'Bryan et al. 2019), was parameterised using the scavenging study in Chapter 

2 (Cunningham et al. 2018). This hypothesis suggests that widespread declines of apex scavengers 

have released less efficient mesoscavengers from competitive suppression, causing carrion to 

accumulate in the environment (O'Bryan et al. 2019). Chapter 2 is a particularly compelling example 

that mesoscavengers are unable to functionally replace apex scavengers, because despite having 

~20 years to demographically respond to the increase in carrion availability, they were unable to 

functionally replace the devil. This differs from most other studies where dominant scavengers were 

experimentally excluded from carcasses, which does not allow enough time for demographic 

compensation in other species. Specialised species, including specialised scavengers (O'Bryan et al. 

2019), are declining across the world. Although generalists are increasing (Clavel et al. 2011), such as 

the doubling in the odds of detecting a raven over the last 20 years (Chapter 2), generalists seem 

unable to replace the functions of specialists. 

Assessing whether niche partitioning is the result of competition is notoriously difficult to study in 

nature (Schoener 1974). The framework used in this thesis, stemming from two natural experiments, 

presents a rare opportunity to study the role of competition in driving the foraging and temporal 

niches of competitors. Compelling evidence suggests the devil’s closest competitor, the spotted-

tailed quoll, has been released from interference competition, now showing increased carrion 

consumption and increased use of the devil’s traditional temporal niche. Despite this release from 
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interreference competition, no increases in spotted-tailed quoll abundance have been observed 

(Troy 2014, Hollings et al. 2016), suggesting the resource benefits associated with the behavioural 

release have not substantially improved fitness. Possibly, divergence of eco-morphological traits 

arising from co-evolution  could give rise to niche partitioning (Jones 2003), which could ensure that 

spotted-tailed quolls and devils are not major current resource competitors (Schoener 1974) and 

that competition between the species is therefore not the major limiter of abundance. Additionally, 

there is no published evidence that spotted-tailed quolls are the subject of intense lethal intraguild 

interactions with devils. This coevolution-based hypothesis may also explain why cats were 

seemingly suppressed by high density devil populations (Chapter 5). In Chapter 5, we suggest that 

native apex predators may have stronger effects on introduced species than coevolved species, for 

similar reasons to alien predators having stronger effects on evolutionarily naive prey (Salo et al. 

2007). This of course needs to be tested in other systems. We are often used to thinking of 

evolutionary naivete as a major driver of extinctions of mammals (Salo et al. 2010, Carthey and 

Banks 2014), but perhaps this view of evolutionary naivete could be turned on its head, even 

harnessed, to improve resistance to the harmful effects of alien predators. 

The space-for-time substitution (SFTS) used throughout this thesis is imperfect. I went to great 

length to ensure that sites were environmentally comparable, but the reality is, SFTS will always 

contain some unmeasured environmental differences. SFTS, however, do have some benefits. They 

enable the study of a process over longer time frames than would be permitted by observing the 

process through time (Walker et al. 2010). In this case, it allowed me to assess ~20 years of devil 

population declines over two years of field work. The shortcomings of SFTS, whereby other 

unobserved variables may be driving the effects, can be addressed by repeating these studies in the 

future to create powerful before-after control-impact designs (e.g., Chapter 3). The most powerful 

evidence in the longer term will come from longitudinal studies at these sites, especially as DFTD 

continues to spread west, and if devils begin to recover. This study therefore provides a useful 

starting point for ongoing monitoring.  

The natural experiments assessed in this thesis arose through the severe population decline of devils 

following the emergence of a novel infectious disease, a transmissible cancer, and the subsequent 

conservation introduction of the devil to an island. The force of DFTD infection has recently slowed 

(Wells et al. 2017), and devils are showing signs of evolving resistance (Epstein et al. 2016) and 

potentially tolerance (Ruiz-Aravena et al. 2018) to DFTD, with a small number of individual devils 

recovering from visible signs of DFTD (Pye et al. 2016). It is therefore possible that devil populations 

will begin to recover in the wild. This thesis provides a first look at assessing the reversibility of 
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ecological changes in Tasmania, and other research currently underway on Maria Island will provide 

further insight into the future of Tasmanian ecosystems if devils do indeed recover.  

Resolving the debate about mesopredator release of cats 

The nature of mesopredator release of cats in Tasmania has been controversial (Fancourt and 

Cameron 2015, Fancourt et al. 2015, Fancourt 2016). Two studies showed that cat detections 

increased following the decline in devil abundance (Hollings et al. 2014, Hollings et al. 2016). 

However, a separate study by Fancourt et al. (2015) claimed that cats have not increased in 

abundance, but rather have become more nocturnal and therefore more detectable by the 

nocturnal spotlight surveys analysed in Hollings et al. (2014). Using a much larger dataset, I found no 

evidence that cats shifted their temporal activity in response to either declining or increasing devil 

densities (Chapter 4), which suggests the increase in spotlight detections (Hollings et al. 2014) is not 

the result of increasing nocturnal activity. This thesis also showed that cats consume more carrion in 

areas where devils have declined (Chapter 2; Cunningham et al. 2018), and that high abundance of 

devils seemingly imposes an upper limit on cat abundance (Chapter 5). 

One possible reason why Fancourt et al. (2015) did not detect a limiting effect of devils on cats is 

because that study did not adequately exploit the disease-induced natural experiment. Natural 

experiments provide one of the most appropriate frameworks to reveal how predators structure 

the behaviour and abundance of other species, in part because manipulations are ethically and 

logistically unfeasible. However, to assess the effects of a natural experiment, sampling needs to 

occur across a relevant range of the explanatory variable of interest. DFTD had been present at all 

of the study sites used by Fancourt et al. (2015) for at least five years, by which time devil 

populations have typically declined by more than 60%. Consequently, there was little difference in 

devil abundance between the regions because all sites had low devil abundance. Here, using the 

abundance of cats calculated in Chapter 5, I tested whether the limiting effect on cats was 

detectable if only sites with low devil abundance were surveyed, which resembles the study design 

of Fancourt et al. (2015). Figure 2 shows that selecting only sites with low devil abundance fails to 

detect a limiting effect of devils on cats (Fig 2; P = 0.47 at the 0.99th quantile). Chapter 5, which 

surveyed from very low to very high devil densities, instead revealed a negative relationship 

between devil and cat abundance.  
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Figure 2: Testing whether the limiting effect of devil activity on cat abundance is detectable if only 
sites with low devil density are surveyed. The left figure is from Chapter 5, which surveyed sites 
across the full range of devil densities and revealed a negative relationship with cats at the 0.99th 
quantile (using quantile regression). The right figure shows that this effect is not detectable if only 
low-density sites were sampled (here I retained sites with a devil abundance index greater than 5). 
Points have been staggered slightly so they do not overlap. 

Harnessing ecological interactions to manage the impacts of mesopredators 

In a world of mesopredator proliferation (Prugh et al. 2009), in part due to the decline of apex 

predators, we need effective ways to manage the ecological impacts of mesopredators. A brief 

opinion piece (Appendix 1; Cunningham et al. 2019) outlines an ecosystem-based approach to 

managing the harm caused by feral cats in Australia. This opinion piece highlights the underutilised 

capacity of apex predators in suppressing cat numbers and behaviour, and the need for appropriate 

fire and grazing regimes to ensure suitable understory refuges for small animals. It additionally 

outlines why a hands-on approach – one that requires killing cats in perpetuity – is not likely to be 

effective for the vast open landscapes of Australia. The focus was on feral cats, because the 

management of cats is topical in the wake of the Australian Government’s controversial cat 

management plan, but the generalities of harnessing ecological processes are broadly applicable. 
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Future directions 

Trophic rewilding aims to restore ecosystems by increasing trophic complexity, often by 

reintroducing apex predators and large herbivores (Svenning et al. 2016, Perino et al. 2019). This 

approach assumes, however, that hysteresis does not prevent an ecosystem from responding. So 

far, few empirical studies have revealed whether trophic rewilding does indeed restore key 

ecological processes (Svenning et al. 2016), and whether declining and increasing top-predator 

populations have equivalent effects (Alston et al. 2019). Much work can be done to assess whether 

the effects of carnivores are reversible, and the situation in Tasmania is useful for such questions 

because of the opposing trajectories of the devil population on the Tasmanian mainland and Maria 

Island. We hypothesised in Chapter 4 that increasing predator densities may elicit more rapid 

behavioural effects than decreasing densities. This could be tested using the same framework in a 

different species; for example, by assessing changes in the ground-based activity and vigilance of 

possums in response to rising and falling devil densities. Opportunities abound in North America and 

Europe where carnivores are recovering too, and it is important that these assess whether 

anthropogenic influence mediates the cascading effects of predators (Kuijper et al. 2016). Resolving 

the reversibility of predator effects is critical to fulfil rewilding’s promise. 

Prey and mesopredators showed behavioural responses to devils that were sometimes large. The 

next step is to isolate how behavioural responses affect fitness. Although difficult, this could provide 

great value in understanding the relative contributions of indirect and direct effects of predators in 

structuring food webs. In an applied setting, perhaps landscapes of fear could be manipulated to our 

advantage (Cromsigt et al. 2013, Jones et al. 2016, Parsons et al. 2018) to manage problem species 

and high-value habitats using scents and sounds rather than lethal control measures.  

Although mesopredator release often occurs following the loss of apex predators, sometimes it does 

not. More work is needed to understand when apex predators limit versus facilitate smaller 

carnivores, ultimately improving predictions of when mesopredator release will occur. In some 

circumstances, apex predators provision ecosystems with carrion, and in other situations may limit 

carrion availability (Wilmers et al. 2003, Allen et al. 2014, Cunningham et al. 2018). Carcasses could 

even create a “fatal attraction” for mesopredators, whereby mesopredators are attracted to 

carcasses, but this simultaneously increases the risk of lethal interactions with larger predators, 

leading to landscape-scale suppression (Sivy et al. 2017). The “mesoscavenger release hypothesis” 

(O'Bryan et al. 2019), as well as the findings of Chapter 2, should additionally be tested in the 

context of an ecosystem’s main causes of animal deaths, because the models are currently 

parametrised using experimentally-placed carcasses only. Experimentally-placed carcasses resemble 
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animals that die from causes other than predation. These carcasses are likely to be consumed 

differently to those that are killed by predators because predators may defend or cache their kills 

and therefore reduce scavenging opportunities for other species. Properly testing the 

mesoscavenger release hypothesis requires quantifying the main causes of death and the proportion 

of energy that predators obtain through predation versus scavenging. This is difficult, but 

technological improvements may aid with quantifying kill-rates (e.g., using animal borne-cameras) 

and the flow of nutrients from carcasses through food webs (e.g., using stable isotope enrichment of 

carcasses).  

Concluding remarks 

Global biodiversity faces enormous challenges. One million species are at risk of extinction (IPBES 

2019), and large carnivores are among the most imperilled of all (Estes et al. 2011, Ripple et al. 

2014). This thesis reveals some of the important and diverse ways that apex predators structure 

ecosystems and their potential for stemming biodiversity loss. Australia’s very high extinction rate 

(Woinarski et al. 2015; Woinarski et al. 2019) probably arises from the interaction between multiple 

threats: apex predator control, introduction and release of invasive mesopredators, over-grazing, 

intense bushfire, and land clearing (Doherty et al. 2015). We need bold new approaches that jointly 

manage these problems, and a key part of this involves restoring top-down interactions in food webs 

to reduce the impacts and overabundance of mesopredators and prey. Devils and dingoes could play 

a key role here. Trophic rewilding presents an optimistic view of how ecological management may 

look (Derham 2019, Jepson 2019), and for many, is inextricably linked to the wildness of predators. 

Despite rewilding essentially being restoration of ecosystem function (Hayward et al. 2019), the 

optimistic vision of rewilding seems more able to capture the hearts and minds of non-scientists, 

and this is perhaps rewilding’s most beneficial feature. If we are to benefit from the ecological 

promise of predators, some of which this thesis reveals, perhaps the biggest challenge of all now lies 

in convincing people that we can and should live alongside them.  
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