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Abstract

A species’ range—the geographical area over which it is found—is determined by many interacting
factors. Outside of small-island settings, the broadest determinant is typically climate, which interacts
with biotic factors (predation, competition, pathogens, etc.), human influences including land use, and
other abiotic factors (geology, soil chemistry, etc.). Global warming will, therefore, cause many
species to either change their range or change how the factors shaping their range interact.
Paradoxically, it is projected that to prevent the worst outcomes associated with the resultant
geographical redistribution of the world’s species due to climate change, we might have to actively
and pre-emptively redistribute species ourselves. These movements of species for conservation
purposes have been termed conservation translocations. To understand natural range changes and plan
conservation translocations, we need accurate predictions of suitable conditions and habitat—a task
that has become a key applied goal of biogeography and ecology. Better predictions will enable more
effective and efficient management of endangered species, pests, and pathogens.
Currently, the most popular method for implementing these predictions is the Species Distribution
Model (SDM). This broad group of techniques can be split into two strategies: correlative (patternoriented) and mechanistic (process-explicit). Each have their associated advantages and disadvantages
relating to their underlying assumptions and ease of use.
In this thesis, I examined the geographic ranges of three Australian marsupials in the past, present,
and future; identify translocation sites for the contemporary cases; and sought to distinguish the
characteristics of successful translocations globally. Specifically, I aimed to : (i) undertake a
systematic review to identify the features of successful and failed conservation translocations, (ii)
assess the role of past climate change on the mainland of Australia in the extirpation of the Tasmanian
devil (Sarcophilus harrisii), (iii) identify current translocation sites for the vulnerable brush-tailed
rock-wallaby (Petrogale pencillata), and (iv) quantify the effect of future climate change on
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Australia’s only hibernating marsupial, the mountain pygmy possum (Burramys parvus), and evaluate
potential sites for its translocation.
I found that translocation success is positively affected by investment—greater number of individuals
over longer periods—though historical context is important—Oceania’s difficulty in controlling
invasive species is the likely reason it had less positive outcomes than Europe or North America. I
showed that there is no clear evidence, using process-explicit SDMs, for invoking climate change as
the sole cause of the loss of the Tasmanian devil from mainland Australia in the Holocene, and
consequently other factors, such as human intensification and dingoes, must be involved. I
demonstrate that parts of Tasmania seem to be an ideal and immediate climate-habitat refuge for the
highly endangered southern population of brush-tailed rock-wallabies and potentially also the
critically endangered mountain pygmy possum in the future. I show the importance of food
availability for the mountain pygmy possum if it is to cope with a rapidly changing alpine climate.
Although our ability to predict species’ distributional changes has improved in recent decades, the fact
that ranges are an emergent property of a variety of processes means that many challenges (scientific
and conservation management) are still to come. However, process-explicit SDMs and ecologically
relevant predictors in correlative SDMs provide viable platforms to meet these challenges, as
demonstrated in this thesis.
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Chapter 1

Introduction

Changes in geographic ranges of species
Before the 18th century, scientists influenced by the religious dogma of the time believed that not only
were species fixed—did not evolve—but were also stationary: their distributions around the globe
remained unchanged through time. The theory of evolution and the development of palaeontology
refuted these claims, showing that not only did species appear to change over time and eventually
disappear entirely, but also that many extant species once inhabited very different places to where
they currently occur. Animals that were considered exclusively African – hippopotamus
(Hippopotamus amphibious), spotted hyena (Crocuta crocuta), and lions (Panthera leo) – had once
roamed Europe (as far north as Britain!); in North America, reindeer (Rangifer tarandus) were found
as far south as modern-day Tennessee; and the range of the now exclusively Asian steppe-inhabiting
saiga antelope (Saiga tatarica) formerly extended from western Europe to North America (Stuart,
1991). Why species changed their ranges —the geographical areas where they are found (Cox and
Moore, 2010)—confounded scientists.

When the pioneering work of Alexander von Humboldt and others—which associated specific species
with certain climates—was combined with the knowledge that climates and continents continuously
changed over geological time scales, it became clear that climate must influence the dynamics of the
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distribution of species. This laid the groundwork for the field of biogeography, the study of living
things in space and time (Cox and Moore, 2010). Climate influences species in many ways. It can
impose hard limits on distribution; for example, many tropical and subtropical plants cannot withstand
the formation of ice crystals in their tissue at sub-zero temperatures (Xin and Browse, 2000). It can
cause mortality and reduce reproduction resulting in population declines e.g. heat stress in mammals
can compromise germ cell and embryonic development, foetal and placental growth, and lactation
(Hansen, 2009). And it can shift phenological events such as reproduction e.g. the 2003 European
heatwave caused the earliest harvest of grapes recorded for over 500 years (Menzel, 2005), and
migration e.g. marine species were found to migrate later in colder years and up to two months earlier
in warmer ones (Southward et al., 2004). Other abiotic factors such as geology, soil chemistry, pH,
salinity, and oxygen levels, can also determine the range of species.

As the field of biogeography developed it began to incorporate many ecological findings that showed
abiotic factors were not solely responsible in dictating species ranges. Predation reduces population
size, affects demography, and can reduce fitness by diverting resources to defence, evasion, and
vigilance, thus preventing a species from establishing in some areas that would otherwise be suitable.
A classic example of this is the exclusion of the California thrasher (Toxostoma redividum) from
woodland areas by birds of prey (Grinnell, 1917b). Pathogens similarly can prevent establishment in
some areas as the fitness costs to combat them may be too high. Of course, climate may facilitate or
hinder a predator or pathogen from changing its range, thereby affecting the species of interest.
Contrarily, a consumer’s range can be dictated by the species they eat, especially if they have a highly
specialised diet. Giant pandas (Toxostoma redividum) eat bamboo only and are therefore limited by its
distribution (Tuanmu et al., 2013). These close relationships can evolve into mutualistic associations
where two species are dependent on one another and therefore determine each other’s ranges. The
distribution of plant species with large fruiting bodies has shrunk since the mass extinction of
megafauna during the Pleistocene, because they relied on these large-bodied animals for seed
dispersal (Galetti et al., 2018). Inter-species competition for resources (food, light, shelter, minerals,
2

etc.) dictates distribution through a similar process as predation. The mountain hare (Lepus timidus),
which has a circumboreal distribution, can persist in temperate areas such as in Ireland in the absence
of brown hare (Lepus europaeus), but cannot coexist with brown hares (Harris and Yalden, 2008). All
the above findings, along with the role of stochasticity, support the idea of species’ ranges being
dynamic, changing not only over geological time periods but over decades, centuries, and millennia.

The elephant in the room, at this point, is the role of humans in the distribution of the Earth’s biota.
Prehistoric humans hunted animals for food and security; modified ecosystems in other ways (e.g. by
use of fire); altered the genetic make-up of species through domestication and moved these species for
cultivation, livestock, and cultural reasons; while also accidentally transporting others (Parmesan,
2006, Parmesan and Yohe, 2003, Bonebrake et al., 2018, Pecl et al., 2017). Additionally, the largescale hunting and consequent extinction of megafauna by humans changed the physical and trophic
structure of ecosystems; vegetation community dynamics; ecosystem biogeochemistry; and caused
co-extinctions of associated parasites, predators, and commensals (Malhi et al., 2016, Galetti et al.,
2018). Present-day humans have accelerated all of these behaviours, while simultaneously altering the
physical, geological, and chemical processes of the Earth, leading us into the Anthropocene and being
dubbed a hyperkeystone species (Crutzen, 2006, Steffen et al., 2007, Waters et al., 2016, Lewis and
Maslin, 2015, Worm and Paine, 2016). Anthropogenic climate change is expected to cause an even
further rearrangement of the planet’s flora and fauna (Bonebrake et al., 2018, Pecl et al., 2017).
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Species Distribution Models
Recently, the most common way to explore species range changes has been through the use of Species
Distribution Models (SDMs), also known as ecological niche models, habitat suitability models,
bioclimatic or environmental envelope models (Araújo et al., 2019, Zurell et al., 2020). These models
are of two general kinds: correlative SDMs and process-explicit SDMs (Briscoe et al., 2019).
Correlative SDMs are developed by fitting statistical relationships between presence records and
selected predictors (climatic, geological, biological, etc.) to identify areas in environment-geographic
space with high similarity to the species’ occurrence data (Elith and Leathwick, 2009). Predictions
can then be made both backwards and forwards in time by projecting these relationships onto the
spatial distribution predictors from the desired time period. However, the mechanisms that drive the
species response to the environment are implicit in correlative SDMs, which limits their predictive
value in novel environments. Process-explicit models, which include mechanistic niche models (also
called eco-physiological models and mechanistic SDMs) (Kearney and Porter, 2009), abundance and
occupancy dynamics models (Schurr et al., 2012, Kéry et al., 2013), demographic distribution models
(Merow et al., 2014), and stochastic population models coupled to correlative models (Keith et al.,
2008), have been developed to address these limitations. However, these approaches are much more
data-intensive and require large investments in time to acquire the skills and theoretical knowledge
needed to employ them. I used a combination of correlative and process-explicit SDMs, specifically
mechanistic niche models, to meet the aims of my thesis.

General aims of thesis
The primary aims of my thesis are to assess past, present, and future range changes of several
Australian mammals and the potential of a subset to be translocated. To consider the range of
problems faced by conservation scientists looking to undertake assisted migration, I examine three
particularly relevant marsupial case studies (detailed below). I assess the causes of the prehistoric
extinction of the Tasmanian devil (Sarcophilus harrisii) from mainland Australia (with a view to the
4

potential for its rewildling), the present-day translocation potential of the brush-tailed rock-wallaby
(Petrogale pencillata) as an intervention to avoid predation-induced extinction; and the impact future
climate change may have on the mountain pygmy possum (Burramys parvus) as it becomes a ‘climate
refugee’, divorced from its eco-evolutionary stronghold. The aforementioned aim of identifying the
factors associated with successful translocations is an auxiliary goal of my thesis. Again, I intend this
research to have practical application by informing policy in the future regarding possible options to
expand particular species’ ranges.

I used correlative SDMs when projections were constrained to current climate conditions (Chapter 4),
as they can perform as well as process-explicit models when no extrapolation is needed (Buckley et
al., 2010, Briscoe et al., 2016, Zurell et al., 2016). When extrapolation was needed, I used mechanistic
niche models (Chapter 3 & 5) and in one instance compare these with the output of a correlative SDM
(Chapter 5). Mechanistic niche models calculate the physiological limitations of a species based on
the interaction between the microclimate they experience and their physiology, morphology, and
behaviour (Porter and Mitchell, 2006, Porter et al., 2000). It can be thought of as an attempt to
characterise the fundamental niche of a species (Kearney and Porter, 2004).

Conservation translocations
As previously mentioned, humans have been translocating—moving species from one place to
another—for millennia. However, in 1895, humans moved hundreds of kakapo (Strigops habroptilus),
a ground-dwelling parrot endemic to New Zealand, to offshore islands for a different reason (Lloyd
and Powlesland, 1994). These translocations were motivated by a concern for the welfare of the
species, extending the kakapo’s range because as a flightless bird it would not have reached those
islands unassisted. This was the first recorded conservation translocation. It was carried out to prevent
the potential extinction of the species because its numbers and distribution were dramatically
shrinking due to hunting by humans and predation from introduced species: dogs (Canis familiaris),
5

cats (Felix catus) rats (Rattus exulans and R. norvegicus), and three mustelids (Mustela furo, M.
erminea, and M. nivalis) (which were all translocated from elsewhere, mainly Europe) (Lloyd and
Powlesland, 1994).

Since then conservation translocations have been employed worldwide to (i) prevent extinctions e.g.
the Arabian Oryx (Oryx leucoryx) (Al Jahdhami et al., 2011, Price, 1989), Californian condor
(Gymnogyps californianus) (Parish, 2016, Walters et al., 2010) and Lord Howe Island woodhen
(Hypotaenidia sylvestris) (Frith, 2013), (ii) bolster vulnerable populations e.g. the western subspecies
of chimpanzee (Pan troglodytes verus) in Guinea (Soorae, 2013), (iii) replace lost ecosystem
functionality e.g. the Aldabra giant tortoise (Aldabrachelys gigantea) was translocated to Mauritius to
replace the extinct Mauritian tortoise (Cylindraspis inepta) (Soorae, 2018), and (iv) reintroduce
species into areas they previously occupied e.g. grey wolves (Canis lupus) to Yellowstone National
Park (Soorae, 2008, Fritts et al., 1997). Conservation translocations are predicted to be employed
more frequently as climate change and the current rate of biodiversity loss worsens (Hoegh-Guldberg
et al., 2008, McLachlan et al., 2007, Gallagher et al., 2015, Hunter, 2007).

Chapter 2: Review of global conservation translocations
Considering this expected rise, now is a good time to take stock of previous conservation
translocations to ensure we increase the likelihood of their success in the future. Previous attempts
(Griffith et al., 1989, Fischer and Lindenmayer, 2000, Bubac et al., 2019) to do this were limited by
their lack of systematic data collection and transparency in their definitions of success and failure,
thereby undermining confidence in their outcomes. I aim, in my systematic review of the success and
failure of conservation translocations, globally (Chapter 2), to overcome these shortcomings to deliver
clear and robust recommendations to conservation practitioners.

6

Overview of the biogeography of Tasmania
The three species—Tasmanian devil, brush-tailed rock-wallaby, and mountain pygmy possum—that
are the subject of my three case studies all occur in southeastern Australia, and in each case, Tasmania
is a significant part of either their present or their potential future distributions. Therefore, in this
section, I briefly describe the biogeographic relationship of Tasmania to the rest of Australia.

Australia separated from South America and Antarctica approximately 35.5 Ma (million years) in the
final break-up of the Southern Hemisphere supercontinent, Gondwana (McLoughlin, 2001). This
isolation allowed Australia to develop its unique flora and fauna, with high levels of endemism.
Tasmania first separated from mainland Australia during the Oligocene (33.9 – 23 Ma), because of the
formation of a rift (Briguglio et al., 2013), but was periodically connected to the mainland due to
fluctuating sea level in the Bass Strait (Lambeck and Chappell, 2001). This separation caused further
speciation in Tasmania, for example, two species of dusky antechinus (Antechinus spp.) and
honeyeater (Melithreptus spp.) diverged from their mainland sister species between 1-3 and 3-6
million years ago, respectively (Mutton et al., 2019, Toon et al., 2010). Some species—red-necked
wallaby (Macropus rufogriseus), common brushtail possum (Trichosurus vulpecula), eastern bettong
(Bettongia gaimardi), and short-beaked echidna (Tachyglossus aculeatus)—occur in both Tasmania
and the southeastern mainland but populations in the two places are in separate subspecies (Jackson
and Groves, 2015) while others, such as the platypus (Ornithorhynchus anatinus), have been distinct
for less time (<1 million years) and are classified as the same species (Gongora et al., 2012). The
intervening land, the Bassian Plain, when present between the two landmasses was a cool-arid
shrubland with few trees (Casuarina in drier periods and Eucalyptus in wetter periods) (McKinnon et
al., 2004, Hope, 1978, Harle, 1997, Ladd et al., 1992, D'Costa et al., 1993). This habitat presumably
prevented the dispersal of numerous species, particularly those dependent on woodland, to Tasmania
even though suitable habitat was present there. Examples include koalas (Adams-Hosking et al.,
2011), rock wallabies (Petrogale spp.) (see Chapter 4), petaurids (the sugar glider was introduced in
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the 19th century (Gunn, 1851)), and two pygmy possums (Cercartetus concinnus and Burramys
parvus) (see Chapter 5).

Before human arrival 50-60,000 years ago (Roberts et al., 1994, Saltré et al., 2016, Clarkson et al.,
2015), Australia had a rich and varied megafauna, including 3 metre tall short-faced kangaroos
(Procoptodon goliah) and Diprotodon optatum, which weighed in excess of 2,500kg (Johnson, 2006,
Wroe et al., 2004a). The timing of the mass extinction of these megafauna along with its apparent
synchronicity and a lack of evidence of sufficient climate change suggest that humans played a key
role in it, probably mainly through hunting (Johnson et al., 2016). Seven species of megafauna
survived in Tasmania longer than on the mainland but met their extinction soon after the arrival of
humans via the Bassian Plain 43,000 years ago (Turney et al., 2008). Approximately 17,500 years
ago, rising sea levels starting in the western portion of the plain flooded the centre of the Bassian
Plain, creating an extensive estuarine region (Lambeck and Chappell, 2001). This estuary expanded,
with further rising sea levels, until the last portion of land connecting Tasmania and mainland
Australia was submerged 14,000, separating them since (Lambeck and Chappell, 2001).

This isolation has allowed species that have gone extinct on the mainland since European colonisation
and the introduction of invasive species, especially the red fox and feral cat, to persist in Tasmania. Of
the seven terrestrial non-volant mammals currently considered endemic to Tasmania, five (Tasmanian
devil (Sarcophilus harrisii), eastern quoll (Dasyurus viverrinus), Tasmanian pademelon (Thylogale
billardierii), long-tailed mouse (Pseudomys higginsi), and eastern bettong) occurred on mainland
Australia with four extirpated only since European colonisation (Woinarski et al., 2014) (see Chapter
3 outline for discussion of the pre-European colonisation extinction of the Tasmanian devil from
mainland Australia). This history highlights the recurrent role of Tasmania as a refuge for species
throughout the Quaternary.
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Cases studies
The following three case studies were necessary to meet the main aim of my thesis, which was to
assess past, present, and future range changes of several Australian mammals and the potential of a
subset to be translocated.

Chapter 3: The role of climate change in the extinction of the Tasmanian devil from
mainland Australia in the mid-Holocene
To gain a better understanding of how anthropogenic climate change may affect species we can assess
the effects of previous periods of natural climate variation. The role of climate in the demise of
megafauna (species over 45kg), in the Pleistocene, has been hotly debated in the literature (Brook and
Bowman, 2002, Barnosky et al., 2004, Koch and Barnosky, 2006, Nogués-Bravo et al., 2010, Prescott
et al., 2012, Sandom et al., 2014, Johnson et al., 2016). Similar debates are had about the role of
climate in the extirpation of the then two largest carnivorous marsupials, the thylacine (Thylacinus
cynocephalus) and the Tasmanian devil, from mainland Australia. The crux of the debate is the extent
of the contribution of co-occurring explanatory factors: the introduction of the dingo (Canis dingo),
the expansion and increased density of human societies, and climate change, specifically the
intensification of the El Niño Southern Oscillation. I use mechanistic niche models, in concert with
newly available paleoclimate data, to test whether climate change could have affected the stability of
the energy and water requirements of the devil, its prey, and the productivity of its environment.

Chapter 4: The identification of potential translocation sites for the brush-tailed rockwallaby
The distribution of the brush-tailed rock-wallaby has changed dramatically since the colonisation of
Australia by Europeans. Previously, it occupied the forests and woodlands in the south-east of the
country (Jarman and Bayne, 1997) from south-eastern Queensland, through New South Wales, and
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into Victoria (Short, 1982, Short and Milkovits, 1990). Colonies are now restricted to rocky terrain
along the Great Dividing Range (Short, 1982, Short and Milkovits, 1990). Predation by foxes (Vulpes
vulpes), habitat loss, degradation, and hunting have been the main causes of this decline (Short, 1982,
Short and Milkovits, 1990, Murray et al., 2008, Menkhorst and Hynes, 2011, Woinarski et al., 2014).

The devastation of nearly 40% of the brush-tailed rock-wallaby’s remaining habitat by the recent
megafires (Ward et al., 2020) coupled with the possible extinction of the genetically distinct southern
population make it a candidate for a conservation translocation. I use correlative SDMs to identify
potential translocations sites for this species. Correlative SDMs were deemed suitable for this task as
the most important predictor assumed a priori was the accessibility of an area to predators and no
extrapolation was needed.

Chapter 5: The effect of climate change on the mountain pygmy possum
Many species employ behavioural and physiological adaptations which enable them to persist in areas
where they otherwise could not. Hibernation is typically employed by species to wait out long cold
winters in high latitude areas when food availability is low (Geiser, 2013). Global warming has
already affected hibernation patterns worldwide and is expected to further alter these in the future
(Inouye et al., 2000, Rézouki et al., 2016, Tafani et al., 2013, Ozgul et al., 2010). However, these
alterations may be beneficial or harmful depending on the species’ life-history traits, physiology,
and/or ecological niche.

To examine the effect climate change may have on Australia’s only hibernating marsupial, the
mountain pygmy possum, I demonstrate the first species-specific mechanistic niche model of a
hibernating endotherm. This critically endangered species inhabits the Australian Alps, making it
Australia’s only exclusively alpine marsupial (Mansergh, 1994). It faces threats from invasive
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predators (foxes and cats) and the expansion of ski resorts (Department of Environment, 2016).
Climate change may disrupt the mountain pygmy possum’s hibernation patterns (Geiser and Broome,
1991, Kortner and Geiser, 1998, Geiser and Broome, 1993), increase competition from lowland
species (Heinze et al., 2004), increase predation (Broome et al., 2012) and affect its food sources.
Using mechanistic niche models, I explicitly model the mountain pygmy possum’s energy and water
requirements based on its physiology and behaviours (such as hibernation and food selection). I aim
to quantify the change in its pattern of hibernation, the knock-on effects these changes will have on its
energy and water requirements, and the extent it can buffer these effects through diet. Additionally, I
attempt to identify sites that are physiologically similar in the future to where it currently inhabits.
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Chapter 2
Lessons from a century of conservation
translocations

Translocation—moving individuals for release in new locations—is among the most important
conservation interventions for increasing or re-establishing populations of threatened species.
However, translocations often fail. To improve their effectiveness, we need to understand the
features that distinguish successful from failed translocations.
Here, we assembled and analysed a global database of translocations of terrestrial vertebrates
(n=514) to assess the effects of various design features and extrinsic factors on success. Unlike
previous reviews, we analysed outcomes using standardized metrics i.e. a categorical
success/failure classification, and population growth rate.
Probability of categorical success and population growth rate increased with the total number of
individuals released but with diminishing returns above about 20-50 individuals. Releasing more
animals may overcome stochastic variation in survival and reproduction, and could also indicate
better overall resourcing of projects. There has been no increase in numbers released per
translocation over time.
Positive outcomes—reported success and high population growth—were less likely for
translocation in Oceania, possibly because invasive species are a major threat on the continent
and are difficult to control at translocation sites. Increased rates of categorical reported success
and population growth were found for Europe and North America, suggesting the key role of
historical context in positive translocation outcomes. Releases of captive animals resulted in

12

negative population growth rates, on average, while those of wild animals were positive. We also
found evidence that success differed according to the nature of the threatening process and was
higher in projects that released animals over longer periods.
Categorical success has increased throughout the 20th century, but that increase may have
plateaued at about 75% since about 1990. No temporal trend in other variables explained this
trend suggesting either additional unmeasured variable(s) were responsible for the improvement,
or that authors have become more ready to attribute success to their efforts over time.
Our results suggest there is potential for further increase in the success of conservation
translocations. This could be best achieved by greater investment in individual projects, as
indicated by the total number of animals released.

Introduction

Humans have been moving animals around the globe for millennia, both accidentally and
intentionally for a wide range of economic, religious, and cultural reasons (Simberloff, 2013).
The first documented translocation for conservation purposes took place, in 1895, when kakapo
(Strigops habroptilus) were released on offshore islands in New Zealand (Lloyd and Powlesland,
1994) to protect surviving individuals and establish insurance populations. Since then, translocations
have been responsible for some of conservation’s most celebrated successes, such as the rescue from
the brink of extinction of the Arabian Oryx (Oryx leucoryx) (Al Jahdhami et al., 2011, Price, 1989),
Californian condor (Gymnogyps californianus) (Parish, 2016, Walters et al., 2010) and Lord Howe
Island woodhen (Hypotaenidia sylvestris) (Frith, 2013).

Despite these success stories, conservation translocations often fail. Previous reviews of conservation
translocations have reported success rates of around 50% or less: 46% (Griffith et al., 1989), 54%
(Bubac et al., 2019), and 26% (Fischer and Lindenmayer, 2000) (although that low value may have
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been an underestimate because the outcome of many reviewed translocations was unknown). To
improve success rates of conservation translocations, we need to identify the factors that distinguish
successful from failed attempts. Previous reviews proposed several predictors of success, including
the number of animals released, habitat quality at the release site, the centrality of the release location
in the species’ original range, the animals being sourced from the wild rather than by captive
breeding, the nature of the original threatening process, and whether that threat had been removed at
the release site (Griffith et al., 1989, Fischer and Lindenmayer, 2000, Bubac et al., 2019). Griffith et
al. (1989) also suggested that success increased with the duration of the release program and the
reproductive potential of the species, but these two factors were refuted in a re-analysis of their data
(Wolf et al., 1996, Wolf et al., 1998).

Previous reviews of the success and failure of conservation translocations have two main
shortcomings that limit their value for improving the success of future translocations. First, they have
not used clear definitions of success or failure. Griffith et al. (1989) and Fischer and Lindenmayer
(2000) considered success to be the establishment of a self-sustaining population, but did not provide
criteria to define this condition or describe how it was judged by practitioners. Bubac et al. (2019)
accepted the authors’ evaluations of whether their projects succeeded or failed, without further
scrutiny. Success of translocations has been defined in many different ways by practitioners, so it is
possible that assessments of success were inconsistent.

Second, most previous reviews did not use the methods of systematic review followed by quantitative
modelling to comprehensively collate evidence on factors contributing to success and failure and to
test the relative importance of those factors. Griffith et al. (1989) review was based on responses to a
questionnaire distributed to practitioners, but it is not clear how practitioners were selected or what
the response rate was, so we cannot evaluate possible bias at these steps. Bubac et al. (2019) did
collate information by systematic review of the literature and built models describing the effects on
success of several predictor variables. However, they considered only a limited range of predictors
(and as noted above, a single self-reported measure of success). For example, the number of animals
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released was found by earlier reviews to be an important predictor of success, but Bubac et al. (2019)
did not include it in their models. Presumably, this was because their analysis included invertebrates
as well as vertebrates, and effects of numbers released could not easily be compared across these
groups.

We systematically compiled data from published reports of conservation translocations of terrestrial
vertebrates and used these data to build models of the factors influencing outcomes of those
translocations. We measured translocation outcomes in two ways. First, we identified the
demographic factors used by conservation practitioners to assign ratings of success and failure to
translocations published in the International Union for Conservation of Nature’s (IUCN) “Global reintroduction perspectives” reports (Soorae, 2008, Soorae, 2010, Soorae, 2011, Soorae, 2013, 2016,
Soorae, 2018), and we then used the same factors to consistently assign ratings of success or failure to
a larger set of studies published in the broader literature to ensure that evaluations of success were
consistent throughout our sample. Second, for a subsample of all published translocations that
presented monitoring data on population size post-translocation, we estimated population growth rate
and used that as a quantitative descriptor of outcome.

We analysed three broad categories of factors as predictors of translocation outcomes: (i) design
elements of translocation projects; (ii) species-specific factors, such as higher-taxon membership, the
nature of threatening processes and level of threat, according to IUCN categories; and (iii) situational
factors, such as geographic locations and translocation type (For full list of predictors see Table S1 in
Appendix A). The design elements included several that are frequently debated in the literature on
conservation translocations, such as the best source of animals, from the wild or captivity; the best
release method, soft or hard; and others, such as the number of animals to release, that have large
implications for the resourcing of translocation projects. The threatening processes affecting the
species were included to assess whether certain threats are more difficult to ameliorate, potentially
aiding future resource allocation. Biological traits such as body size and fecundity were excluded
because these were deemed to be answering a related but different question about the capacity of
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species to establish new populations (Sol et al., 2012, Capellini et al., 2015, Redding et al., 2019),
whereas our primary goal was to identify pragmatic factors that can be controlled or manipulated by
conservation managers and agencies responsible for design and implementation of translocation
projects.
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Methods

We followed the systematic review methodology outlined in Vetter et al. (2013). This has six main
steps: (1) definition of a clear question; (2) extensive literature search; (3) formulation of inclusion
and exclusion criteria; (4) critical appraisal of papers; (5) statistical synthesis; and (6) interpretation of
results. We summarize these below (steps 3 and 4 are combined for brevity and step 6 is reported
wholly within the main text).

Definition of clear question
“How successful are conservation translocations of terrestrial vertebrate worldwide, and what
features distinguish successful from failed translocations?”

Extensive literature search and inclusion/exclusion criteria
Data were acquired from two sources: (i) the Web of Science (Web of Science, 2019) (hereafter WoS)
and (ii) the International Union for Conservation of Nature’s “Global re-introduction perspectives”
reports compiled by Pritpal Soorae (Soorae, 2008, Soorae, 2010, Soorae, 2011, Soorae, 2013, 2016,
Soorae, 2018) (hereafter referred to as the IUCN reports). In April 2017, a Boolean string containing
the terms "assisted migration", “reintroduction”, “reinforcement”, and “ecological replacement” and
related synonyms was searched in WoS, with results constricted to the fields of conservation and
ecology. This returned 1,167 results in the initial methodological screening. Fifty papers were
randomly assessed for suitability, and as a result of this several specific search terms were excluded.
The revised search string yielded 620 publications. This assessment process was repeated for a sample
of 20 papers to finalise the exclusion criteria, which omitted such terms as plant*, bacteria*, and
geolog*. Both Boolean strings are provided in full in Appendix A. Only results in English were
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included. This yielded 543 publications. The final Boolean string was used again to update the review
in June 2018 bringing the final total of 597 publications.

Critical appraisal
Following the IUCN/SSC (2013) definition of a conservation translocation (Table 1), projects were
excluded if they were primarily experimental, for hunting purposes, or where the benefit was received
only by the individual animal or the group of animals translocated and not a broader population.
Translocation events or units were defined as a group of the same species moved from one or more
sources to the same general recipient area over a set period of time, as this was broadly how they were
treated in the literature. Animals were considered terrestrial if they were listed as such by the IUCN
Red List (IUCN, 2019). Of the 597 publications, 154 were deemed to meet these criteria, yielding
data on 334 translocations. If more than one publication reported a single translocation unit, the most
recent was chosen.

The same appraisal method was applied to the IUCN reports, which added information on 226
translocations. If these detailed the same translocation as a WoS publication, they were merged, i.e.,
information from two or more entries combined to make one, to reveal the most complete data on a
translocation. In all, 48 WoS datapoints were merged with 36 IUCN datapoints, resulting in 38
merged datapoints. The lack of overlap justifies the inclusion of the IUCN reports as they were
included to reduce publication bias by capturing a portion of the grey literature. The final total number
of non-duplicate cases was 514. This will be referred to as the complete dataset: IUCN reports
(n=190), WoS reports (n=286), and merged (n=38).
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Table 1: Definitions of terms taken from IUCN/SSC (6). * although this term is not ideal, it was
preferred over assisted colonisation due to its negative connotations for First Nations peoples. First
Nations peoples have land tenure over 40% of all terrestrial protected areas and intact ecosystems
(Garnett et al., 2018) so the avoidance of alienating language and actions should be a priority amongst
conservation biologists.
Term
Definition
Conservation

Conservation translocation is the intentional

translocation

movement and release of a living organism

Synonym
-

where the primary objective is a conservation
benefit: this will usually comprise improving
the conservation status of the focal species
locally or globally, and/or restoring natural
ecosystem functions or processes.
Reinforcement

Reintroduction

Reinforcement is the intentional movement and

Augmentation;

release of an organism into an existing

Supplementation; Re-stocking;

population of conspecifics.

Enhancement (plants only)

Reintroduction is the intentional movement and

-

release of an organism inside its indigenous
range from which it has disappeared.
Assisted

Assisted migration is the intentional movement

Benign Introduction; Assisted

migration*

and release of an organism outside its indigenous

Colonisation; Managed

range to avoid extinction of populations of the

Relocation

focal species.
Ecological

Ecological replacement is the intentional

Taxon Substitution; Ecological

replacement

movement and release of an organism outside its

Substitutes/ Proxies/

indigenous range to perform a specific

Surrogates; Subspecific

ecological function.

Substitution, Analogue Species
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Table 2: The categorical definitions of demographic outcomes of conservation translocations.
Outcome

Description

Extinction

the translocated population declined to zero (or quasi-extinction)

High mortality

primarily consisted of translocations in which a large proportion of the
animals died, this level of mortality being considered unsustainable given the
typical life history and demography of the species in question.

Survival

a large proportion of translocated individuals survived, at a level deemed to
be promising for the establishment of the species given its typical history and
demography

Reproduction

assumes the previous category as a baseline, with reproduction being
reported. This was deemed as sufficient for inclusion due to the wide range
of taxa included and the information available in the publications precluded
the use of a fixed percentage.

Population increase

a population was deemed to have increased if stated by the author or the size
or density of the translocated population was greater than the number
translocated

Viable population

survival, reproduction, and population growth continue for long enough
(generations) that the population is considered likely to persist without
further augmentation. This was assumed if stated by the author.
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Definition of “success” and testing of its validity
Authors of the IUCN reports classified the outcomes of their projects using a standard terminology, as
follows: failure (n=9), partially successful (n=70), successful (n=67), highly successful (n=42) for a
total of 190 ratings (two were not categorised). However, no standard criteria are provided to place
projects in these classes, and authors of IUCN reports chose classes based on their own perception of
success. We accepted these classifications after assessing the grounds on which they were made (see
below), except to reduce ambiguity and create a binary success/failure classification we omitted
projects judged by their authors to be ‘partially successful’, and we combined the ‘highly successful’
and ‘successful’ projects into a single category.

Publications collected from WoS (n=286) did not conform to any single scheme for defining success,
so the authors’ views on whether their projects succeeded or failed were sometimes unclear and may
have been inconsistent among studies. We, therefore, classified success or failure of the WoS-reported
translocations using an approach that was consistent with the IUCN reports. To do this, we began by
testing what population-level outcomes were associated with choices by authors of the IUCN reports
to classify their projects as successes or failures. To guide this process, we first identified a priori a
series of demographic indicators that would indicate a range of outcomes of translocations, from
clearly inviable to clearly viable populations. These were ordered following the logic that to achieve a
self-sustaining population, released animals must first survive in adequate numbers, then reproduce,
and then birth rates must be sustained above death rates such that population growth rate is
maintained or increased. We expressed these indicators in general terms that could be matched to data
or descriptions provided in various ways by authors. The indicators are summarized in Table 2.

We reviewed all translocations from both the IUCN reports (n=118) and the WoS publications
(n=286), and noted which of these outcomes was reported. We then tested the IUCN reports to assess
which of the population outcomes were correlated with the practitioner-assigned classifications of
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‘success’ and ‘failure’. Translocations reported in the IUCN reports as being successful were
primarily made up of cases that resulted in a viable population (24.8%), a growing population
(26.6%), and reproduction (29.4%), although some reported only that they had achieved high initial
survival (10.1%). Failures were associated with high initial mortality (55.6%) and population
extinction (33.3%). These do not sum to 100% as the remainder could not be categorised. We then
reviewed the WoS reports (n=286), and classified them as successes (n=99), failures (n=64), or
unclear (n=123), according to whether they reported indicators of success or failure that matched
those in projects in the IUCN reports that were considered to have succeeded or failed. WoS successes
were primarily translocations that resulted in a viable population (23.2%), a growing population
(45.5%), and reproduction (16.2%), a few exhibiting high survival (8.1%), and 6.1% of the 99
successes that could not be categorised on the basis of a population outcome but were considered
successful by their authors.

The success and failures from the IUCN reports (109 successes, 9 failures) were combined with those
from the WoS (99 successes, 64 failures) and the merged data (24 successes, 3 failures; 11 could not
be categorised) to give a total of 232 success and 76 failures. Of these, 49 were omitted because they
had non-numeric values for one or more predictor variable (start year of translocation and/or number
of individuals translocated), and two were excluded as extreme outliers (the translocation of 6000
bison Bison bison in the 1920s and the translocation of 4110 European tree frog Hyla arborea). This
left 257 translocations, of which 72% were classed as successes and 28% as failures. This is the
composition of the categorical success dataset.

To further test whether our interpreted success or failure categorisation for the WoS data matched the
evaluations of the authors of those studies, we used data acquired from a questionnaire (see Appendix
A) emailed to 108 authors between March and May 2018. A total of 37 authors replied. The original
intention of the questionnaire was to gain access to standardized information for all variables of
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interest rather than having to infer some from the literature. However, due to the relatively low
response rate, the questionnaire was used instead to test the validity of our interpretation of success
and failure against the authors’ knowledge. Of these 37 publications, we had to interpret 11 as the
others had stated in the text regarding whether it was a success or failure. One publication was
removed (Smeeton and Weagle, 2000), leaving ten data points, because it treated the translocations as
separate in print but as a single translocation in the questionnaire. Of this ten, three had been classified
correctly by us, in two cases we had been more cautious than the authors (we considered them
partially successful while the authors considered them successful), three could not be classified at the
time (we considered the outcome uncertain while the authors labelled partially successful or
successful), and the final two were misclassified (we considered them successful while the authors
considered them as partially successful or too early to tell). Both were populations of amphibians, one
had persisted for over twenty years (Gustafson et al., 2016) while the other was stated as having less
than 3% chance of extinction in 50 years (Chandler et al., 2015). Although this is ultimately an ad hoc
qualitative assessment on a subset of our data, it increased our confidence that our measures of
success and failure were realistically categorised.

A subset of studies reported data on population numbers following translocation. We extracted these
data for 87 translocations, 72 of which were also in the categorical success dataset. The annual growth
rate was then calculated by subtracting the number of individuals translocated from this number of
individuals stated at a later date (or publication year if not stated) and dividing the result by the initial
number of individuals. However, as this analysis contained animals of varying life histories, this
annual growth rate was re-calibrated by dividing it by the generation length (in years) of the species
(see Appendix A for calculation of generation length). This weighted growth rate will be referred to as
population growth rate and the 87 translocations make up the population growth subset. Positive
population growth rate (mean 2.28) was correlated with categorical success and negative (mean -2.42)
with categorical failure (a post-translocation decline). This adds further support for the
meaningfulness of the categorical success criteria.
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Statistical synthesis
Twelve predictor variables (37 variables when formatted as dummy variables, due to some being
multi-level factors see Table S1 in Appendix A) were tested for their relationship with success or
failure, measured either as a binomial dependent variable in the complete sample of translocations, or
as population growth rate in the subsample for which growth-rate data were available. Animal taxa
were grouped at the species level, and all names standardised to those listed in the IUCN Red List
(IUCN, 2019). Some species were translocated in several different projects. To prevent the
introduction of non-independent errors by several representations of a single species, a random entry
for each species was selected, and a sample dataset (with all species represented only once) was
created. This dataset sub-sampling was repeated 1000 times. Each sub-sampled categorical success
dataset contained 148 entries, detailing the translocation of 155 species, as there were two multispecies translocations. The translocation of two endemic Hawaiian honeycreepers (Soorae, 2008) and
seven species of ungulate in Zimbabwe (Soorae, 2013). Each sub-sampled population growth subset
included 40 entries, comprising 40 species. All numerical predictors were standardized.

To identify the most important variables in determining success, stepwise model simplification
(forward and backward), using regression (logistic for categorical success and linear for population
growth rate), and random forests (1000 trees) were carried out using the R v3.5 (R Core Team, 2018)
package caret (Kuhn, 2018). Ten-fold cross-validation was used for both methods and the “best”
model (in terms of dimension and variables included) for each dataset was selected by lowest crossvalidation predictive error (Area Under the Curve (AUC) for the categorical success dataset and Root
Mean Squared Error (RMSE) for population growth subset). The random forests technique—an
averaged tree-based machine-learning method for fitting predictive models—was used to detect nonlinear effects, via branch splitting, not captured by linear regressions. (Breiman, 2001). The problem
of overly correlated variables was avoided by setting the number of variables available to each tree to
ten. The resultant variables—the ten most commonly selected by the stepwise selections and the ten
most important in the random forests (see Table 3)—were combined into revised logistic and linear
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regressions, with non-linearities incorporated with the package splines (R Core Team, 2018). All
correlations were calculated using Pearson’s r coefficient and controlled for the effect of species.
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Results

We collated data on 514 published translocations (complete dataset) of 293 terrestrial vertebrate
species undertaken between 1895 and 2017. Translocations were documented on every continent
except Antarctica, and numbers of translocations have increased through time (Fig. 1). For summary
statistics of the complete dataset see Table S2, Figure S1-S10 in Appendix A.

Fig. 1: The spatial and temporal spread of conservation translocations of terrestrial vertebrates. (a)
The number of translocations that have taken place in countries worldwide (n = 514). (b) The
cumulative increase of translocations through time (n = 500, 14 had no definitive start year). The
apparent recent slow-down may be caused by the lag (median 9 years, mean 13.67, sd 16.03) between
the start of the translocation program and publication.

Table 3 shows the important predictor variables identified from modelling in the categorical success
dataset and population growth subset (For summary statistics of the categorical success dataset see
Table S3, Figure S11-S19, Appendix A, and for the population growth subset see Table S4, Figure
S20-S22, Appendix A). The effect of the fifteen variables deemed important for predicting
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categorical success are shown in Figure 2(a). Six variables—the translocation taking place in Oceania,
in North America, in Europe, the species being classified as Endangered by the IUCN, the number of
individuals, and the Corruption Perception Index (CPI) of the country where the translocation took
place—were also selected in the population growth subset. The final two variables were modelled as
non-linear effects with a 2-degree spline as these variables were deemed important by the random
forests analysis. The number of individuals released and the species classification of Endangered had
positive effects on success, the translocation taking place in North America or Europe had no or
minimal effect, while the translocation taking place in Oceania or in a country with a high CPI score
negatively affected success. The results for the population growth subset (Fig 2 (b)) were similar but
with a slightly positive effect for translocations taking place in North America and a reduction in the
negative effect of the second spline of the CPI.
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Table 3: The Top 10 most important variables selected by the stepwise logistic regression method and
random forests for the categorical success dataset and population growth subset, as detailed in the
main text. The six variables common between both are in italics.

Categorical success dataset

1

2

Population growth subset

Logistic regression

Random forests

Logistic regression

Random forests

The start year of

The start year of

IUCN classification:

Animals sourced

translocation

translocation

Least Concern

from captivity

IUCN threat 7: Natural

The number of

Animals sourced from

The number of

system modifications

individuals

captivity

individuals

translocated
3

4

5

translocated

IUCN threat 11:

IUCN threat 11:

Continent: North

Animals sourced

Climate change &

Climate change &

America

from wild

severe weather

severe weather

Continent: Oceania

Duration

The number of

IUCN

individuals

classification:

translocated

Least Concern

Soft release

Continent: North

IUCN classification:

Continent: Oceania

Endangered

6

America

IUCN classification:

IUCN threat 8:

Near Threatened

Invasive & other

Continent: Europe

Soft release
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problematic species,
genes & diseases

7

Duration

Number of IUCN

Continent: Oceania

threats experienced

Continent:
Oceania

by species
8

Continent: Africa

Corruption

IUCN classification:

Species was a

Perception Index of

Endangered

mammal

country

9

Continent: North

IUCN threat 7:

Animals sourced from

IUCN threat 1:

America

Natural system

wild

Residential &

modifications

commercial
development

10 Continent: Europe

IUCN threat 5:

Translocation was a

Corruption

Biological resource

reintroduction

Perception Index

use

of country
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Fig. 2: The standardized coefficient values (i.e., relative effect sizes) from (a) the logistic regression
performed on the categorical success dataset (n = 257) and (b) the linear regression performed on the
population growth subset (n = 87). White boxes indicate positive effects where the boxplot whiskers
do not overlap zero; light grey overlaps zero; and dark grey indicates a statistically discernible
negative effect. Box widths show the interquartile range, the mean is represented as a bold vertical
line within each box, and whiskers denote the 2.5–97.5th percentiles. Overlapping zero does not
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indicate no statistically discernible effect of that variable: as these coefficients are taken from 1000
subsets of the data (see Methods) this only indicates that the species translocated had varying results,
e.g., on 6 occasions the coefficients for the “Corruption Perception Index: Degree 1” in the categorical
success dataset (a) were positive. Variables in bold in (a) are also in the (b).
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Fig. 3: The effect of Oceania (a-b), North America (c-d), Europe (e-f), the IUCN classification
Endangered (g-h), the number of individuals (i-j), the Corruption Perception Index (k-l) in the
categorical success dataset and population growth subsets; relationship of start year with number of
individuals (m-n). a-h, the features for the boxplots are as in Figure 1 but only showing the six
variables deemed important by both metrics. i, Predicted probabilities for success (grey dots) for
number of individuals from the logistic regression models (detailed in text). Smoothing (red line,
Local Polynomial regression (LOESS) with a span of 50%) indicating the trend. Size of dots are
scaled to number of translocations. j, Predicted probabilities for population growth rate (grey dots) for
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number of individuals from the linear regression models (detailed in test). Smoothing line as in i. k-l,
as i-j but with Corruption Perception Index. m, Relationship between start year and number of
individuals in the categorical success dataset, solid line is linear model trend line (β= 0.0008, p=
0.71), dashed line is linear model (β= -0.0007, p=0.80) with the most leveraged points (indicated by
‘x’s and calculated as four times the mean Cook’s Distance) omitted. n, as m but in the population
growth subset. Linear model (β= 0.0012, p=0.65), linear model without leveraged points (β= 0.0005,
p=0.87).

Boxplots and response curves for the six variables selected in analysis of both response variables are
shown in Fig 3. The negative effect of a translocation taking place in Oceania is more pronounced in
the probability of categorical success compared to the population growth rate, while the positive effect
of North America is more evident in the population growth rate. The effect of the translocation taking
place in Europe is positive for both metrics while the species being Endangered had little effect on
either metric. The effect of total numbers released was complex: success increased up to about 20-50
individuals and declined slightly above a few hundred individuals (although the evidence of this
decline is weak because of few datapoints). The corruption of each country –-included as a proxy for
the ability to enforce conservation-related legislation (e.g. effectively prohibit hunting and/or land
clearing)—displayed even greater non-linearity. Both metrics were high for countries with low CPI
scores (high corruption) and surprisingly low for countries with close to values close to 80 and 90
(low corruption); this last effect was mainly due to Australia and New Zealand.
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Fig. 4: The effect of start year on the probability of categorical success. Details are as in Fig. 3.
Controls for the effect of all variables in Fig. 1.

The large number of variables tested increased the chance that one or more may obfuscate the effect
of others due to correlation. The highest correlation exhibited in the categorical success dataset was
between Europe and “IUCN threat 9: Pollution” (Pearson’s r = 0.60) and North America and “IUCN
classification: Least Concern” (r = 0.60). The population growth subset exhibited the same correlation
between Europe and Pollution (r = 0.60) and CPI. Oceania was correlated with CPI (r = 0.50 in both)
and “IUCN threat 8: Invasive & other problematic species, genes & diseases” (r = 0.30 categorical
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success and r = 0.40 population growth rate) in the dataset and subset. Invasive species were the
dominant component of this IUCN threat, making up approximately 80% of cases in the dataset and
subset.

The variable ‘start-year’ was indicated as the most important variable in both statistical methods for
the categorical success dataset: success increased until about 1990 and has shown little further
improvement (Fig, 4). We tested each of our original predictor variables for a trend with time, to
identify those that might explain the effect attributed to start-year. This found three temporal trends in
characteristics of translocation: (i) a rising proportion of translocations that were reintroductions
versus other types (Pearson’s r = 0.29) (see Table 1 for definitions); (ii) a declining proportion that
were assisted migrations versus other types (r = -0.44); and (iii) a rising proportion of translocations
that used soft versus hard release protocols (r = 0.27). Start year was not deemed an important
variable when using the population growth rate and, in fact, exhibited a negative trend.

Although wild animals were more likely to be used in translocation projects in the categorical success
dataset (Fig. S11 in Appendix A), they did not result in higher success rates (wild 70.2%, captive
76.0%). However, translocations using wild animals resulted in higher population growth rates than
translocations of captive-bred animals (wild +2.2, sd 5.7; captive -2.8, sd 12.2; mixture -0.1, sd: 2.7,
unsure 0.0, sd:0.4) and, as a predictor, was deemed important by both statistical methods (Table 3).
Soft releases were more common in both the categorical success dataset (Fig. S11 in Appendix A) and
population growth subset (Fig. S20 in Appendix A). There was little evidence for a difference in
categorical success for soft versus hard releases (soft 79.8%, hard 75.0%). However, hard releases
resulted in higher mean population growth rates (hard +5.6, sd 9.8; soft -1.3, sd 6.9). We found
similar categorical success rates for amphibians, birds, and mammals, all between 67% and 74%,
while categorical success for reptiles was higher at 85%. Mammals had the highest mean population
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growth rate (amphibians -4.0 (sd: NA), birds -3.8 (sd: 12.4), mammals +0.8 (6.4), reptiles -0.12 (sd:
22.3)).
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Discussion

The factor with the strongest influence on the success of translocations was the number of individuals
released. This suggests that a crucial ingredient in securing success is resourcing which enables the
release of a minimum of 20-50 individuals. However, there has been no trend for an increase in the
number of animals released over the last century (Fig. 3). This suggests that there is further scope for
improvement in the success of translocations by increasing investment in individual translocation
projects. Otherwise, our analysis demonstrates a strong effect of geography. Translocations in Europe
and North America were marginally more successful while translocations that took place in Oceania
were more likely to fail. These trends are probably the result of the unique historical contexts of these
regions and differences in the dominant threats in each.

The importance of the number of individuals released in promoting success of translocations is
consistent with previous analyses (Griffith et al., 1989, Wolf et al., 1996, Fischer and Lindenmayer,
2000). Invasion biology also supports a relationship between releasing more individuals and increased
likelihood of establishment (Brook, 2004), as does the theory of population viability (Soulé, 1987).
Small populations being more susceptible to extinction due to stochastic environmental, genetic,
and/or demographic variations (Caughley, 1994). The positive effect of number of individuals is most
pronounced at lower numbers as each additional individual makes a greater contribution to the
population escaping the region of high extinction risk (Soulé, 1987). This contribution decreases as
more individuals are released. In our data there was a plateau in success above approximately 20-50
individuals, and possibly a decline at much larger numbers; this surprising result could be due to
translocations where invasive predators were still present (i.e. predator swamping) (Short et al., 1992,
Lloyd and Powlesland, 1994, Bannister et al., 2016) or habitat quality was low (Garson et al., 1992,
Martinez-Abrain et al., 2011). This is not to say that 20-50 animals are an optimal number to release,
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because each translocation is affected by context-specific factors, such as the life history of the
species, carrying capacity, availability of individuals, etc., that we could not investigate.

Correlation between geography and other variables suggest some possible causes of the apparent
effect of geography on translocation success. The high correlation between Europe and the threat of
pollution may indicate that species that require translocation in Europe are threatened by more
localised threats than in other continents, such as Oceania. The pervasiveness of the threat of invasive
species in Australia (Woinarski et al., 2015) and New Zealand (Holdaway, 1999) is likely a key
factor in the low success found in those countries. Historically, species in Oceania were protected
from introduced predators by putting them on offshore islands they had not previously inhabited
(Lloyd and Powlesland, 1994, Short et al., 1992). No variable could assist in interpreting the positive
population growth in North America as the correlation between North America and species of Least
Concern is not apparent in the population growth subset.

The categorical success of conservation translocations improved through most of the twentieth
century, such that while in the early 1980’s only around 50% of attempt translocations succeeded, the
success rate now around 75% (Fig. 4). We were unable to identify any single change in features of
translocation projects that could explain the rise in categorical success through time. We suggest two
potential hypotheses to account for the apparent improvement: that one or more additional
unmeasured variable(s) must be responsible; or that authors have become less conservative in their
attribution of success over time. The unknown variable could be a composite factor such as increased
skill in the implementation of translocations, or avoidance of cases that previous experience shows to
be high-risk. A more risk-averse approach is implied by the fact that there has been a decline in
releases outside the known range of the species (assisted migration), which are likely to be more
difficult due to the unproven suitability of the recipient area (McLachlan et al., 2007). Assisted
migrations were a common method employed historically to protect species in Oceania, but even
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though they have been predicted to increase in the future due to climate change (Hoegh-Guldberg et
al., 2008, McLachlan et al., 2007, Gallagher et al., 2015, Hunter, 2007) their use has decreased
through time in our categorical success dataset. The decline in risk is also supported by the
observation that releases of wild-sourced rather than captive animals have tended to decline, and by
an increasing trend for releases into fenced rather than open reserves (see Figures S16-S18 in
Appendix A).

The hypothesis that authors have become more permissive is labelling translocations as successes is
supported by the translocation start date not being deemed important in the population growth subset.
However, it is also possible that start year was not deemed important in the analysis of population
growth rate because the metric is inherently biased against more recent translocations in two ways.
Firstly, recently translocated populations have had less time to settle, reproduce, etc., so they are
disadvantaged in achieving high population growth rates and, secondly, by weighting the population
growth rate by generation length, recently translocated long-lived species would have to have
inordinately high fecundity to achieve high scores.

This bias would have also occurred for duration, which was included in models predicting success but
not growth rate, because only short-lived species could achieve high scores for population growth in
projects of short duration. Duration was deemed important in the categorical success dataset and 79%
(38/48) of translocations with negative population growth rate had a duration of two years or less. The
release of animals over extended time periods would compensate for fluctuations in survival due to
demographic or environmental stochasticity that could otherwise cause negative outcomes in shortterm projects (Hardy et al., 2018), in the same way, that repeated introductions increase the
probability of establishment of invasive species (Redding et al., 2019).
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The threat classification ‘Endangered’ was deemed important in the dataset and subset yet the
direction of this effect was unclear and minimal. Arguments could be made for either a positive or
negative effect of translocating Endangered species. Endangered species may be seen as high priority
and hence have greater resourcing allocated or they could suffer from lack of available habitat or
source population. Soft-release methods, such as the provision of pens and/or supplemental food at
release sites, are thought to aid acclimation and promote site-fidelity in some species (Moseby et al.,
2014, Tetzlaff et al., 2019), while proponents of hard releases argue that it reduces costs (de Milliano
et al., 2016). We found no evidence of a relationship between success and release method, similar to
findings of past reviews (Griffith et al., 1989, Wolf et al., 1996, Wolf et al., 1998, Fischer and
Lindenmayer, 2000, Short, 2009). Though the inability for reviews to detect such trends has been
suggested (Moseby et al., 2014) we did find that the population growth rate for hard releases was
much higher than that of soft releases. Unlike previous studies, we found no evidence for higher
categorical success of wild-sourced than captive-bred stock (Fischer and Lindenmayer, 2000, Jule et
al., 2008) or that categorical success for birds is lower than mammals (Wolf et al., 1996). Though we
did find that the population growth rate for wild-sourced stock and mammals was higher than captivebred stock and birds. Whether a species was captive-bred was one of the most important factors in
quantifying the population growth rate (Table 3) and these populations exhibited negative population
growth rates. The absence of this negative effect in the categorical success dataset may reflect biases
of practitioners who have already invested so much in captive breeding programs and so may be more
lenient with success criteria than other practitioners.

This comprehensive review of the determinants of success or failure in vertebrate translocations has
demonstrated that investment in a translocation, expressed by the number of individuals moved, is
crucial. However, there remains considerable scope for improvement, based on the lessons of over a
century of trial, error, and refinement in the science of conservation biology. Our use of two different
metrics counteracted the drawbacks of each method and increased the robustness of this study, but in
some cases the two datasets provided conflicting results making it difficult to determine the true
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outcomes. This highlights the need to develop a set of agreed and defined reporting criteria for
translocations programs that would allow more thorough and informative global comparisons in the
future. This would reduce problems of interpreting success or failure and promote improvements in
the practice of translocations, leading to higher rates of success in the future.

41

Chapter 3

Too hot for the devil? Did climate change cause the
mid-Holocene extinction of the Tasmanian devil
(Sacrophilus harrisii) from mainland Australia?

The role of climate change in the extinction of megafauna in the Quaternary is hotly debated in the
literature, yet few studies assess the direct effect of climate change on animal physiology. Here we
test whether climate change could have affected the stability and favourability of the energy and
water requirements of the Tasmanian devil (Sarcophilus harrisii), its prey, and the productivity of its
environment during the mid-Holocene, when the species went extinct on mainland Australia.
Physiological outputs were quantified using mechanistic species distribution models. The stability and
favourability of these were compared between a period of known climatic and suspected demographic
stability (6-8k BP) and the extinction period (2.4-5k BP).
There is no evidence of widespread negative effect of climate on the physiological parameters for the
devil on the mainland. There is support for a role of climate in a bottleneck of the Tasmanian
population that coincided approximately with mainland extinction.
These results suggest that climate did not play a significant role in the mainland extinction. Instead,
the extinction is best explained by competition from the dingo (Canis dingo) or cultural and
demographic changes in the human population.
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Introduction

During the late Quaternary, many species of terrestrial vertebrates went extinct (Barnosky et al., 2004,
Koch and Barnosky, 2006). These extinctions differentially removed large-bodied species (Smith et
al., 2018), resulting in the disappearance of most of the very largest species of land animals from the
continents and large islands. These animals are often described as the ‘Pleistocene megafauna’,
typically weighing over 45 kg, as well as smaller species that were large compared to their near
relatives (Johnson, 2002). A good example of this latter effect is the extirpation of the Tasmanian
devil (Sacrophilus harrisii, hereafter devil) from mainland Australia (White et al., 2018). The devil
weighs 5-10 kg but is the largest of the dasyurid marsupials (Rose et al., 2017) and it disappeared
from the mainland while few or no other dasyurids were lost (Johnson, 2006). The thylacine
(Thylacinus cynocephalus)—a carnivorous marsupial weighing approximately 25kg (Figueirido and
Janis, 2011)—was also extirpated in the same timeframe (White et al., 2018).

The cause of global extinctions of megafauna has been debated extensively in the literature. The two
leading hypotheses are that the extinctions were due to the direct impacts of hunting by humans
versus stresses on populations from climate change (Brook and Bowman, 2002, Barnosky et al., 2004,
Koch and Barnosky, 2006, Nogués-Bravo et al., 2010, Sandom et al., 2014). Attempts to distinguish
these two possible causes have mostly been based on establishing the timing of extinction in relation
to the arrival of modern humans in different regions (Barnosky et al., 2004, Burney and Flannery,
2005), and to major climate changes in those regions (Nogués-Bravo et al., 2010). Another possible
approach is to develop models of the competing processes. Several models of hunter-megafauna
interaction have been created, and they confirm that extinction by hunting is plausible (Alroy, 2001,
Brook and Bowman, 2002, Brook and Johnson, 2006). There has been much less use of modelling to
test whether late Quaternary extinctions could have been caused by climate change (although see
Saltré et al. (2019)).
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Correlative Species Distribution Models (SDMs) have been used to investigate the Pleistocene
extinctions of several North American mammals (Martínez-Meyer et al., 2004) and the woolly
mammoth (Mammuthus primigenius) across the Northern Hemisphere (Nogués-Bravo et al., 2008).
Correlative SDMs formulate a statistical relationship between the presence of a species and
environmental predictors, which can be biotic or abiotic factors; in studies of extinct species, climate
predictors predominate. The SDMs can then make forecasts or hindcasts (Elith and Leathwick, 2009).
Such models are popular in ecological research (Araújo et al., 2019) though their limitations due to
their assumptions—especially that species distributions are in equilibrium with the environment and
that relationships between occurrences and predictors hold in no-analogue environments—are well
documented (Zurell et al., 2020). Many palaeoecological questions rely explicitly on extrapolating
into novel environments, and correlative SDMs are inappropriate for this (Elith et al., 2010).
Furthermore, the incompleteness of the fossil record makes it highly likely that ranges of extinct
species are underdescribed, leading to overestimation of the risk of extinction.

Mechanistic SDMs (or mechanistic niche models) are biophysical models that predict energy and
water requirements of species based on the interaction of their physiology, morphology, and
behaviour with the microclimate they experience (Porter et al., 2000, Porter and Mitchell, 2006). They
do not have the deficiencies noted above for correlative SDMs and the relationships they create are
transferable to novel environments (Kearney and Porter, 2009). Wang et al. (2018), used a
mechanistic niche model to determine that reduced primary productivity and freshwater availability
were probably the critical limiting factors for the extinction of woolly mammoth from St. Pauls
Island. Simulation of the physiological requirements of animals in the distant past has recently been
made more feasible with new advances in the implementation of mechanistic models in R packages
(Kearney and Porter, 2017, Kearney and Porter, 2019) and high-quality paleoclimate data (Fordham et
al., 2017). Extensive data are needed to fit mechanistic niche models, making them difficult to build
for extinct species, but most feasible for species that have surviving populations, or extant close
relatives.
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The Tasmanian devil was once widespread on mainland Australia but was extirpated by ~3.2k BP
(White et al., 2018). Initially, this was attributed to competition from the dingo (Canis dingo)
(Corbett, 1995), which arrived on the mainland at about the same time, but never reached Tasmania
(Fillios et al., 2012). Modelling has indicated that the contribution of the dingo to the loss of the devil
on mainland Australia may have been relatively small (Prowse et al., 2014). Instead, the
archaeological record suggests that from about 6-5k BP the human population on mainland Australia
went through a period of ‘intensification’, consisting of occupying more habitat types, technological
change, more sedentary behaviour, and population growth (Johnson and Brook, 2011, Johnson and
Wroe, 2003, Lourandos, 1997). Intensification might have caused increased competition and hunting
of devils (Johnson and Wroe, 2003). There is no evidence of such an intensification taking place in
Tasmania (Lourandos, 1997, Johnson and Wroe, 2003).

An alternative explanation of the mainland extinction of the devil is that it was caused by climate
change (Brown 2006) specifically an increase in the intensity of the El Niño Southern Oscillation
(ENSO) between 3-5k BP (Donders et al., 2008). This might have caused high variability in climate
that placed stress on devil populations at climate extremes. Genetic analysis suggests there were large
population declines of devils in Tasmania between 2.4-3.9k BP, coincident with intensified ENSO
activity (Donders et al., 2008, Brüniche-Olsen et al., 2014). Unstable climate has been shown to have
been a contributing cause to the decline in abundance of small mammals (Blois et al., 2010) and the
extinction of subpopulations of large mammals (Cooper et al., 2015) earlier in the Quaternary.
Varying climate may reduce fitness as fluctuating energy and/or water demands require constant
adaptation, therefore, diverting resources from reproduction (Porter et al., 2000, Isaac, 2009). Also,
climate instability generates periods of unfavourable or extreme conditions that cause energy or water
stress and reduce fitness.
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Here, we sought to test the hypothesis that climate was a major driver in the extinction of the devil
from mainland Australia, using mechanistic niche models linked to paleoclimate reconstructions to
simulate effects of the high-ENSO conditions of the mid-late Holocene on populations of the devil on
mainland Australia. The high-ENSO period within which the devil went extinct was preceded by a
period of climate stability and relatively warm temperatures associated with increased summer
insolation around 6-8k BP (Wanner et al., 2008), known as the Holocene Thermal Optimum.
Molecular evidence (Brüniche–Olsen et al., 2018) suggests the mainland devil population was
relatively stable before its extinction, implying that conditions were favourable during the Thermal
Optimum. Therefore, we compared conditions in this favourable period with those of the Extinction
Period (2.4-5k BP)(White et al., 2018). We also evaluated whether climate change could have
affected the stability of the energy and water requirements of the devil and an important prey species,
the red-necked wallaby Macropus rufogriseus, hereafter wallaby (Cunningham et al., 2020), and
reconstructed dynamics of Net Primary Productivity (NPP) of the devil’s environment.
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Methods

Macroclimate
For paleoclimate assessment we used temperature (min and max, averaged to mean) and precipitation
data simulated by the TRaCE21ka experiment (Liu et al., 2009, Otto-Bliesner et al., 2014). This used
the Community Climate System Model version 3 (Otto-Bliesner et al., 2006, Yeager et al., 2006), a
global coupled atmosphere-ocean-sea ice-land general circulation model which includes a dynamic
global vegetation module, and generated values at a 2.5° × 2.5° (latitude-longitude) spatial resolution
and a decadal temporal resolution. These paleoclimate data were downloaded using Paleoview
(Fordham et al., 2017) and formed the inputs for the microclimate model along with relative humidity
data from the same source and solar radiation data downloaded from the National Center for
Atmospheric Research website. The solar radiation data were projected from 3.75° × 3.75° to 2.5° ×
2.5°, using the raster package (Hijmans, 2019). The area assessed in this study was eastern
Australia (Longitude 138.5°E- 154.5°E, Latitude 43.5°S to 9.5°S) and the two time periods examined
were the Thermal Optimum (6-8k BP) and the Extinction Period (2.4-5k BP). NPP (in g DM/m2/year
where DM is dry matter) was calculated using the Miami model (Lieth, 1975) (see Appendix B for
details).

Stability of macroclimate
To test the stability of the climatic and productivity conditions over time, the trend and variability at a
location (grid cell), was compared with those across all of eastern Australia. This approach will be
referred to as the macro approach, while that used to test physiological conditions will be termed the
local approach. The trend, the slope of the variable of interest against time, and the variability, the
standard deviation of the residuals, are the basis of each method. Both have successfully identified
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areas of climatic instability in other studies (Fordham et al., 2019, Brown et al., 2020). See Appendix
B for calculation. Both approaches were carried out at a 1° × 1° resolution.

In the macro approach, the absolute values of the median trend and variability were classified into six
categories: (i) stable (≤ 25th percentile for trend and variability), (ii) low trend and low variability (>
25th and ≤ 50th percentile for both), (iii) low trend (≤ 50th) and high variability (≥ 50th), (iv) high trend
(≥ 50th) and low variability (≤ 50th), (v) high trend and high variability (≥ 50th and < 75th percentile for
both), and unstable (≥75th percentile for trend and variability). As these categories go from low to
high ((i)-(vi)), we calculated the number of categories up or down the ranking a grid cell moved
between the Thermal Optimum and the Extinction Period (see Figure 1 a-c). We used absolute values
as the aim was to quantify the stability of climatic conditions while including the direction adds much
complexity as an increase or decrease in temperature may be favourable or unfavourable depending
on prior conditions (same for precipitation) while large constant change is likely consistently
negative. However, as a decrease in NPP at this scale suggests adverse effects (less energy going into
the system) we also measured the change in the median trend between the two time periods at each
grid cell (Figure 1d).

Microclimate and animal models
Mechanistic niche models consist of two sub-models: a microclimate model and an animal model
(Kearney and Porter, 2017, Kearney and Porter, 2019). The microclimate model downscales
macroclimate data into environmental conditions (see Appendix B) which are used as the input for
solving the heat and mass balance equations of the animal model, which is parametrized by the
physiological data of the animal. Both models were created using the NicheMapR package (Kearney
and Porter, 2017, Kearney and Porter, 2019) in R (R Core Team, 2018), which implements the Niche
Mapper suite of programs in Fortran.
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The physiologies of the devil and wallaby were simulated using the endoR function (Kearney and
Porter, 2019) which characterises the physiological regulation of an endotherm specific to the species
parameters provided. These parameters include the basal metabolic rate, presence of fat, fur
properties, and the size and shape of the species. These were obtained from the literature and values
for the devil and wallaby (see Appendix B). Using these parameters, the organism is ‘allowed’ to
change its behaviour (posture change, seek shade) and/or physiology (change flesh conductivity,
allow core temperature to rise, change posture, piloerection, pant, sweat) to maintain its specified core
temperature given the minimum permissible metabolic heat production. The outputs of primary
interest in this study were the energy needed to maintain minimum metabolic heat production and
water loss. Multiplying the metabolic rate per hour (W/H) by 3.6 provided the energy needed in
kilojoules (see Appendix B for validation of devil endotherm model).

Stability and favourability of microclimate and animal physiology
We tested the effect of climate on the stability and timing of the physiological conditions both
temporally and spatially. To test the stability, we used the “local approach”. This method involved
calculating the trend and variance as in the macro approach but rather than assess these against all
other grid cells, the change at each grid cell was assessed using the signal-to-noise (SNR) ratio. This
was done because changes in physiological stress are likely relative to the conditions an animal has
adapted to and not to the conditions it could experience at a sub-continental level. The SNR ratio is
the absolute trend divided by the variability and is commonly used in climatology to discern the signal
of anthropogenic climate change from background noise (Santer et al., 2011). The absolute trend was
used as physiological ‘gains’ are often offset by ‘losses’ e.g., less energy required due to increased
temperatures may cause increased water loss. The SNR was rescaled between 0 and 1 to compare
across variables and time periods. To quantify the change in physiological conditions between the
Thermal Optimum and the Extinction Period the ΔSNR was calculated (ΔSNR = SNR Extinction
Period – SNR Thermal Optimum). To increase interpretability ΔSNR was bilinearly interpolated
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using the disaggregate function in the raster package (Hijmans, 2019). The distribution of
humans was visualised using the Anthromes 12K dataset (Ellis et al., 2020) (see Appendix B).

In addition to testing stability, we tested the timing of the occurrence of unfavourable conditions. Here
we assume that unfavourable conditions involve high energy and water requirements and low NPP.
We assessed the timing of these conditions in two ways. First, we found when the most “unfavourable
century” for energy, water, and NPP, occurred in relation to the extinction, to answer if there was an
acutely stressful period preceding or coinciding with extinction. The most unfavourable century
involved calculating the mean of the three decades (this was three values for the physiological output
and thirty for NPP) with the highest value for energy and water requirement (or lowest for NPP), for
each cell. This century was then labelled according to its relationship to the extinction century (3,200
BP-3,100 BP). To control for observers “detecting” patterns where none are apparent, we repeated
this process using an arbitrary point (a “pseudoextinction”) in the Thermal Optimum (Figure 3a-f).

For the second method, we took the maximum energy and water requirements for each cell during the
Thermal Optimum as its baseline and calculated when conditions in the Extinction Period exceeded
this value, expressing the difference as a percentage (Figure 4b-f). The opposite was done for NPP i.e.
the minimum NPP was taken as the baseline and conditions below this were identified. To ease
interpretation, areas where devils were unlikely to have occurred (the interior and north of the
continent)(Westaway et al., 2019) were excluded. For simplicity, we plotted only areas stipulated as
either the “Temperate Broadleaf & Mixed Forests” and “Mediterranean Forests, Woodlands, and
Scrub” biome in Olson et al. (2001). This is not to suggest that the biomes have remained unchanged
but rather that they map the devil’s prehistoric geographic range well. A distinction was made
between the “Temperate Broadleaf & Mixed Forests” on the mainland and Tasmania.
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Results

Changes in temperature and precipitation stability from the Thermal Optimum to the Extinction
Period were patchily distributed across eastern Australia (Figure 1a,b). The south-eastern mainland
and Tasmania saw an increase in temperature instability, coupled in Tasmania with unstable
precipitation leading to unstable NPP (Figure 1c). Parts of the northern mainland, where large
populations of devils are unlikely to have existed (Westaway et al., 2019), also experienced instability
in temperature and precipitation, and therefore NPP. Many areas likely to have had large devil
populations on the mainland—areas with low human populations and not situated in the interior—did
not change NPP categorisation. The difference in NPP trend (Figure 1d) shows less change occurred
between the two periods in Tasmania and an area unpopulated by humans in the southwest portion of
the mainland. Much of the eastern mainland had a larger NPP increase in the Extinction Period than in
the Thermal Optimum.

There was no evidence for a general decline in local stability (ΔSNR) of devil energy or water
requirements across eastern Australia during the Extinction Period (Figure 2a,b). Parts of the southern
mainland (modern-day Victoria) had increased instability for energy requirements during the
Extinction Period relative to the Thermal Optimum (Figure 2a,b). Modern-day Victoria, in the
southeast, has the majority of Tasmanian devil fossil records (Westaway et al., 2019). Although this
may reflect a collection bias, it does identify Victoria as the area with the strongest evidence for large
populations of devils and the best evidence on the timing of extinction. The energy requirements for
the devil show the greatest instability at approximately Latitude 29°S and Longitude 154°E and in
western Tasmania (Figure 2a, though they appear offshore due to the coarse resolution). Parts of the
eastern mainland (from Latitude 25-30°S and Longitude 154°E) show that energy requirements were
somewhat unstable during the Extinction Period for both species (Figure 2a,c). Energy requirements
for wallabies were also unstable along the west coast of Tasmania during the Extinction Period
51

(Figure 2). Much of the southern mainland had similar energy and water instability for devils and
wallaby in the Extinction Period as in the Thermal Optimum (Figure 2). The Extinction Period was
more unstable physiologically (Figure 2 c, d) for the devil than for the wallaby. The timing of
increased periods of instability in Tasmania was assessed (Figure 4a) and it appears that there is a
cluster of unstable years around 4-4.2 k BP.

There was no clear occurrence of sustained negative periods (“unfavourable centuries”) for energy or
water requirements preceding the devil’s mainland extinction (Figure 3d, e). NPP did show concerted
unfavourability at approximately 500-1000 years before the extinction (Figure 3f), however stronger
patterns exist for the “false extinction” modelled in the Thermal Optimum (Figure 3a-c). There is little
evidence to suggest that the NPP in the lead up to the extinction was much lower than it had been
during the Thermal Optimum (Figure 4b). There is also minimal evidence that energy requirements
for the devil and the wallaby were particularly harsh immediately before extinction, with the
percentage they surpassed the Thermal Optimum maximum never exceeding ~5% (Figure 4c, e). The
absence of cells in Tasmania deemed more unfavourable for energy requirements and NPP contradicts
the stability results for the island in Figure 4a. Water requirements for both species in Tasmania in the
Extinction Period exceeded those in the Thermal Optimum but never by more than 10%. However,
water requirements on mainland Australia occasionally surpassed 20% and even 40%, indicating
acute water stress in some areas.
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Fig. 1: The change in categorised stability and trend for temperature, precipitation, and Net Primary
Productivity (NPP) during the Thermal Optimum and the Extinction Period. a,b, and c show the
change in the number of categories (see the main text for categories) for each cell for temperature,
precipitation, and NPP, respectively, with the darker colours indicating a greater change in the number
of categories. White indicates no change. d shows the change in trend in NPP between the two time
periods, with red indicating areas that had a reduction in the rate of increase in NPP and blue showing
a rise.
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Fig. 2: The local change in physiological stability (Δ signal-to-noise ratio (SNR)) for the Tasmanian
devil (top) and wallaby (bottom). a, c shows energy requirements and b, d water requirements. The
higher the Δ SNR (redder) the greater the instability in the Extinction Period when compared to the
Thermal Optimum. The lower the Δ SNR (bluer) the greater the instability in the Thermal Optimum
when compared to the Extinction Period.
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Fig. 3: The “unfavourable” centuries for the Tasmanian devil’s energy and water requirements, and
Net Primary Productivity (NPP), in relation to its extinction during the Extinction Period or a
pseudoextinction (an arbitrary point) in the Thermal Optimum. Unfavourable centuries are
characterised by particularly high energy or water requirements or low NPP at a cell. Red cells
indicate areas that were unfavourable in the lead up to the extinction, yellow the time period of the
extinction (3200-3100BP), and grey-black cells signify the most unfavourable conditions happened
after the extinction.
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Fig. 4: The stability of energy and productivity in the lead up to the genetic bottleneck (grey shaded
area) in Tasmania and the timing of “unfavourable” productivity, energy, and water requirements
throughout Australia that certainly contained Tasmanian devils. a, the normalised signal-to-noise
ratios (SNR) for energy for both species, the Tasmanian devil and wallaby, and productivity in
Tasmanian grid cells. The dashed lines specify the maximum SNR value during the Thermal
Optimum, which can be considered “normal” stability. The SNR was normalised for each variable to
plot them on a single graph. b-f, the vertical dashed line indicates the best estimate for the Tasmanian
devil's mainland extinction and the legend indicating the biomes is located at the bottom.

56

Discussion

Our analysis suggests that climate did not have a negative effect on the devil on mainland Australia
during the period preceding its extinction, and that climate therefore did not contribute to extinction.
This is supported by analysis of physiological constraints on devil, physiological constraints on their
prey, climate, and primary productivity. We did find evidence of increased instability of NPP and
physiological parameters in both devils and their prey in Tasmania directly before the time at which
the population bottleneck is estimated to have occurred (Figure 3). The devil survived this bottleneck
and remains extant in Tasmania. This adds weight to the conclusion that climate was not a significant
factor in extinction from the mainland: if this small-island-restricted population could survive climate
instability, despite genetic evidence for a demographic impact of that instability, it is less likely still
that climate instability caused extinction over a wider area on the mainland. This leaves ecological
competition and human impacts as the most likely causes of extinction. This research, therefore,
challenges the major role of climate change in the Quaternary extinctions, while also illustrating the
utility of ecophysiological models in investigating extinctions in the deep past (see Wang et al. (2018)
for another example).

Past debates on the causes of the Quaternary megafauna extinctions have involved a dichotomy
between environmental change (Guthrie, 1984) and human hunting (the overkill hypothesis (Alroy,
2001)). More recent research has accepted the occurrence of both factors but has been characterised
by quantifying their contribution and their timing i.e. which precipitated which (Koch and Barnosky,
2006, Barnosky et al., 2004, Burney and Flannery, 2005). Consequently, we are not supposing that
climate did not have any role in the extinction of devils from the mainland but that there is a lack of
evidence for a large-scale concerted effect. Areas that have proven occurrences of devils during the
Holocene (Westaway et al., 2019), experienced instabilities for the devil and wallaby energy
requirements which may have affected the fitness of populations.
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The mainland areas which showed the most likely impacts of climate change lie east of Port Augusta
(Latitude 35-36°S and Longitude 140-141°E) and in eastern Victoria (Latitude 37-38°S and Longitude
146-149°E, though these areas again appear offshore due to coarse resolution). These areas were
unstable for devil energy and water requirements and wallaby energy requirements, and although they
remained stable for productivity their rate of increase was less than in the Thermal Optimum. The
areas east of Port Augusta also make up a major proportion of the “Mediterranean” biome cells that
show unfavourable physiological conditions for both species (Figure 4c-f). Both areas are projected to
have been relatively unoccupied by humans and they have evidence of populations of devils in the
Holocene (Westaway et al., 2019). Therefore, the combination of instabilities may have weakened
these populations leaving them more vulnerable to additional threats such as humans and/or dingoes.

The role of dingoes was a key element not quantified in this study as the required data—a map of how
dingoes spread throughout mainland Australia over time—does not exist. Genetic evidence places the
introduction of the dingo, likely from Indonesia, at approximately 5k BP, while sub-fossil evidence
suggests they were widespread by 3.5k BP (Fillios and Taçon, 2016). As devils are specialist
scavengers and dingoes are generalist predators, and although known to scavenge, their niches are
unlikely to have overlapped significantly, and extinction as a direct result of competitive exclusion is
rare (Davis, 2003, Gurevitch and Padilla, 2004). Nonetheless, pressure may have been exerted on
devils by dingoes, and humans as a result of their increased propensity to scavenge in response to low
food availability caused by climatic variability (Brown 2006). Dingoes (~16kg (Purcell, 2010)), being
larger than devils (6.5kg (Nicol and Maskrey, 1980)), may have preyed on them. The introduction of
the dingo may have led to the decline of large Diprotodontia, if present studies are used as a model
(Fillios et al., 2012), adversely affecting the devil.

This possible reduction in larger prey species could have caused human populations to switch to
hunting smaller prey (Fillios et al., 2012) which ironically due to dingoes and technological advances
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(Johnson and Wroe, 2003) they would have been better equipped to hunt. Therefore, the introduction
of dingoes can be thought of as a double-edged sword for human populations: dingoes reducing large
herbivore abundance needed as prey for an expanding population and tame dingos allowing humans
to shift to smaller prey items (see Appendix B for more implications for human population). A switch
to smaller prey items would have increased human competition with devils as devils are not a pack
hunter (Rose et al., 2017) and when they occasionally hunt, they favour small to medium prey
(Johnson and Wroe, 2003). The Tasmanian native hen (Tribonyx mortierii)—which was extirpated at
the same time as the devil and thylacine (Johnson and Wroe, 2003)—may have been a victim of this
prey-switching. Prey-switching by people has been implicated in the Quaternary extinction of smaller
species (than true megafauna) in North America (Ripple and Van Valkenburgh, 2010).

Unlike the true Australian megafauna (over 45kg), humans and devils co-existed for tens of millennia,
ruling out naivety to humans as a factor in extinction (see Wroe et al. (2004b) for discussion).
However, the changes in the human population described above may have posed new threats to which
devils were naive. Demographic expansion and new tool use have been similarly used to explain the
second wave of extinctions seen in Eurasia, during the late Pleistocene (Barnosky et al., 2004).
Similarly, giant lemurs, elephant birds, giant tortoises, and pygmy hippopotami all persisted in
Madagascar for over a thousand years after the initial extinction event following human colonisation
of the island, before finally succumbing to extinction (Burney et al., 2004). Recent evidence suggests
greater overlap, than previously thought, between the first peoples of North America and the native
megafauna (Becerra-Valdivia and Higham, 2020).

Comparisons could be drawn between the survival of devil populations in Tasmania and the continued
existence of woolly mammoths on secluded Arctic islands (Rogers and Slatkin, 2017, Vartanyan et
al., 2008), although humans were absent on these islands. Recent research (Wang et al., 2018), which
used a similar methodology as described here, illustrated the role of environmental causes,
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specifically NPP and freshwater availability, in the eventual extinction of the woolly mammoth from
St. Paul Island. The carrying capacity of devils in Tasmania would far exceed that of mammoths on
small islands, conferring greater resilience in the face of environmental change, illustrated by the
devils survival of the population bottleneck (Brüniche-Olsen et al., 2014, Brüniche–Olsen et al.,
2018).

Interestingly, we can see the possibility of climate-related declines most strongly in parts of
Tasmania, which is the only place where an alternative explanation (human cultural/demographic
intensification and the dingo) cannot be offered. The devil and wallaby energy data points are spaced
at ten-year intervals so they may be indicative of several decades to centuries of conditions which
were fluctuating more than normal i.e. in comparison to the Thermal Optimum (Figure 4a). While this
must be tempered by the absence of “unfavourable” conditions, it does support genetic evidence of a
population bottleneck occurring here between 2.4-3.9k BP and has potentially global implications as it
shows that periods of intense climate instability can cause declines in abundance of a species, yet
these are survivable if there is an absence of additional stressors. Therefore, efforts to curtail habitat
destruction and hunting of species globally will likely increase their resilience to future climate
change. Additionally, this has implications for the modern-day management of the devil for it is
currently recovering from widespread population declines due to Devil Facial Tumour Disease (Jones
et al., 2014) and could be potentially vulnerable to a population bottleneck caused by anthropogenic
climate instability.

Although our conclusions regarding the role of climate change in the mainland extinction of the devil
are undoubtedly relevant to the Quaternary megafauna extinctions, we note that these extinctions
occurred during a period of different climatic change and larger animals have greater sensitivity to
warming conditions (due to their inability to shelter and lower surface-area-to-volume ratio) (McCain
and King, 2014). Therefore, similar to the conclusions in Lorenzen et al. (2011), which combined

60

climatic, archaeological, and genetic evidence to assess the extinction of six Eurasian megafauna
species and found different extinction drivers for different species, we suggest that these earlier
extinctions be investigated on a species-specific basis (see Appendix B for more caveats and future
directions).

Our results add to the evidence that Pleistocene climate change was not responsible for the extinction
of this wide-ranging species. This implies the impact of humans and novel species, through direct
competition/predation or ecological regime shift, are needed to explain the extinction. The
implications for future climate change are clear: to prevent further biodiversity loss we must identify
and neutralise the impacts of non-climate threats (habitat loss, habitat fragmentation, invasive species,
etc.) as well as climate change.
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Chapter 4

Roughing it: terrain is crucial in identifying novel
translocation sites for the vulnerable brush-tailed
rock-wallaby (Petrogale pencillata)

Translocations—the movement of species from one place to another—are likely to become more
common as conservation attempts to protect small isolated populations from threats posed by extreme
events such as bushfires. The recent Australian mega-fires burnt almost 40% of the habitat of the
brush-tailed rock-wallaby (Petrogale pencillata), a threatened species whose distribution is already
restricted, primarily due to predation by invasive species. This chronic threat of over-predation,
coupled with the possible extinction of the genetically distinct southern population (~40 individuals in
the wild), makes this species a candidate for translocation.
Here, we use species distribution models to identify translocation sites for the brush-tailed rockwallaby. Our models exhibited high predictive accuracy, and show that terrain roughness, a
surrogate for predator refugia, is the most important variable. Tasmania, which currently has no
rock-wallabies, showed high suitability and is fox-free, making it a promising candidate site.
We outline our argument for the trial translocation of rock-wallaby to Maria Island, located off
Tasmania’s eastern coast. This research offers a transparent assessment of the translocation potential
of a threatened species, which can be adapted to other taxa and systems.
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Introduction

The vulnerability of small populations to stochastic events has been thoroughly documented in the
ecological literature (Caughley, 1994, Lande, 1988, Lande et al., 1998, Shaffer, 1981). Large
stochastic events with potentially harmful consequences (bushfires, floods, heatwaves, etc.) are
expected to increase with climate change (Mitchell et al., 2006). Conservation translocation—the
movement of species from one place to another—is likely to become more common in response to the
increasing threat posed by such extreme events (IUCN/SSC, 2013). The identification of potential
translocation sites is a key first step in this process. In the past, these have been chosen by locating
areas that had similar habitat characteristics to those currently or recently occupied by the species
(Macdonald et al., 2000, Lewis and Hayes, 2004), the rationale being that species will have a greater
chance of survival and persistence in areas that are bioclimatically and environmentally similar to
their existing range. Correlative species distribution models (SDMs) can accomplish this task cheaply,
quickly, and with quantitative confidence.

Correlative SDMs are developed by fitting statistical relationships between presence records and
selected predictors (climatic, geological, biological, etc.) (Elith and Leathwick, 2009) to identify areas
in environment-geographic space with high similarity to the species’ occurrence data. They have been
used to identify potential sites for a myriad of species, from mussels (Margaritifera margaritifera)
(Wilson et al., 2011) to European bison (Bison bonasus) (Bleyhl et al., 2015). In plants, areas which
were predicted by SDMs to have higher suitability resulted in higher germination success posttranslocation (Draper et al., 2019).

Notwithstanding these benefits, the reliability of SDMs is often compromised by their assumption that
species are in equilibrium with their habitat, and the exclusion of factors such as dispersal limitations
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(though this has been incorporated in newer models, see Zurell et al. (2016) for further details), and
biotic interactions that may vary spatially and temporally. As a result, SDMs are not always suitable
for extrapolation into new conditions (Briscoe et al., 2019). These problems are particularly acute
when predicting future distributions, which necessitates both spatial and temporal extrapolation.
However, when constraining the projections to current climate conditions but geographically different
areas, correlative SDMs can perform as well as process-explicit or mechanistic models (Buckley et
al., 2010, Briscoe et al., 2016, Zurell et al., 2016). This makes them a useful “first filter” for
identifying potential translocations sites for threatened species needing immediate translocation
(Guisan et al., 2013, Hallfors et al., 2016). One such species is the brush-tailed rock-wallaby
(Petrogale penicillata, hereafter rock-wallaby), a medium-sized (5-11kg) marsupial currently
classified as Vulnerable (Woinarski, 2016). Initial estimates state that 38% of the rock-wallabies
habitat was burnt during the recent 2019/2020 Australian wildfires though the effect of this on their
metapopulation is yet to be revealed (Ward et al., 2020). This highlights the need for the
establishment of additional ‘insurance populations’, to lessen the risk of further population decline;
translocation may be a viable way to achieve this.

Before European colonisation of Australia, the rock-wallaby ranged in rocky terrain across the forests
and woodlands in the south-east of the country (Jarman and Bayne, 1997) from south-eastern
Queensland, through New South Wales (NSW), and into Victoria (Short, 1982, Short and Milkovits,
1990). The current distribution reflects a combination of past and present threats (see Fig. 1). Invasive
predators, primarily the European red fox (Vulpes vulpes), are the current major threat and have
restricted rock-wallabies to inaccessible rocky refuges along the Great Dividing Range (GDR) (Short,
1982, Short and Milkovits, 1990, Murray et al., 2008, Menkhorst and Hynes, 2011, Woinarski et al.,
2014). Additionally, foxes have limited the connectedness of colonies because wallabies are
susceptible to predation in open areas during dispersal. This has increased inbreeding effects
(Menkhorst and Hynes, 2011). Also, habitat loss, habitat degradation, and hunting led to contraction
of the range as vegetation was cleared, domesticated herbivores introduced, and animals were killed
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en masse for their meat and fur (Short, 1982, Short and Milkovits, 1990, Murray et al., 2008,
Menkhorst and Hynes, 2011). It is estimated that half a million animals were killed in NSW during
thirty years at the beginning of the 20th century (Eldridge and Close, 2008).
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Fig. 1: A map of occurrences of the brush-tailed rock-wallaby across south-east Australia. The black
circles (n=1400) indicate the occurrence points used to create the Maxent-based species distribution
model, while the black triangles (n=9) are the records in the Grampians used for validation. The
purple area is the biogeographic regions that make up the species’ natural range (Woinarski et al.,
2014) plus the Australian Alps region as it has recorded occurrences (see methods). The grey area is
the south-east background. The location of the separation (yellow lines) between the Evolutionary
Significant Units (ESUs) is based off Eldridge et al. (2018).
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The brush-tailed rock-wallaby metapopulation exhibits natural segregation, being split into three
Evolutionary Significant Units (ESUs)—the Northern (north of ~32°S in Fig. 1), Central (between
32°S and 35°S), and Southern (south of 35°S)—which are genetically distinct from one another
(Menkhorst and Hynes, 2011, Woinarski et al., 2014). The southern ESU is the most threatened. The
westernmost population in this ESU, in the Grampian mountains (Fig. 1), went extinct in 1999 and
was re-established by a translocation, composed of members of the southern ESU and New Zealand
populations (see below), between 2008 and 2012 (Taggart et al., 2016). This reintroduction consisted
of 39 individuals, one-third of which were killed by predators, probably foxes, soon after release
(Taggart et al., 2016). Previous translocations, undertaken for non-conservation purposes, established
populations in New Zealand and Hawaii. The former were deliberately released in 1863 by the then
Governor of New Zealand (Warburton, 1995), the latter escaped from captivity in 1916 (Lazell et al.,
1984).

Previously, SDMs have been constructed for the rock-wallaby at the regional scale. Murray et al.
(2011) assessed the transferability of site- and landscape-level predictors, and found that habitat
complexity (the number of refuges, ledges, etc.) was the best predictor of habitat and that the
landscape-level predictors (slope, geology, land cover, remnant vegetation) had, by comparison, poor
transferability. One way to approximate habitat complexity via remote sensing is to use terrain
roughness, along with continuous measures of land use and vegetation (woodland and grassland).
Ashcroft et al. (2014) showed that composite topoclimatic predictors should be favoured, when
available, over individual macroclimatic and topographic predictors, because they better capture
microclimatic phenomena such as cold-air drainage. However, the calculation and validation of
topoclimatic data are not currently feasible at a sub-continental scale. An alternative is to use the
percentage of north-facing sites, minimum temperature in the coldest month, and annual mean
precipitation to approximate the effect of climate on rock-wallaby distribution.
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Here, we use maximum-entropy SDMs to identify new potential translocation sites for the rockwallaby across south-eastern Australia, including sites within the large island of Tasmania, beyond
their historical range. Models were internally evaluated using cross-validation, weighted on their
performance on out-of-sampling data, ensembled and projected across the south-east of Australia,
with the goal of assessing the areas with the highest habitat suitability that might be suitable for future
conservation translocations.
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Methods

We extracted brush-tailed rock-wallaby presence data from the Atlas of Living Australia (ALA:
www.ala.org.au) on 17th April 2020. Only presence records from Australia were used (i.e., excluding
the records of introduced wallabies in New Zealand). Data provided by “Western Australian Museum
provider for OZCAM” were also excluded as they had 4 erroneous occurrences that did not agree with
the accepted range of the species (Woinarski et al., 2014). To avoid the inclusion of morphologically
similar species (yellow-footed rock-wallaby (Petrogale xanthopus), allied rock-wallaby (P. assimilis),
Herbert's rock-wallaby (P. herberti), etc.), crowdsourced data (OzAtlas, iNaturalist, etc.) were
excluded. The total number of occurrences extracted was 4,577 (https://doi.org/
10.26197/5e98ff0e86ed4). Only occurrences with an accuracy of 1 km or less were retained, as a
single entry per each latitude and longitude pairing (n=1,415). These were visually inspected for any
likely mistakes and eight were removed. Five were excluded as they occurred in urban environs (e.g.,
Sydney, Wagga Wagga), two were from the 19th century in Western Australia and are likely a
different species, perhaps the black-flanked rock-wallaby (P. lateralis lateralis), and a final entry
from Queensland as it was likely a Herbert’s rock-wallaby. To validate the predictions of our model,
the Grampians records (nine occurrences) were excluded, the rationale being that if the final model
predicted high suitability here, we could have more confidence in it. The final total of occurrences
fitted in the modelling was 1400. Projections were done across the south-east of Australia, including
Tasmania, while other regions (southwest, northwest, and northeast of the continent) were excluded
because they have other rock-wallaby species, ruling them out as potential translocation sites due to
the potential for competition with resident species.

Maxent models were used for fitting the SDMs, because they are designed specifically for presenceonly data (Phillips et al., 2006), have a proven predictive performance (Elith et al., 2006), and are
recommended when the goal of the study is not model transfer (Elith et al., 2011, Merow et al., 2013).
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Maxent uses background points, in lieu of absence points, to estimate the prevalence of conditions
(range of predictors) to which it can compare the occurrence points. The choice of background points
can affect the predictions of the model (Merow et al., 2013), as they change the relationship of the
occurrence to the prevalence of the conditions. To illustrate: if the mean temperature of a species’
distribution is 8°C, background points with a mean temperature of 6°C will predict this species to
inhabit warmer areas, whereas background points with a mean of 15°C will predict it as a colddwelling species. Restricting background points to areas reachable to the species, i.e., those devoid of
dispersal barriers, is the most ecological realistic choice (Elith et al., 2011), but is constrained in its
ability to extrapolate outside those conditions. Therefore we generated background points from two
spatial extents, 30,000 points from across the south-east of Australia (including Tasmania, referred to
as SE) and 10,000 background points in all the Interim Biogeographic Regionalisation for Australia
(IBRA, Department of the Environment (2012)) regions which are deemed to be in the part of the
species’ natural range (Woinarski et al., 2014) (similar to Briscoe et al. (2016)). The Australian Alps
bioregion was included in the latter extent as occurrences from the ALA were located there. We
choose 10,000 background points based on recommendations from Barbet-Massin et al. (2012) and
choose 30,000 to control for the larger extent of the SE background. An Albers projection of Australia
was used, as it is an equal-area projection and Maxent assumes equal cell size (Elith et al., 2011).

Six ecologically relevant predictors—terrain roughness (a surrogate for rockiness and availability of
predator refugia), aspect, percentage cover of woodland, percentage cover of grassland (and other
non-woody vegetation), minimum temperature in the coldest month (July), and mean annual
precipitation—were selected to identify potential translocation sites. This is a lower number of
variables than typically used for SDMs, but the use of too many variables risks overfitting,
collinearity, and loss of relevance to the species (Beaumont et al., 2005). Terrain roughness, which is
the difference between the maximum and minimum elevation of a raster cell and its surrounding eight
cells, was calculated using the terrain function in the raster package (Hijmans, 2019) on the
GEODATA 9 Second Digital Elevation Model (DEM-9S) Version 3 which covers Australia at a 25070

metre resolution. It was selected as rock-wallabies need complex terrain for shelter and to hide from
predators (Murray et al., 2008). Previous studies (Murray et al., 2008, Murray et al., 2011, Ashcroft et
al., 2014) used elevation and slope to model inaccessible terrain. Terrain roughness acts as a
composite of the two as areas with high values will likely have cells of high elevation with areas of
much lower elevation nearby meaning steeper inclines. Aspect, the direction in which a landscape is
oriented, was found to be an important determinant for favourable habitat in New South Wales (Short,
1982), with rock-wallabies more likely to be found on north-facing slopes due to their warmth.
Although Murray et al. (2008) warns against transferring site variables to larger-scale studies, the
underlying mechanism (the seeking of warmer sites) is likely to remain relevant at larger scales.
Aspect was extracted again using terrain function and then converted to a percentage based on the
number of north-facing 250m cells relative to the larger ~1 km cell.

The National Vegetation Information System (NVIS) Version 5.1 for Major Vegetation Groups
(Department of Environment, 2012), which covers Australia at a 100m resolution, was used to derive
the woodland and grassland data. Both were deemed necessary because rock-wallabies forage in
forests, woodlands, and grasslands (Menkhorst and Hynes, 2011). We created two spatial layers, one
representing the percentage of woodland/forest in a grid cell (0.01°, or ~1km) and the other the
percentage of grassland, shrublands, sedgelands (etc.) (see Appendix C for collapsing of NVIS
categories). All mangroves, water bodies, cleared non-native vegetation, buildings, and unknown data
were omitted from these calculations. Cleared non-native vegetation was used as a variable in
previous studies (Murray et al., 2008, Murray et al., 2011), however, the resolution of our vegetation
data was not high enough to distinguish between human infrastructure and cleared non-native
vegetation, so we chose to remove both. The final predictors were minimum temperature of the
coldest month and mean annual precipitation because it is well known that climate can dictate species
distribution at large spatial scales (Grinnell, 1917a, Andrewartha and Birch, 1954, MacArthur, 1984).
These were extracted from the ANUClim dataset (Hutchinson et al., 2014), which contains averaged
macroclimatic data for Australia, across a 30 year period (1976-2005), at a ~1 km resolution. Rock71

wallabies are believed to be susceptible to cold conditions and excess precipitation, given that they are
less active on wet nights in cold regions (Eldridge and Close, 2008) and have contracted most from
the colder part of their range (increased basking reduces time for foraging and increases susceptibility
to predation) (Ashcroft et al., 2014). These variables were also chosen to avoid overprediction in
colder and wetter climes (e.g., Tasmania). The correlation between these variables was inspected
using Spearman’s rank correlation, as collinearity is a common problem in SDM construction
(Dormann et al., 2013), although Maxent is less influenced by this than are other algorithms (Merow
et al., 2013).

Maxent models were parametrized with only hinge features allowed, and a beta-value of 2.5, allowing
a partly non-linear fit (Elith et al., 2010, Elith et al., 2011) that would be best suited to generalising to
new areas. Hinge features act like a threshold but rather than having an abrupt response (or step) they
allow for a gradient (Phillips and Dudík, 2008, Elith et al., 2011). Multiple hinge features can be fitted
to the same curve, allowing complex relationships to be modelled (e.g. inverted U-shape). Hinge
features have strong predictive accuracy (Phillips and Dudík, 2008). As rock-wallabies are difficult to
detect (Bluff et al., 2011) prevalence was set as 0.3. Models were k-fold cross-validated (k=10). Kfold cross-validation splits the data into k (10) folds or parts, fits a function to k-1/k (90%) of the data,
and tests the predictive performance of this fitted function on 1/k (10%) of the data. K-fold-sampling
was repeated ten times to ensure a robust and stable model-selection metric. All of the best models
derived from each k-fold sampling were then ensembled and weighted using area under the receiver
operating curve (AUC). AUC, in a Maxent context, is a measure of a model's ability to discriminate
between presence and the background points (Merow et al., 2013). True Skill Statistic (TSS), which is
a measure of accuracy developed specifically for SDMs, was also calculated (Allouche et al., 2006).
All models were fitted, evaluated, and ensembled using the sdm package (Naimi and Araújo, 2016).
A single Maxent model, with the same settings as above, was also created and tested using the
limiting function in the Rmaxent package (Baumgartner et al., 2017), to visualise the limiting
predictors of rock-wallabies spatially.
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Results

The six predictors showed minimal intercorrelation, with the greatest being between the minimum
temperature in July and the mean annual precipitation (Spearman rank coefficient, SRC = 0.53). The
largest negative correlation was between terrain roughness and minimum temperature in July (SRC =
-0.44). Terrain roughness was the most important predictor—by a substantial margin—in correctly
identifying suitable areas (Fig 2(a)), whilst aspect was the least. The method of background selection
did not affect the importance ranking of the predictors, but it did affect the response curves (Fig 2(b)).
The response curves of percentage woodland and the minimum temperature in July changed the most,
with both curves flattening when the full south-east (SE) region was evaluated. Percentage woodland
had a positive effect when the IBRA background was used, but that effect was not discernible when
the whole of the SE was used as background. Minimum temperature in July displayed a unimodal
response with a mid-domain peak at 5°C when the IBRA regions were used as the background. The
response curve was flat when the larger background area was used. Terrain roughness had a positive
effect up until values of 220m, after which its response dropped in strength. The response curve of
mean annual precipitation was again unimodal, with values of below 500mm and above 1100mm
associated with low response values. As aspect and percentage of grassland had low importance, their
response curves were flat, as expected.
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Fig. 2: The importance (a) and response curves (b) of the predictors used in the Maxent models for
the brush-tailed rock-wallaby. The dark grey columns (a) and solid lines (b) are the results for the
predictors when the IBRA bioregions were used to select the pseudoabsences, while the light grey
columns and dashed lines are the results when the entire south-eastern portion of Australia was used
(SE).

The ensembled Maxent model for the IBRA background and SE background had AUC scores of 0.96
and 0.98, respectively, and TSS of 0.81 and 0.89. However, as we omitted the occurrences in the
Grampians, these could act as an external validation of our models’ performance. The median relative
habitat suitability score predicted for these hold-out points were 0.56 (range 0.01 - 0.65, IBRA
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background) and 0.51 (range 0.01 – 0.62, SE background). By contrast, the suitability scores of
10,000 groups of nine spatial points were extracted for each background to assess the probability of
getting these Grampians values by chance. The mean suitability score for these 10,000 ‘null’ groups
was 0.0192 (95% Confidence Interval (CI): 0.0185-0.0199, IBRA) and 0.0014 (95% Confidence
Interval (CI): 0.0012-0.0015, SE). That is, the probability of obtaining our suitability estimates for the
Grampians, by chance, was indistinguishable from zero for both backgrounds.

The model did not predict many areas of high suitability far from areas the rock-wallaby currently
occupies (Fig 3(a)). The exceptions to this were the Yarra Ranges (Latitude ~ 37.5°S, Longitude ~
146°E), the Central Queensland Sandstone Belt (Latitude ~ 25°S, Longitude ~ 148°E), and Tasmania.
In fact, a large portion of eastern Tasmania was considered suitable. The choice of background
affected the magnitude of the suitability, the IBRA background predicted higher suitabilities than the
SE background, but overall, the two alternative background-sampling approaches showed no major
discrepancies (Fig 3(b)).

Figure 3(c) shows the spatial distribution of the limiting predictors for rock-wallaby suitability. Mean
annual precipitation contributed most to the classification of the interior as unsuitable (it is too dry)
while terrain roughness was a large contributor from the sub-interior towards the coast (including
most of the Grampians). Along the Great Dividing Range, minimum temperature in July was the
limiting factor in the model. Precipitation again was the limiting factor in western Tasmania, although
this time because of high rainfall.
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Fig. 3: The spatial distribution of habitat suitability for the brush-tailed rock-wallaby across southeastern Australia and Tasmania (inset) (a) with the background points for the Maxent model selected
from the biogeographical regions they occur, (b) a comparison with background points from across
the entire region, and (c) the distribution of factors the Maxent model deemed to be limiting the rockwallaby’s occurrence. The location of the Grampians is represented by the black triangle in each map
while Maria island is indicated by the arrow in the inset map in (a). (b) shows the difference between
the habitat suitability in (a) and that when the whole study was used for background point selection,
with blue indicating areas where (a) predicted higher suitability and red where it predicted lower.
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Discussion

Our projections of the distribution of the brush-tailed rock-wallaby across the south-east of Australia
illustrate the limited availability of unoccupied areas with high suitability, implying that relatively few
potential translocation sites exist. Mainland areas with high suitability which do not currently contain
brush-tailed rock-wallabies—the Yarra Ranges and the Central Queensland Sandstone Belt—might be
risky places for translocations, given that the former supports a large population of foxes (Forsyth et
al., 2014) and the latter contains Herbert’s rock-wallaby (Eldridge and Close, 1992). The role of foxes
in the failure of the Grampians translocation (Taggart et al., 2016) highlights the need for release sites
at which foxes are absent, or are under high levels of control/suppression. The eastern half of
Tasmania displayed high suitability and is almost certainly fox-free. Therefore, Tasmania would make
a promising candidate for a recipient site.

A major drawback for Tasmania as a potential translocation site is the absence of any ecologically
similar species (Eldridge and Close, 2008). There is, as yet, no fossil evidence of any Petrogale spp.
inhabiting Tasmania during the Late Quaternary (Peters et al., 2019). Moving a species into an area it
has never occupied before is termed an ‘assisted migration’ (or assisted colonization) (IUCN/SSC,
2013), and is viewed as the riskiest of translocation procedures, due primarily to the unknown
ecological consequences that might be triggered (Seddon et al., 2009). Rock-wallabies are a mixed
feeder that consume grasses, forbs, and shrubs (Jarman and Phillips, 1989) so they could potentially
exhibit novel browsing pressure, damaging native vegetation. No comparison of diet can be made
between the brush-tailed rock-wallaby and Tasmania’s two similar-sized macropods, the Tasmanian
pademelon (Thylogale billardierii) and Bennett’s wallaby (Macropus rufogriseus rufogriseus),
because no detailed dietary assessment exists for these two species in Tasmania, although it does for
the rock-wallaby in NSW (Tuft et al., 2011). There is limited evidence, from northern NSW, which
suggests little dietary overlap (11.9%) between the red-necked wallaby (Macropus r. banksianus) and
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brush-tailed rock-wallaby (Jarman and Phillips, 1989), though this should be tested for the Tasmanian
subspecies of M. rufogriseus.

Despite the risks, the rock-wallaby meets the three criteria required for an assisted migration to be
considered: the need to move, the potential to move, and the inability to move in the face of global
change (Hallfors et al., 2017). The incessant reduction of rock-wallaby populations over the last
century, compounded by the recent (2019/20) bushfires, has created a need. The results of this study
support the habitat and climate argument, and the need for direct conservation intervention is clear,
due to the oceanic dispersal barrier (Bass Strait) that prevents any natural movement from the
mainland to Tasmania.

Past translocations of the brush-tailed rock-wallaby, to New Zealand and Hawaii (Menkhorst and
Hynes, 2011), can shed light on the potential consequences of moving rock-wallabies to a novel, foxfree environment. In New Zealand (an island group with no native non-volant mammals), rockwallabies are considered pests because they over-browse native vegetation (particularly Metrosideros
spp.). As a result, populations are being eradicated, with two of the three populations (Motutapu and
Rangitoto Islands) complete and the final one (Kawau Island) underway (Menkhorst and Hynes, 2011,
Mowbray, 2002). In Hawaii, the population has remained restricted to one valley (7 ha) (Lazell et al.,
1984). Anecdotal evidence suggests that a predator pit created by feral dogs is the major reason for
this restricted distribution (Hawaii New Now, 2009). If so, the containment of an introduced
population of rock-wallabies to a recipient site might be reliant on predators either directly killing
individuals, suppressing population growth, and/or inhibiting dispersal.

The Tasmanian devil (Sarcophilus harrisii), the largest extant carnivorous marsupial (Rose et al.,
2017), could act in this role, if rock-wallabies were introduced to Tasmania, by reducing the
probability of dispersal beyond rocky refuge areas to which they are introduced outside their recipient
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site. Even if adult rock-wallabies could evade devils, the population would likely be limited to rocky
areas. Juvenile rock-wallabies are left to shelter within rocky refuges while their mother feeds, leaving
them vulnerable to predators (Kinnear et al., 1988, Kinnear et al., 1998). If populations extend beyond
these refuges their vulnerability increases because of lower security of available refuges, leading to
higher levels of mortality. If a translocation to Tasmania was initiated, this should be to sites in the
eastern part of Tasmania, which our modelling showed had the highest levels of suitability, while
extreme values of temperature and rainfall limited suitability (Fig. 2 (b)) in the west (Fig. 3(c)),
supporting previous findings (Ashcroft et al., 2014). Although not considered here, climate change
could increase the suitability of Tasmania even further as the island is expected to experience warmer
temperatures, a 2.9°C increase mean annual temperature by 2100 under a high emissions scenario, and
unchanged mean annual precipitation state-wide, but with differences at the regional and seasonal
level (Grose et al., 2010).

To allay concerns of unwanted negative consequences of a translocation, a trial translocation to an
offshore island, such as Maria Island off eastern Tasmania (Fig 3(a) inset), might be the first potential
step. Maria Island is a 9650 ha island, entirely a National Park, and has sections of steep rocky terrain,
with two mountains over 600m (Thalmann et al., 2016, Tasmania Parks and Wildlife Service, 2020).
It offers a larger area of potential, with areas of higher elevation, than Motutapu and Rangitoto Islands
which sustained populations of at least 3,500 and 8,500, respectively (Mowbray, 2002). See Figure 4
for the concentration of suitable areas in areas of high elevation on Maria Island. However,
populations would unlikely achieve these numbers as the island also has a population of Tasmanian
devils that was introduced in 2012 as an insurance population after large declines on the Tasmanian
mainland due to Devil Facial Tumour Disease (Thalmann et al., 2016). Such a translocation would
provide abundant opportunities for research e.g. the persistence of ‘wariness’ of predators from a
species evolutionary past, as the last time these two species would have interacted would have been in
the mid-Holocene before the devil’s mainland extinction (White et al., 2018). If approved by
stakeholders, the translocation of the rock-wallaby could happen relatively quickly as
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Fig. 4: Map of the suitable areas of release for the brush-tailed rock-wallaby on Maria Island. High
suitability is indicated by red and low suitability by white. Note the association of high suitability with
the inaccessible terrain on the island. Produced using the R package leaflet (Cheng et al. 2018).
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there is already a captive breeding program in place (Menkhorst and Hynes, 2011). The matter is
urgent, especially if the goal is to prevent the extinction of the southern ESU because the latest
population estimate was 80 individuals, only half of which were in the wild (Taggart et al., 2016).

In addition to identifying Tasmania as a potential translocation region, our study assessed the effect of
our chosen predictors on the present-day distribution of the rock-wallaby. Unlike previous studies
(Murray et al., 2008, Murray et al., 2011, Ashcroft et al., 2014), which used altitude and slope as
predictors, we used terrain roughness. As expected, this proved to be by far the most important
predictor in determining rock-wallaby habitat suitability (Fig. 2(a)), as it likely captures the
characteristics of inaccessible habitat better than either elevation or slope alone. The greater
importance of mean annual precipitation in comparison to minimum temperature supports previous
findings (Ashcroft et al., 2014) and suggests the importance of the availability of refuges in which to
shelter, if a translocation to Tasmania were to take place. The importance of terrain roughness, which
is likely a proxy for protection from predation, and rainfall (Fig 2(a)), have been previously noted as
the most influential factors dictating macropod populations (Caughley et al., 1984, Banks et al., 2000,
Sharp and McCallum, 2010, Bluff et al., 2011).

The percentage of woodland cover was more important than the percentage of grassland cover,
indicating the beneficial role that habitat complexity may play in rock-wallaby occurrence, though
this might be affected by our exclusion of cleared land from the grassland calculations. Aspect was of
little importance in predicting habitat suitability at this scale, but seems to be of greater importance at
finer resolutions (Short, 1982, Murray et al., 2008). The relevance of scale in the choice of predictors
for rock-wallaby habitat has been highlighted in detail before (Murray et al., 2008), and confidence in
our choice of predictors is supported by the suitability projected for the Grampians. Fig. 3(c) shows
that terrain roughness is the limiting factor here, indicating that the accessibility of this site to foxes is
the possible cause of extinction and the failed reintroduction. However, caution is needed as our
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occurrences are heavily biased towards modern data. Rock-wallaby requirements of habitat
complexity are evidently less strict in fox-free areas (for example in New Zealand). Our projections
are likely reliant on terrain roughness as a predictor for this reason. The use of a restricted population
as the input data for Maxent can lead to the incorrect attribution of a species’ habitat use (Toor et al.,
2017). The response curve for terrain roughness indicates a drop in suitability at high values but this
may be due to these areas' inaccessibility to people rather than to rock-wallabies. Nonetheless, terrain
roughness should be considered as a predictor in future species distribution models of other rockwallaby species, as many are threatened by foxes or feral cats (Felis catus) (Woinarski et al., 2014). If
translocation is considered for these species, then fine-scale habitat features (as in Short (1982)) will
need to be identified, especially in areas where foxes are still present.

Ultimately, the undertaking of an assisted migration for the brush-tailed rock-wallaby does not depend
solely on the predicted suitability of an area. It must not only be beneficial for the species, present a
limited threat of invasive potential, and be logistically feasible; it must also be accepted and wanted
by society (Richardson et al., 2009). Therefore, the future of the rock-wallaby will not depend on the
AUC of an SDM, but in large part on the decision making of the Australian people in the context of
the trade-offs of twenty-first century conservation management.
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Chapter 5

A mechanistic model of endotherm hibernation
under climate change applied to the endangered
Mountain Pygmy Possum

Global warming is changing species’ phenology and hibernation patterns, with greater alterations
expected in the future. These may be beneficial or harmful depending on the species’ life-history
traits, physiology, and/or ecological niche. Mechanistic niche models are an ideal tool to analysis
such responses as they explicitly model a species’ energy and water requirements, based on its
physiology and behaviours (such as hibernation and food selection), and can be clearly programmed.
We report the first species-specific mechanistic niche model of a hibernating endotherm, the critically
endangered mountain pygmy possum (Burramys parvus). We quantify: the change in its pattern of
hibernation, between 2010 and 2050, at the four sites it occupies in the Australian Alps; the knock-on
effects these changes will have on its energy and water requirements; the extent it can buffer these
effects through diet; and the areas in 2050 that are physiologically similar to where it currently
inhabits.
We show a 25-74% reduction in the mountain pygmy possum’s current amount of hibernation hours
compared to 2050. This increase in activity caused the energy required for physiological maintenance
to rise by 14-48%. The largest increase in energy required would require the population to increase
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its consumption of Bogong moths (Agrotis infusa)—a critical food source—by 111% to maintain the
same population. The feared collapse of moth populations would cause only one of the four
populations—the recently discovered Snow Ridge population—to produce offspring if no preyswitching occurred. However, if prey switching does occur, mountain pygmy possums could produce
more offspring switching to fruit rather than seeds or other arthropods. Only currently inhabited
areas and Tasmania were found to be physiological similar to present-day conditions in 2050.
Our results indicate that the mountain pygmy possum’s ability to adapt to climate change is largely
dependent on diet and food availability. We highlight the possibly undervalued role of fruit in its diet
and the potential resilience of the Snow Ridge population to future climate change. Our framework
for analysing changing hibernation patterns provides a new way to test the vulnerability and
adaptability of hibernating endotherms facing global change.

Introduction

Climate change affects species differentially according to their life-history traits, physiology, and
ecological niches (Huey et al., 2012, McCain and King, 2014). Endotherms that vary their core
temperature over time, heterothermic species, are predicted to be better able to adapt to climate
change than species that maintain a constant high core temperature, homeothermic species (Geiser
and Körtner, 2004, Geiser, 2013). Heterothermic species can conserve energy, by reducing their
metabolic activity, when food is in short supply (Geiser and Körtner, 2004, Geiser, 2013).
Heterothermic species have been shown to be more resilient to environmental stress, reducing their
risk to past extinction (Geiser and Turbill, 2009). However, this ability to adapt is dependent on the
time scales that their core temperature and metabolism vary. Species that undergo torpor on a daily
basis may adapt well to climate change because they can limit foraging without incurring large energy
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costs, making them highly flexible to food availability and reducing predation risk (Geiser, 2013).
Species that hibernate—seasonal basis—may also benefit if they can track rising temperatures, by
moving poleward (Humphries et al., 2004), but if their ability to migrate is restricted by geographic
boundaries, they will likely be outcompeted by homeothermic species (Geiser 2013).

Hibernators—which include some of the high latitude and altitude ecosystem’s most charismatic
species such as squirrels, bears, and hedgehogs—have already begun to adapt to climate change.
Inouye et al. (2000) found that yellow-bellied marmots (Marmota flaviventris) in the Rocky
Mountains were initiating hibernation later and emerging earlier in response to changing
environmental conditions. It was feared that if this early emergence occurred when there was still
snow on the ground, preventing food growth, it would have a detrimental effect on fitness. However,
this did not occur and earlier emergence lead to increased body condition and population size (Ozgul
et al., 2010). This overall reduction in hibernation costs in the Rocky Mountains is supported by
modelling looking at the energetics of a small (20g) endotherm (Kearney, 2020). Kearney (2020) also
found that the loss of the insulating blanket of snow, at some sites, could expose hibernators to colder
temperatures, therefore increasing cold stress. European Alpine marmots (Marmota marmota)
experienced less snow cover, resulting in lower juvenile survival (Rézouki et al., 2016, Tafani et al.,
2013). In Canada, an increase in late spring snowstorms has caused emergence to occur later and a
decrease in fitness for Columbian ground squirrels (Urocitellus columbianus) (Lane et al., 2012).
Increased temperatures have been predicted to increase human-animal conflict through the broadening
of the American black bear’s (Ursus americanus) activity window (Johnson et al., 2018). The
distribution of little brown bats (Myotis lucifugus) is constrained by the effect of temperature on
hibernation energetics and climatic warming is expected to result in a northward expansion of its
range in Canada (Humphries et al., 2002). Many hibernating North American bats may shift
polewards to avoid white-nose syndrome. This disease has already devasted colonies (Frick et al.,
2010) by depleting the fat reserves of immunologically suppressed hibernating bats through frequent
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arousal (Warnecke et al., 2012). However, the fungus which causes this disease is sensitive to cold
temperatures (Verant et al., 2012) so species may avoid its acute effects by moving to higher latitudes.

Cold-adapted montane species are predicted to be at particularly high risk from the effects of climate
warming (Dirnböck et al., 2011, Lagerholm et al., 2017, Scridel et al., 2018). This implies that species
that hibernate in cold mountains may have a grim future ahead. However, most of the species
previously mentioned have wide distributions and are not of immediate conservation concern. This is
not the case for Australia’s only alpine marsupial, which is Critically Endangered (Menkhorst et al.,
2015). The mountain pygmy possum (Burramys parvus, hereafter Burramys) is the only marsupial
that hibernates (Mansergh, 1994). It is a small-bodied (35-80g, Department of Environment (2016)),
insectivore-granivore-frugivore (Mansergh, 1994). In the recent past, the major threats to the species
have been habitat loss due to ski resort expansion in the Australian Alps, and predation from domestic
cats (Felis catus) and red foxes (Vulpes vulpes). Climate change is expected to present major
challenges for it in the future (Department of Environment, 2016).

Decreased snow cover, resulting from climate change, would affect Burramys in many ways. First, it
would decrease the overall duration of hibernation (Kortner and Geiser, 1998). Second, it would
increase the frequency of arousal during hibernation (Geiser and Broome, 1991, Geiser and Broome,
1993). Third, generalist species from lower elevations—such as the bush rat (Rattus fuscipes), dusky
antechinus (Antechinys swainsonnii), and the agile antechinus (A.agilis)—that are usually deterred by
snow (Heinze et al., 2004), would exert greater competitive pressure as they move into higher
altitudes. Finally, invasive predator populations—cats and foxes—would likely increase as they are
currently inhibited by heavy snow (Broome et al., 2012). The area of the Australian Alps with at least
100 days of snow cover has been projected to reduce by 60-100% with a 1-3°C increase in
temperatures above 1990 levels (Hennessy et al., 2003). Climate change could also affect Burramys’
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two main food sources, the Bogong moth (Agrotis infusa) and the mountain plum pine (Podocarpus
lawrencei).

Bogong moths are an essential part of Burramys’ diet because they are rich in fat and they migrate, in
billions, to the Australian Alps when Burramys emerges from hibernation (Mansergh, 1994, Dreyer et
al., 2018). Feeding on Bogong moths allows Burramys to regain lost weight and to put on weight for
the following winter’s hibernation (Geiser and Broome, 1991, Smith and Broome, 1992). The number
of moths reaching the alpine areas has recently drastically declined. The most likely explanations for
this are drought, increased pesticide use in south-eastern Australia, and diversion of the normal
movements of the moths due to light pollution (Department of Environment, 2016). The mountain
plum pine may be affected by increasing temperatures, changing rainfall patterns, and wildfires
(Gibson et al., 2018).

Previous research (Brereton et al., 1995) assessing the effect of climate change on Burramys used
bioclimate envelope modelling to create a species distribution model (SDM) to forecast distribution
changes. Extinction of Burramys was projected to occur as a result of a 1°C increase in temperature.
However, as this modelling approach must extrapolate to no-analogue environments, it has limited
suitability for predictions under climate change (Elith et al., 2010, Briscoe et al., 2019, Briscoe et al.,
2016). It was also conducted at large scale (10 km2 grid size) and did not account for small-scale
variation in elevation, slope, aspect, and shade, all of which can help buffer Burramys from changes
in temperature (Broome et al., 2012). Models that explicitly include the processes that limit a species’
distribution can be more suitable for global change predictions (Briscoe et al., 2016, Briscoe et al.,
2019, Kearney and Porter, 2009, Mathewson et al., 2017, Mitchell et al., 2013) These models are also
more relevant to conservation, as the mechanism of decline are made explicit, leading to more
targeted management (Evans et al., 2015).
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NicheMapR is an R (R Core Team, 2018) implementation of the Niche Mapper framework that has
been used to model the bioenergetics of a wide range of endotherms including the polar bear
(Mathewson and Porter, 2013), koala (Briscoe et al., 2016), panda (Zhang et al., 2018), night parrot
(Kearney et al., 2016) and even mammoth (Wang et al., 2018). Here we present the first speciesspecific results of the effect of climate change on hibernation using NicheMapR (Kearney and
Porter, 2017, Kearney and Porter, 2019), by developing an algorithm to simulate the close coupling of
core body and ambient temperatures witnessed in hibernating endotherms (Boyles et al., 2011). The
approach can be adapted for any hibernating endotherm. Given that Burramys’ metabolism and its
relationship to temperature have been well researched (Fleming, 1985, Geiser and Broome, 1991,
Geiser and Broome, 1993, Geiser and Körtner, 2004, Geiser et al., 1990), it was an excellent case
study for the approach.

This research had four main aims; develop a hibernation model under the NicheMapR framework,
apply the model to compare the energy and water requirements of Burramys in the present with that
projected for the future for its four major population sites, quantify the effect of six scenarios of food
availability and composition on Burramys’ capacity to reproduce in the future, and use spatially
projected energy and water requirements across south-eastern Australia as predictors in a correlative
SDM—comparing against predictions using conventional SDM predictors—to identify potential
future translocation sites.
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Methods

Microclimate models
Microclimate conditions were computed using the microclimate model from the NicheMapR
package (Kearney and Porter, 2017) in R (R Core Team, 2018). This model takes as input hourly or
daily weather conditions including minimum and maximum air temperature, wind speed and relative
humidity at 1-2 m above the ground, cloud cover, and rainfall, as well as the physical properties of the
habitat. It then applies the physical equations of heat and mass exchange between the atmosphere and
the habitat, including a first-principles solar radiation algorithm, to determine hourly microclimatic
conditions above and below ground, including soil temperature and moisture as well as snow cover
and its influence on the soil heat budget (Kearney and Porter, 2017, Kearney, 2020).

Macroclimate data were extracted from the Australian Water Availability Project, using the package
AWAPtools (Hanigan IC, 2016). This is gridded climate data at a 0.05° × 0.05° (approximately 5 km
× 5 km) resolution across Australia. The future macroclimate data input for the year 2050 under
scenario RCP 4.5 was derived from the HadGem2-CC general circulation model (Martin et al., 2011).
This medium-emissions scenario (which predicts that global surface temperatures will more likely
than not increase by 2°C higher in comparison to 1850-1900) is looking increasingly likely as fossilfuel consumption has not reduced at a fast enough rate (Sanford et al., 2014). This circulation model
was chosen as it was deemed one of the best for application-ready data across Australia because it
achieves maximum consensus across many regions and represents extreme El Niño events well
(CSIRO and Bureau of Meteorology, 2015). A function, based on the micro_aust function of
NicheMapR, was developed to customise data input. This corrected for the topographic area with
elevation, slope, and aspect inputs extracted from the GEODATA 9 Second Digital Elevation Model
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(DEM-9S) Version 3, which covers Australia at approximately 250 metres, using the terrain
function in the raster package (Hijmans, 2019).

Burramys inhabits boulder fields where it forages near the surface at night and sleeps at a greater
depth during the day (Broome, 2001). To simulate the conditions of these rock boulder fields, the bulk
density and soil mineral density were set identical to each other (i.e. no air space was allowed, which
affected temperature profile choice, see below) at a typical value for rock (2.56 g/cm³)(Campbell and
Norman, 1998) and soil moisture calculations were omitted. Empirical data (Shi et al., 2015) that
characterises the microhabitat preferences of Burramys was used to verify the microclimate output
computed for a location in Mount Kosciuszko National Park (148.25, -36.45). Temperature profiles
were calculated above ground at 1cm and below ground at various depths, down to 2 metres, with
shading levels between 0% and 100% (in 10% increments plus an additional 95% shading level) for
this Mount Kosciuszko site. A total of 132 temperature profiles were simulated. Although the
observational data were for temperatures at the surface, 0.5m, 1m, and 2m depth, these did not
directly correspond to the microclimate predictions, which were for solid rock and not boulder fields
that have gaps allowing airflow, some radiation, etc. To capture the variance of the conditions near the
surface of the boulder field, the variance of the observational data was calculated and the profile with
the closest variance to this was selected, which was soil depth at 2.5cm and 10% shade. This will be
referred to as the ‘near-surface’. To select the temperature profile which best approximated the stable
conditions of the deeper boulder field, each temperature profile was regressed against the
observational data and the profile with the lowest Residual Sum of Squares (RSS) was selected. This
was soil depth at 30cm and 30% shade, which will be called the ‘burrow’ hereafter.

Values for relative humidity according to depth were computed by expressing the vapor pressure at
the specified temperature at depth as a percentage of the surface vapor pressure using the WETAIR
function in NicheMapR. Wind speed for the near-surface was set as that computed at 1 cm above
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ground, while the burrow wind speed was set as 0.01m/s. The conditions for the burrow and nearsurface were then calculated at this site for 2050 and both periods at two major Burramys population
sites (Broome et al., 2012): Bogong (147.1579, -36.9548) and Buller (146.4185, -37.1445). A fourth
site, Snow Ridge (148.4, -35.95), where the most recent Burramys population has been found, was
also included (Schulz et al., 2012b, Schulz et al., 2012a). The altitudes were 1911m, 1857m, 1591m,
1507m for Kosciuszko, Bogong, Buller, and Snow Ridge, respectively. All hours for the years 2010
(present) and 2050 (future) were calculated at the four representative sites.

Animal models
The endotherm model of NicheMapR is a modularised R implementation of the ‘Niche Mapper’
endotherm model originally developed by Porter and colleagues (Porter et al., 1994, Mathewson and
Porter, 2013, Briscoe et al., 2016). The model computes the required metabolic heat production (under
cold conditions) or evaporative water loss (under hot conditions, from panting or sweating) to
maintain a specified core body temperature given the environmental conditions and the animal’s
traits. The relevant traits include the size and shape of the organism as well as its pelage properties
and various physiological characteristics such as basal metabolic rate, Q10 effects, oxygen extraction
efficiency, and the presence of fat. It allows the organism to go through a suite of behavioural (posture
change, shade seeking) and physiological (changes to flesh conductivity, allowing core temperature to
rise, changing posture, piloerection, panting, sweating) changes in an attempt to find a solution
allowing the specified core temperature to be maintained given the minimum permissible metabolic
heat production.

As hibernation involves the radical lowering of the metabolic rate and the potential for the core
temperature to fluctuate with ambient temperature (similar to an ectotherm), two separate endotherm
models were developed, referred to as the ‘regular’ model and the ‘hibernation’ model. The regular
model had a specified basal metabolic rate of 0.83 ml O2 g-1h-1, a target core temperature of 36.1°C
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(Fleming, 1985), and a Q10 response of 2 at temperatures above the maximum core temperature,
38.6°C (Fleming, 1985), to allow for the dumping of excessive heat. This model was performed using
the endoR function. The hibernation model specified a basal metabolic rate of 0.033 ml O2g-1h-1 and
body temperature which could drop as low as 2°C (Geiser and Broome, 1993) if environmental
conditions permitted, with excess metabolic heat production computed where body temperature would
otherwise drop below this threshold. The Q10 response was set to 3.15 to allow Burramys’ body
temperature to be more closely tied to the ambient temperature. The hibernation function was
implemented by using endoR_develop as a template.

To test both models, we compared model predictions to laboratory observations of Burramys’
energetics under controlled environmental conditions. Using physiological parameters taken from the
literature (see Table S1 in Appendix D), the metabolic rate and core temperature were calculated
under simulated metabolic chamber conditions and tested against laboratory data extracted from
previous studies (Fleming, 1985, Geiser and Broome, 1993). Correlations between the laboratory and
simulated data points were assessed using the coefficient of determination (R2). If many laboratory
observations existed for the same temperature, the average was taken. Behavioural and physiological
changes were incorporated, including simulated posture change (i.e. curling up when cold and
stretching out when hot (Mansergh, 1994)), panting, sweating, and raising of temperature to dissipate
heat (for the schematic of modelling procedure see Fig. 1).
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Fig. 1: Outline of modelling procedure to calculate the number of offspring Burramys can produce
given certain environmental and dietary conditions. Input data are represented by boxes, semicircles
signify models from or adapted from the NicheMapR package, boxes with rounded edges portray
processes i.e. rules or calculations, and dashed boxes denote the final output.
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Interaction between microclimate and animal models
To quantify how environmental conditions affect the over-winter energetic requirements of Burramys,
these two models needed to be integrated into one output with the appropriate microclimate outputs
interacting with the endotherm heat budget models at the appropriate times. That is, the ‘regular’
model had to interact with the near-surface microclimate at night and with the burrow microclimate
during the day and when hibernation conditions were met. The ‘regular’ model interacted with the
burrow microclimate when the computed solar zenith angle specified it was daytime and the nearsurface microclimate when it was night-time. To simulate activity during the night the metabolic rate
was set to the field metabolic rate from the equation FMR (kJ day−1) = 5.27 BM (g)0.69 specified in
Riek and Bruggeman (2013), where FMR is field metabolic rate and BM (g) is body mass in grams.

The cues for hibernation are generally synergistic and complex. The mechanisms that have been
suggested to control hibernation in Burramys are a combination of photoperiod, food availability, and
temperature (Geiser and Broome, 1991). Photoperiod will remain stable with climate change and it
has been shown to have little effect (Kortner and Geiser, 1995); if it has a greater effect than currently
acknowledged it will likely result in worse outcomes for Burramys than the results presented here for
it will mean that the mechanism for hibernation is more rigid. It has been shown that Burramys’
hibernation is partially mass dependent, and mass is reliant on food availability (Kortner and Geiser,
1998), though the resolution of observational food availability data is not high enough to incorporate
real data. However, different food availability scenarios were modelled (see Feeding). The primary
cue used to induce hibernation was temperature as this is the main factor determining hibernation in
other subnivean-dwelling mammals (Inouye et al., 2000, Michener and Murie, 1984). When
temperatures in the burrow microclimate were below 8°C (Geiser and Broome, 1993), for 24 hours or
more, the hibernation model would interact with this temperature profile. Although hibernation does
seem to be induced below 8°C in the laboratory, the required duration of these conditions to induce
hibernation in the field is unknown. Twenty-four hours was chosen as it was deemed a reasonable
amount of time to have consistent low temperatures in the burrow. Periodic arousal was also
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incorporated, occurring every 8 days (192 hours) for 19 hours (Broome and Geiser, 1995), throughout
hibernation.

Feeding
To assess whether Burramys could meet the energy and water requirements generated at each site, for
the present and the future, feeding and water ingestion were also simulated. The composition of
Burramys’ diet was primarily taken from Gibson et al. (2018). The three historic sites, Kosciuszko,
Bogong, and Buller all having the same dietary composition, while the recently discovered Snow
Ridge population had a different dietary composition (see Table S2-S3, in Appendix D, for full details
on diet composition). The diet changed seasonally at all sites in the same pattern: no Bogong moths in
the spring (they arrive in October/November but summer was chosen for simplicity), all food sources
available in summer and autumn, and the winter diet was assumed to consist only of seeds. If all food
sources were available, Burramys was expected to intake dry matter at a rate stipulated by Equation 5
in Nagy (2001). To mimic winter scarcity, the amount of dry matter intake in winter was set to a
quarter of this amount. Although it has been speculated that Burramys cache food (Dimpel, 1972), no
ingestion of food was allowed during arousal from hibernation. This ‘maximum’ diet was simulated
for 2010 and 2050 at all sites.
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We simulated six scenarios of food availability and composition that may happen in the future (2050).
These included the following:
1. The disappearance of Bogong moths but replacement with other arthropods (or max dry
matter intake if it exceeds this)
2. The disappearance of Bogong moths but replacement with triple the seed intake (or max dry
matter intake if it exceeds this).
3. The disappearance of Bogong moths but replacement with triple the fruit intake (or max dry
matter intake if it exceeds this).
4. Dietary intake of Bogong moths and fruit decreases by half.
5. The disappearance of fruit and no replacement with another food source.
6. The disappearance of Bogong moths and no replacement with another food source.

For each scenario, the energy and water balances were calculated at each site, which were then
converted to grams of offspring that Burramys would be capable of weaning (see Fig. 1). This
procedure followed Kearney et al. (2010); surplus energy and water values were each converted to
milk and then grams of offspring that could be weaned using milk composition and growth efficiency
data for Pseudochirus peregrinus (Munks et al., 1991, Munks and Green, 1997). P. peregrinus was
used because Burramys and it are both members of the suborder Phalangeriformes (Meredith et al.,
2009). The grams of offspring weaned was taken as the lower value produced by the energy and water
balances and either energy or water as the limiting quantity. The adult weight of another burramyid,
Cercartetus nanus, is half that of Burramys and its offspring stop weaning at 9-11g (Harris, 2008).
Therefore, the grams of offspring weaned was divided by 20g to calculate the number of offspring.
Additionally, desiccation was calculated, which is the cumulative sum of water loss as a percentage of
body weight while assuming rehydration if rainfall exceeded 1mm in a day (Kearney et al., 2016) and
Burramys was not hibernating for at least one hour. We considered 11% and 22% desiccation as
potentially lethal (Kearney et al., 2016).
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Identification of future translocation sites
The same input parameters and methodology, outlined in the microclimate and animal model sections,
were used to simulate energy and water requirements, at a 0.05° × 0.05° scale, across south-eastern
Australia in the past and future to input into a correlative SDM. The past (2010) and future (2050)
were represented by a summer day (1st/2nd January) and winter day (1st/2nd July). During summer,
Burramys was considered inactive from 06:00 to 20:59, interacting with the ‘burrow’ temperature
profile with a regular basal metabolic rate, and active from 21:00-05:59, interacting with the ‘nearsurface’ temperature profile with a field metabolic rate. During winter, Burramys was considered
inactive with its metabolic rate and core temperature reduced to hibernation parameters if the air
temperature went below 8°C. The metabolic rate (W/h) for each representative day was summed and
multiplied by 3.6 to give the total kilojoules required. The respiratory and cutaneous water (in grams)
were summed together and totalled for each representative day for the total water loss.

The resulting energy and water requirements for the representative summer and winter days in 2010
were used as predictors in a Maxent model (Phillips and Dudík, 2008, Phillips et al., 2006), created
using the sdm package (Naimi and Araújo, 2016). Maxent was chosen as we had no true absence
points and due to the recent discovery of the Snow Ridge population (Schulz et al., 2012b, Schulz et
al., 2012a), thus it could be a potentially misleading assumption to assume true absence from
underreported areas. Occurrence records were extracted from the Atlas of Living Australia on the 25th
March 2020 (https://doi.org/10.26197/5e7a8b895e775). Only human observations from the Victorian
Biodiversity Atlas and the Office of Environment and Heritage Atlas of New South Wales Wildlife
were considered, to limit false records. Maxent models were set to only permit hinge features and to
have a beta value of 2.5. This allowed for the generalisable non-linear fit (Elith et al., 2010, Elith et
al., 2011) required for physiological input parameters. A prevalence of 0.1 was selected because
Burramys is rare in the area analysed. K-fold cross-validation (k=10) was carried out to test the out of
sample prediction. Ten models were constructed to combat against unusual data partition in the k-fold
cross-validation. Background points (pseudoabsences) were set to occur across all of south-eastern
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Australia because we were identifying potential translocation sites, which inherently discount
dispersal barriers. Resulting models were ensembled, with models weighted by Area Under the
Receiver of Operator Curve (AUC), and a measure of “physiological similarity” projected across
south-eastern Australia for the present and predicted into the future. The latter was done by using the
2050 energy and water requirements for the representative summer and winter days as the predictors.
This measure of physiological similarity shows the areas in the present and future which are most like
the conditions that Burramys currently experiences.

These measures of physiological similarity for 2010 and 2050 were compared against “bioclimatic
similarity” for 2010 and 2050. The same macroclimatic data used to create the physiological
similarity—but for the entire year—was transformed into the 19 standard bioclimatic variables using
the dismo package (Hijmans et al., 2017). Bioclimatic variables are climatic variables that are
believed to be more biologically meaningful than standard monthly temperature and rainfall data.
They are prominently used in correlative SDMs (Morales-Barbero and Vega-Álvarez, 2019). These
bioclimatic variables were used as predictors in a Maxent model, with the same settings for the
physiological similarity (see above), to generate bioclimatic similarity.
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Results

Simulated outputs for metabolic rate and body temperature were highly congruent with observed data
(see Fig S1-S2 in Appendix D), with R2 values of 0.94, -0.03, 0.84, 0.92 for the regular metabolic
rate, regular core body temperature, hibernation metabolic rate, and hibernation core body
temperature, respectively. R2 is negative for the regular metabolic rate as the mean of the observed
values (~36.2°C) outperforms the predicted core temperature, which is 36.1°C for each of the
temperatures assessed. Evaporative water loss could not be verified as laboratory data were
unavailable, but the model has been shown in previous analyses to capture laboratory-measured water
loss rates well (Kearney et al., 2016). Patterns of predicted hibernation (Fig. S4 in Appendix D) match
the observed pattern of March/April to September/October (Department of Environment, 2016).

The number of hibernation hours dropped between 2010 to 2050 at all sites (Table 1), with Buller
having the largest drop by percentage and Snow Ridge the lowest. These drops also caused energy
and water demand to increase at all sites in the future. Populations at Kosciuszko could see their
hibernation window shrink by 62% leading to a 48% and 76% increase in energy and water demand,
respectively. Physiological conditions at Kosciuszko in the future look comparable to those
experienced at Buller now. However, if food is adequate (the max daily intake) at Kosciuszko in the
future, Burramys could experience the biggest gains in additional energy and water in comparison to
the other sites. Even if Burramys can consume the maximum amount of food, at Buller it could have
22% less surplus energy than it currently does and 11% less at Bogong. Snow Ridge saw the smallest
change in total energy needed and water lost.
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Table 1: The difference in hibernation, energy, and water requirements between 2010 and 2050. All
values have been rounded to the nearest kilojoules, grams, or percentage. The surplus or deficit
energy and water values were calculated assuming Burramys could ingest the max amount of food
each day while also not accounting for fat reserves.
Description

2010

2050

Percentage change

Hibernation hours

4794

1814

-62

Total energy needed (kJ)

12655

18705

+48

Surplus or deficit energy (kJ)

4189

6847

+63

Total water loss (g)

147

259

+76

Surplus or deficit water (g)

626

778

+24

Hibernation hours

4144

2776

-33

Total energy needed (kJ)

14055

17074

+21

Surplus or deficit energy (kJ)

6860

6110

-11

Total water loss (g)

173

188

+9

Surplus or deficit water (g)

649

768

+18

Hibernation hours

2431

643

-74

Total energy needed (kJ)

17516

21597

+23

Surplus or deficit energy (kJ)

6955

5427

-22

Total water loss (g)

301

322

+7

Surplus or deficit water (g)

707

783

+11

3651

2722

-25

Kosciuszko

Bogong

Buller

Snow Ridge
Hibernation hours
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Total energy needed (kJ)

14827

16957

+14

Surplus or deficit energy (kJ)

5816

6597

+13

Total water loss (g)

190

193

+2

Surplus or deficit water (g)

552

638

+16

Under the maximum diet (Max food 2010 and Max food 2050 in Figure 2), Burramys is projected to
produce more offspring in 2050 than in 2010 at all four sites, with water being the limiting quantity in
all cases. The replacement of moths by other arthropods (No moths arthro) would see a decline in
offspring at Kosciuszko, Bogong, and Buller but a rise at Snow Ridge. Reproduction that is limited by
energy for this diet scenario is the highest at each site. If moths did disappear entirely, Burramys
would produce more offspring at all sites by increasing its consumption of fruit rather than other
arthropods or seeds. This increased fruit consumption at Bogong and Buller would result in Burramys
switching from being water limited to energy limited. Energy would also be the limiting factor at the
first three sites if moth and fruit consumption was cut in half. The uncompensated absence of fruit
would cause a reduction in offspring, compared to the present, at all four sites. Unsurprisingly, the
scenario that most negatively impacted reproduction was the removal of Bogong moths from the diet
with no dietary compensation (No moths in Figure 2). Reproduction was negative which is not
possible but illustrates how little energy would be available to Burramys under this scenario. Snow
Ridge was the least impacted by this, likely a consequence of the different dietary composition there
in comparison to the other sites (see Discussion).
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Fig. 2: The annual number of offspring according to different dietary scenarios at the four locations
(Kosciuszko, Bogong, Buller, and Snow Ridge). The lower value is taken as the ultimate annual
number of offspring for each diet at each site. Under the ‘no moths’ scenario offspring production is
negative, at the top three sites, which though implausible illustrates how energetically stressed
Burramys would be under this scenario.
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Fig. 3: The effect of the different diet scenarios on the occurrence of desiccation (cumulative water
loss as a percentage of body weight) for Burramys. The number of days specific levels of desiccation
(0 - 5%, 5.1 - 10%, and 10.1 - 15%) was calculated at each site for each diet.
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Figure 3 shows that desiccation does not seem likely in the future unless Bogong moths disappear
entirely, or they are replaced by arthropods. The only site that reached the 11% threshold of
desiccation, which may be potentially lethal, was Buller. No site reached the lethal 22% desiccation
threshold. Desiccation at Snow Ridge never exceeded 1%.

The results of the Maxent model (Fig. 4) indicate that much of the Australian Alps and Tasmania
currently have physiologically similar conditions to the areas Burramys currently inhabits. The
suitability of sites to the east of Melbourne (Latitude 38°S, Longitude 146°E) is likely an artefact of
the whole landscape being modelled as a boulder field. The physiological similarity dramatically
decreases in the future with only areas that Burramys currently inhabits on mainland Australia
retaining similarity albeit at a much lower value. Tasmania retains a large number of intermediate
similarity values and the areas of highest similarity are located there. Bioclimatic similarity, in 2010,
corresponds more to the current range of Burramys than the physiological similarity, showing less
suitability east of Melbourne and practically no suitable areas in Tasmania. The 2050 projection for
bioclimatic similarity shows no suitable areas in the future.
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Fig. 4: The present (2010) and future (2050) physiological and bioclimatic similarity of south-eastern
Australia for Burramys to the conditions it currently experiences at its four main sites. The darker
shade of blue indicates greater physiological similarity, while grey indicates zero similarity.
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Discussion

The effect of climate change on Burramys
Here we present the results of the first species-specific mechanistic model of an endotherm that
incorporates hibernation. The agreement between the predicted current hibernation pattern and the
observed pattern demonstrates the usefulness of this mechanistic approach in assessing the potential
effect climate change may have on hibernating species. Our results support predictions that
hibernation periods will shorten as a result of forecasted climate warming (Inouye et al., 2000) and
show how diet can buffer the negative consequences of this.

Warming temperatures, in the future, were projected to cause Burramys to hibernate less. This was a
consequence of unstable burrow temperatures resulting from lower snow cover (Fig. S3 in Appendix
D). Juvenile alpine marmots have low survival when experiencing similar scenarios (Rézouki et al.,
2016, Tafani et al., 2013) suggesting that small-bodied individuals (<100g) may be particularly
susceptible to reduced snow cover. Small-bodied animals are vulnerable to cold temperature due to
their high surface area to volume ratios and inherently small energy reserves (Bergmann, 1847,
Kooijman, 1986). Climate change may not affect adults of larger species but could negatively impact
juvenile survival. Hibernation decrease was found at all 4 main population sites: Kosciuszko, Bogong,
Buller, and Snow Ridge. Assuming that food is non-limited i.e. food is available at the maximum
intake rate, Burramys at Kosciuszko would see the largest percentage rise in surplus energy even
though it had the largest increase in energy required between 2010 and 2050. This may seem
contradictory at first glance but as hibernation is a response to restricted resources, if food is
considered non-limiting then it follows that there would be an increase in discretionary energy.
However, to put this increase in energy required into perspective it would be equivalent to an
additional 1,245.6 moths per Burramys, assuming a single moth contains 4.857 KJ (Green, 2011). If
we accept the number of adults in the Kosciuszko population is 355 (Broome et al., 2012) and a single
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adult consumes 1,126 moths (Green, 2011), the population would consume approximately 399, 629
moths at present. To cover the future increase, Burramys would have to eat 442,188 more moths to
maintain the same population which would undoubtedly have effects on its fitness through increased
competition and foraging time (though this assumes that the energy increase is only met by
consuming moths and they are available at the time). This shows the utility of using ecophysiological
models to predict whether new thermal regimes created by climate change are physiologically or
ecologically possible where hibernators currently inhabit.

Future increases in energy requirements could be harmful to the Burramys meta-population.
Increased energy requirements are similarly predicted to negatively affect coral trout (Plectropomus
leopardus) fisheries (Johansen et al., 2015) and have already caused shifts toward smaller body size in
some amphibian populations (Caruso et al., 2014). If food availability stays the same as now,
Burramys will have to adapt similarly or face population declines. The energy required in the future at
Kosciuszko and Bogong, the two largest populations (Broome et al., 2012), is equivalent to Buller
now, a small population that has been supplemented with additional individuals in the last decade
(Weeks et al., 2011). Clearly, the smaller population at Buller is a combination of physiological
conditions, habitat, demography, predation, and historical incident, but it is a worrying trend. In the
unlikely event that food is freely available, reproduction could rise at each site (Fig 2).

Recent evidence suggests that hibernation is highly adaptive and populations, within the same species,
have different capacities to adapt to climate change based on the characteristics of their habitat, diet,
genetics, etc. (Boyles et al., 2011). The most recently discovered Burramys population, Snow Ridge
(Schulz et al., 2012a, Schulz et al., 2012b), had the most stable increase in energy and water
requirements. The diet of this atypical population—occurring at a lower elevation and being less
reliant on boulderfields (Schulz et al., 2012a, Schulz et al., 2012b)—was the key factor in this
stability. Burramys is less reliant on moths at the latter site (Hawke et al., 2019) meaning its
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reproduction was projected to be little affected by the scenarios in which moths were removed or
reduced. This has significant implications for the management of the species, for this ‘fringe’
population may be more readily able to deal with future climate change.

Caveats and improvements
Improving the prediction accuracy of these mechanistic models for Burramys would create numerous
opportunities for future research, from the physiological to the ecosystem level. More knowledge
about the mechanisms that induce hibernation would allow for increased realism in this process,
though the simple rules used approximated observed hibernation patterns remarkably well (Fig. S4 in
Appendix D). Additionally, species, such as Burramys, often do not hibernate alone and exhibit
huddling which impacts heat retention (Fleming, 1985, Gilbert et al., 2010), this would allow
hibernation in conditions that may be unfavourable for a single individual. Information on the
frequency of huddling and the number of individuals involved could lead to better prediction, if it is
common. Higher resolution dietary and food availability data would further increase prediction
accuracy and further efforts to conserve the species. The extent to which Burramys caches food,
would be of particular interest, as this can greatly affect hibernation duration (Humphries et al., 2003).
Data on water intake in the wild would again add more realism, as would Burramys specific data on
milk composition and conversion to offspring weaned.

Additional information on site characteristics could further improve the approximation of the
microhabitat conditions in the Australian Alps, which could be used for other species. Snow Ridge
was modelled as a boulder field when it is primarily spoil dumps (Schulz et al., 2012a). Spoil dumps
would likely exhibit different conductivity and be shallower than the boulder fields at higher altitude.
Burramys’ habitat usage in this area along with fine-scale temperature data would remedy this current
limitation. Similarly, improvements in the availability of sub-continent level approximations of soil

109

type, structure, and shading would allow for more heterogeneous input data, further increasing realism
with no increase in computational requirements.

Future advances in computation could enhance the scale of the models developed. The correlative
SDM aspect of this study was limited in temporal scale by the computational intensity and memory
requirements of solving mass and energy budgets across a large spatial scale. Similarly, the future
microclimate projections used in this study were based on one RCP scenario, RCP 4.5, though
current emissions suggest that RCP 8.5 may be more likely (Sanford et al., 2014). If this occurs, then
our predictions may be overly optimistic. The availability of cost-efficient upgrades in computation
and memory would allow for the temporal scale to be expanded from two days (representative of
summer and winter) to ideally one year and the assessment of multiple RCP scenarios.

The distant goal for mechanistic niche models could be the incorporation of variation in individuals
and growth. Currently, a representative individual must be modelled for a process that differs between
individuals and populations (Boyles et al., 2011). This could potentially be done through agent-based
modelling though this would be extremely data and computationally intensive.

Conservation implications
The most important result from this research, regarding the conservation of Burramys, is the potential
negative effects of prey-switching. Prey-switching can impose negative physiological costs (Hooker
et al., 2017). If moth numbers decline dramatically and Burramys switches to eating other arthropods,
it may suffer from an increase in water stress (Fig. 3) leading to lower reproductive output (Fig. 2).
The abundance of moth larvae seems to be a particularly rich source of dietary water for Burramys.
Drier conditions may similarly cause water stress as water loss was projected to increase at all sites
(Table 1), especially Kosciuszko. The water content of Bogong moths is tied to environmental
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moisture availability (Common, 1954), which may compound water stress in drier environmental
conditions. The projected decline in snow cover may also lead to the disappearance of a reliable water
resource in the form of snowmelt.

The importance of the mountain plum pine to Burramys may be underestimated. The significance of
berries to omnivorous cold climate species has only recently become apparent (Hertel et al., 2018).
The mountain plum pine provides seeds in addition to berries and its decline would negatively affect
Burramys’ reproductive output (Fig.2). Future research could assess whether there are enough fruitbearing species available for Burramys to switch to, and the potential knock-on ecological effects this
could have. The reduction in the availability of mountain plum pine in the future due to drought and
wildfire, coupled with a moth decline, saw the reproductive output at Kosciuszko, Bogong, and Buller
switch to being energy limited. If such a reduction were to occur, supplemental feeding would be
needed to return reproductive output to current rates (Fig. 2).

Interactions between Burramys and invasive predators will likely increase in the future. Resulting
from Burramys’ increase need to forage—higher energy and water requirements at all four sites—and
less snow facilitating predators (Fig. S3 in Appendix D). Increased predation caused by decreased
snow depth and duration is well documented across the northern hemisphere (Huggard, 1993,
Pedersen et al., 2017). Precautions such as fencing may need to be taken soon to lessen the disastrous
effect this would have on the meta-population.

Unless Burramys can adapt quickly to different physiological conditions, its translocation potential on
mainland Australia is limited. There is a considerable drop in the physiological similarity of locations
in south-eastern Australia in the future when compared to conditions it currently experiences on a
typical summer and winter day (Fig. 4). Interestingly, areas close to Pleistocene fossil deposits that
contain Burramys remains, and are far from where they currently occur (Lundelius, 1983), were found
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to be physiologically similar to present-day (2010) conditions. Predictions using conventional
bioclimatic variables were more pessimistic than those using the physiological variables, likely
suffering from the future existence of novel conditions for which the statistical relationships created
became untenable. Only a small area of the Australian Alps remains physiologically similar. The
island state of Tasmania has a cooler, temperate climate than mainland Australia and our results
indicate that it would retain physiological similarity into the future. This could make it a potentially
ideal place to translocate Burramys in the future if such a measure was desired. Aspects other than
physiological similarity to present conditions need to be considered, but at an initial glance it would
be promising as mountain plum pine is present (Barker, 1991), as are species in the same genus as the
Bogong moth (Agrotis spp. (Common, 1958)), and foxes are likely absent (Marks et al., 2017, Marks
et al., 2014).
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Chapter 6

Discussion

Outline

Climate change presents an interesting paradox: to combat the worse outcomes resulting from its
redistribution of species (Bonebrake et al., 2018, Pecl et al., 2017) we may have to further redistribute
species (Hoegh-Guldberg et al., 2008, McLachlan et al., 2007, Gallagher et al., 2015, Hunter, 2007).
The first challenge is, therefore, to identify which species will change their ranges and whether this
will be an expansion or shrinkage. The interconnected nature of ecological interactions entails that
either of these events will affect other species (Ling, 2008), which may also have to be investigated.
The second challenge is to locate potential areas for translocation if a species is adversely affected and
unable to reach suitable habitat without intervention.

In my thesis, I explored the range dynamics of three Australian marsupials in the past, present, and
future; identified translocation sites for a subset of these; and attempted to distinguish the
characteristics of successful translocations. I found that climate change, when considered in isolation,
is unlikely to have caused or to cause extinction events in parts of these mammals’ ranges. However,
climate change does not occur in a vacuum, and its interactions with other factors (humans, land use,
invasive species, food availability, etc.) could explain past and potentially future negative effects.
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Furthermore, I identified Tasmania as a potential future refuge for two Australian marsupials that
might otherwise ultimately be doomed on the mainland due to either future anthropogenic climate
change, or introduced species. Interestingly, this echoes the past as Tasmania was a natural refugia
during the climate changes of the Quaternary. The Tasmanian devil, Tasmanian native hen, and
Tasmanian tiger all went extinct on mainland Australia but persisted, as their names suggest, in
Tasmania (Johnson and Wroe, 2003, White et al., 2018). However, if the translocation of species in
the future is undertaken, it must be done with caution due to the high failure rate of translocations in
Australia as highlighted in my systematic review (Chapter 2).

Specifically, my thesis aimed to: (i) identify the features of successful and failed translocations, (ii)
assess the role of past climate change in the extinction of an Australian marsupial, (iii) identify current
translocation sites for an endangered species, and (iv) quantify the effect of future climate change on a
hibernating species. To achieve these objectives, I collected data from the translocation and
physiological literature, online biodiversity inventories, climatology databases, and employed
computer models using regression, machine learning techniques, and biophysical equations. In
Chapter 2, I used regression and machine learning models. In Chapters 3-5, I used Species
Distribution Models (SDMs), which is an umbrella term for a great diversity of models that attempt to
map an organism’s distribution and often how it will change. I used both correlative (machine
learning) and process-explicit (biophysical equations) SDMs. In chapter 5, I compared these
approaches to elucidate their advantages and limitations.
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Key Findings

Factors affecting translocation success are difficult to discern but are most likely related to
investment
In Chapter 2, I carried out an extensive systematic literature review of conservation translocations
worldwide, encompassing records dating back to the 19th century. I evaluated a subset of these records
(those with the requisite data) to identify what factors are associated with success. Although previous
reviews have attempted this (Griffith et al., 1989, Fischer and Lindenmayer, 2000, Bubac et al., 2019),
these have suffered from poorly defined measures of success and a lack of transparent interrogation of
this metric. I remedied this by comparing success and failure against population outcomes; evaluating
my interpretations against those of the authors, via a questionnaire; and testing whether a different
metric, population growth rate, for a subset of translocations gave similar results.

I found that the probability of categorical success and population growth rate increased with the total
number of individuals released but with diminishing returns above about 20-50 individuals. This
importance of the number of individuals released in increasing the likelihood of establishment is
consistent with previous analyses of translocation success (Griffith et al., 1989, Wolf et al., 1996,
Fischer and Lindenmayer, 2000), findings in invasion biology (Brook, 2004), and population viability
theory (Soulé, 1987). The reason for this is likely the robustness of larger populations in the face of
environmental, genetic, and/or demographic stochasticity (Caughley, 1994). This implies that betterresourced projects are more likely to succeed because they can invest in releasing more individuals.
The increased success in translocations that are sustained over longer periods also supports this.

Translocations in Oceania were less likely to result in success and high population growth rates. This
is most likely due to the pervasiveness of the threat of invasive species in Australia (Woinarski et al.,
2015) and New Zealand (Holdaway, 1999), which can be difficult to control at introduction sites. This
115

has ramifications for the proposed translocations in Chapters 4 and 5 (see “Conservation implications
of thesis” section). I also demonstrated that the categorical success of translocations has increased
throughout the 20th century, with an apparent rise from a 50% success rate in the 1980s to a current
success rate of around 75%. I found no evidence of a temporal trend in other variables to explain this
rise in success, suggesting the influence of either unmeasured variables or that authors have more
readily ascribed success to their projects over time. Additionally, I observed no increase in the number
of individuals released over time suggesting that there is potential for further increase in the success
of conservation translocations.

Climate change may increase vulnerability to other threats
By looking at past climate change, using the extinction of the Tasmanian devil from mainland
Australia as a case study (Chapter 3), I showed the complexity of disentangling what factors
contribute to a range change. By using process-explicit SDMs, specifically mechanistic niche models,
I demonstrated that there is a lack of evidence for a concerted effect of physiological stress to devils,
their prey, or instabilities in productivity, on mainland Australia. This suggests that climate change
alone seems unlikely to have caused the mainland demise of the Tasmanian devil. Therefore, other
factors need to be invoked to explain its mainland extinction. The combination of competition from
the introduced dingo and the change in land and prey use by humans likely drove the devil to
extinction.

Previous genetic research (Brüniche-Olsen et al., 2014, Brüniche–Olsen et al., 2018) suggested that
Tasmanian devil populations, in Tasmania, experienced a bottleneck during the same time period that
the mainland population went extinct. The authors concluded that this was evidence for a pervasive
effect of climate change that was worse on mainland Australia. My research supports the hypothesis
that climate change was responsible for this bottleneck because energy usage by devils and their prey,
in Tasmania, was likely very unstable preceding the timing of the bottleneck. However, I did not see a
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similar or greater effect on mainland Australia. Overall, these results suggest that long-term climate
variation was powerful enough to cause widespread population declines and/or range contractions, but
some other factor is needed to explain extirpations on the mainland.

Tasmania as a refuge for brush-tailed rock-wallaby
In Chapter 4, I assessed the availability of suitable habitat for the brush-tailed rock-wallaby and its
potential for translocation. I created a correlative SDM with six ecologically relevant predictors:
terrain roughness, aspect, woodland cover, grassland cover, minimum temperature in the coldest
month, and mean annual precipitation, as inputs. Previous SDMs created for this rock-wallaby have
not used terrain roughness (Murray et al., 2008, Murray et al., 2011, Ashcroft et al., 2014). This
variable acted as a surrogate for refugia from foxes, the biggest threat facing rock-wallabies
(Menkhorst and Hynes, 2011, Woinarski et al., 2014), and was by far the most important predictor of
suitable habitat. This shows the importance of using predictors that attempt to approximate the factor
limiting the distribution of a species and not only relying on widely available climate data.

Previous translocations of rock-wallabies to the Grampians failed due to fox predation (Taggart et al.,
2016) providing an example of the general finding from Chapter 2, that translocations in Oceania
often fail due to invasive species. Further releases into areas that contain large fox populations, which
is most suitable rock-wallaby habitat on mainland Australia, may fail. The SDMs that I built predicted
large areas of suitable habitat in the fox-free island state of Tasmania. Moving individuals to
Tasmania would be a radical but potentially necessary step to prevent the extinction of the genetically
distinct southern population of the brush-tailed rock-wallaby, which numbers only 40 wild individuals
(Taggart et al., 2016). I proposed Maria Island, located off Tasmania’s eastern coast, as the site for a
trial translocation due to its isolation, terrain, and presence of the Tasmanian devil. This large
carnivorous marsupial may act as a natural control agent and prevent the rock-wallaby from exerting
unwanted ecological effects as it has in New Zealand (due to the absence of population control by
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predation). These two species would have last encountered each other in the wild when Tasmanian
devils inhabited mainland Australia (see Chapter 3). Therefore, this proposed translocation would not
only be practical but could generate further research into native predator-prey interactions, innate
avoidance of predators with long evolutionary histories, etc.

The importance of food availability for alpine species responding to global warming
In Chapter 5, I created the first species-specific mechanistic niche model (process-explicit SDM) for a
hibernating endotherm, the mountain pygmy possum, which can be adapted for similar species. I
showed that the mountain pygmy possum will likely hibernate less, in 2050 compared to 2010, at the
four sites it occupies in the Australian Alps. However, this reduction varies drastically between sites,
with individuals at Snow Ridge predicted to see a 25% decrease in the number of hibernation hours
while those at Mount Buller were predicted to see a 74% decrease. I found that Snow Ridge, the most
recently discovered population, seems to be the most resilient to future climate change. Diet may be
responsible as mountain pygmy possums here have very different diets in comparison to other sites
(Gibson et al., 2018). Individuals at Snow Ridge were the only population predicted to produce
offspring if the feared collapse of Bogong moths were to occur and no alternative prey was available.
When I allowed prey-switching to occur, mountain pygmy possums could produce more offspring
switching to fruit rather than seeds or other arthropods. This demonstrates the potentially undervalued
role of fruit in the diet of mountain pygmy possums. Overall, this chapter highlighted the adaptability
of hibernators if food availability is adequate. This makes sense as hibernation is a response to scant
resources and if resources are available species may adapt.

I integrated process-explicit and correlative SDMs by using outputs from the former, energy required
and water loss, as inputs to the latter. This allowed me to create a measure of how physiological
similar areas are—both currently and in the future—to where the mountain pygmy possum currently
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inhabits. Only currently inhabited areas and parts of Tasmania were found to be physiologically
similar to present-day conditions in 2050.

Insights into distribution models and range changes in the
Anthropocene

Currently, SDMs are amongst the most popular methods in detecting range changes (Araújo et al.,
2019), yet both correlative and process-explicit models have drawbacks (Briscoe et al., 2019) and
must not be viewed as the panacea they once were. Although the limitations of correlative SDMs in
extrapolating beyond the data that the models are trained on has been documented (Elith et al., 2010),
the practice is still prevalent. I recommend that correlative SDMs created with broad bioclimatic
variables and projected far into the future or past should be limited to exploratory analysis. The use of
ecologically relevant predictors, such as terrain roughness in the case of the rock-wallaby (Chapter 4),
attempts to approximate the mechanism which limits the species, making the results more reliable. If
the limiting factor is unknown and extrapolation outside the training dataset, either temporally or
spatially, is required, then physiological inputs should be used (as in Chapter 5). These are of greater
relevance to an organism than coarse resolution climate variables and are therefore likely to be more
robust. This method integrates the correlative and process-explicit approaches.

Mechanistic niche models, when applied alone, yield very detailed and powerful results (Chapter 5)
but require extensive knowledge of the species’ physiology, behaviour, diet, and habitat if they are to
be appropriately carried out. They are also most appropriate at smaller scales, with integration with
correlative SDMs beneficial at larger scales. The further addition of demographic and dispersal
processes is a promising avenue of future research for modelling range changes at large scales but will
likely incur heavy computational costs. This more unified approach would better reflect the
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knowledge that species distributions, particularly mammals, are not solely dictated by climate, which
has been known for over a century (Grinnell, 1917b, Thomas, 2010). If non-climatic conditions on
mainland Australia were the same as those in Tasmania, i.e. low human pressure and the absence of
dingos, it seems likely the mainland populations of Tasmanian devils would only have experienced a
population bottleneck or slight range reduction rather than complete eradication.

The above statements have implications for our current climate crisis because 27% of all species
assessed by the IUCN are threatened (IUCN, 2019), primarily by habitat clearance, habitat
degradation, hunting, invasive species, etc. (Newbold et al., 2015, Maxwell et al., 2016). Many
species may be capable of coping with the projected 2°C temperature increase (Schwalm et al., 2020)
but the interaction between climate and these threats will likely be too much for many. For instance,
modelling looking at Bornean mammals show no shrinkage in the amount of suitable habitat when
climate change was considered alone but a 47-67% decrease when interactions with land use
(especially oil palm) were included (Brodie, 2016). In Chapter 5, I showed that the mountain pygmy
possum may produce more offspring in the future if there is enough food available. However, ski
resort expansion will likely limit its ability to disperse, and introduced species, benefiting from the
lack of snow in the Australian Alps, may increase predation. This illustrates how climate change will
create “winners” and “losers” (Dornelas et al., 2019), and distinguishing between these will be
necessary to better conserve species in the future.

The future of conservation, however, must entail more than ameliorating threats. We must begin a
new era of restoring biodiversity and ecosystems on a large scale, which will require reintroducing
species into their former range and bolstering declining populations. Recently, the concept of
“rewilding” has gained much attention amongst academics, the media, and the public (Nogués-Bravo
et al., 2016), and has imbued conservation with some much-needed optimism. Rewilding generally
involves the translocation of a species or assemblage of species to influence multiple trophic levels to
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promote self-regulation and biodiversity in ecosystems (Svenning et al., 2016). Unlike translocations
to prevent extinctions, it is more concerned with restoring process than species (Sandom et al., 2020).
As we move further into the Anthropocene, we will not only have to consider restoring species to
areas from which they have been extirpated but also introducing species to areas they have never
occurred. These “assisted migrations” will be extremely risky, especially when carried out as
rewilding because the aim is for the species to exert influence, increasing the likelihood of negative
outcomes (Nogués-Bravo et al., 2016). If undertaken they must be tightly controlled and trial
introduction to islands (see Chapter 4) or fenced areas seem sensible first steps. If deemed safe, these
will need to be expanded to avoid simply creating outdoor museums of endangered species.

The consensus in the biogeography literature is that generalist species will expand their ranges during
the Anthropocene, resulting in less biodiversity and places that currently have distinct biotas
becoming more similar (McKinney and Lockwood, 1999, Olden et al., 2004, Lewis and Maslin,
2015). However, this biotic homogenisation is scale-dependent, with local biodiversity (or alpha
diversity) increasing in some areas during the Anthropocene. Over 40% of Britain’s plant species are
non-native (Lövei, 1997), and Britain has gained many more species that it has lost (Thomas, 2020).
This is a result of translocations, both intentional and accidental, carried out primarily during Britain’s
colonial era. The difference in biodiversity between areas (beta-diversity), for instance between
Britain and New Zealand, has decreased due to the introduction of European species to New Zealand
and the decimation of New Zealand’s native wildlife (Thomas, 2020). Although widely forgotten in
conservation this may be viewed as either positive, some species have become more “successful” by
expanding their range, or negative, endemic flora and fauna have declined or been driven to
extinction. This reveals the importance of human values when assessing range changes as we can
never say whether a range change is good or bad unless we explicitly state the metrics on which this is
based.
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Conservation implications of this thesis
A central ambition of this thesis is to affect future policy and conservation action. I will now outline
the implications my research may have for the three case study species. Although Chapter 2 focused
on prehistoric climate change, it has consequences for modern-day conservation. The reintroduction
of the Tasmanian devil to mainland Australia was recently proposed, with calls being particularly
acute when population numbers were plummeting due to the Devil Facial Tumour Disease (Westaway
et al., 2019). This reintroduction has not occurred. My research implies that unless pressures exerted
by human habitation and long- or recently established invasive predators (dingos and potentially
foxes) can be countered then it seems unlikely such a reintroduction will succeed. This role of
invasive predators in failed reintroduction is highlighted by the high mortality caused by foxes in the
translocation of the brush-tailed rock-wallaby to the Grampians during 2008-2012 (Taggart et al.,
2016). The results in Chapter 4 indicate that this may have failed due to the lack of inaccessible rocky
areas, suggesting that future investment in translocations to this area may be futile without adequate
predator control. Furthermore, my results from Chapter 2 indicate that if either of these translocations
were to occur, adequate resourcing with many individuals would increase the likelihood of success.

Although I outline the case for the translocation of the brush-tailed rock-wallaby and the mountain
pygmy possum to Tasmania, such undertakings are prohibited under current law. Tasmania’s current
policy is to only allow the assisted migration of native Tasmanian flora and fauna (McCormack,
2018) therefore precluding the possibility of my suggested translocations. These laws may have to be
revised sooner rather than later as previously inhabitable areas on mainland Australia become
unviable for some species. The poleward shift of many species’ preferred climatic conditions to
Tasmania and its ability to potentially harbour these species from adverse effects (Reside et al., 2013),
has led it to be termed an “ark”. Mobile species will move and Tasmania will likely face some
difficult decisions when non-native species of fish, invertebrates, bats, and birds begin to arrive on its
soil and shores.
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Aside from reporting on the possibility of translocating the mountain pygmy possum to Tasmania,
Chapter 5 has more immediate recommendations for the species’ conservation. The hydrating role of
fruit may be overlooked and the trialling of different diets on captive individuals may test this. Further
research into the unique diet and habitat of the Snow Ridge population may support or counter the
claim that this population may be most resilient to climate change. Research into the occurrence of
predators or competitors would also have implications for this claim.

Concluding remarks
In this thesis, I have examined range changes, both carried out by humans and not, in the hope that
they can be better understood and better predicted. This improved ability to predict is of the utmost
importance in an era in which the speed of global change is unprecedented (Urban et al., 2016, Urban,
2015). I have demonstrated the lessons that can be learnt from past translocations and range changes. I
have developed a methodology for assessing the effects of climate change for a hibernating
endotherm that can be adapted for other species. Finally, I have illustrated the utility of ecologically
relevant predictors and suggested potentially radical range changes for two endangered marsupials.
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Appendix A
Supplementary Information for Chapter 2

Supplementary Methods
Boolean strings used
The first Boolean string
TI=("assisted coloni*ation"OR "assisted migration"OR "facilitated
migration"OR"relocation"OR "assisted range expansion"OR "translocation"OR
"reintroduction"OR "re-introduction" OR "reinforcement" OR "ecological replacement")
AND TS =(conservation OR ecolog*)
The second Boolean String
TI=("assisted coloni*ation"OR "assisted migration"OR "facilitated
migration"OR"relocation"OR "assisted range expansion"OR "translocation"OR
"reintroduction"OR "re-introduction" OR "ecological replacement") AND TS =(conservation
OR ecolog*)NOT TS=(plant* OR fish* OR bacteria* OR tree OR insect* OR geolog* OR
soil OR marine OR invertebrates OR botany OR protein) NOT TI= (protein*)NOT
SU=("social sciences" OR "physical sciences" OR "arts humanities" OR"technology")
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Generation length
Generation lengths for mammals and birds were sourced from Pacifici et al. (2013) and Birdlife
International (BirdLife International, 2020), respectively. Generation lengths for amphibians and
reptiles are not widely available, those available were obtained from the IUCN Red list (IUCN, 2019)
(only 31 species in total have generation lengths detailed on the IUCN Red List (Böhm et al., 2016)).
Previously, longevity data has been used in place of generation length for reptiles (Böhm et al., 2016)
and a database which contains longevity for amphibians is available (Oliveira et al., 2017). Reptile
longevity ages were also extracted from the AnAge database (Tacutu et al., 2018) . For those species
with no available longevity data, the average longevity of genus members was used, if available.
Otherwise, the average for the family members was taken, and so on. To make this data compatible
with the mammals and bird data, the relationship between longevity and generation length was
obtained (on the species for which data is available for both) using a linear model, for reptiles and
amphibians, and a proxy for generation length calculated.

Fence variable
Data was collected on the presence or absence of fencing for assessing whether the prevalence of
translocations to fenced areas has increased over time though this variable was not included in the
above analyses due to the potential error in the variable. This is because of reporting ambiguity: a
case study which mentions fencing is a true positive but one that does not mention fencing may be
either a true negative or a false negative.
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The complete dataset (n=514)

Fig. S1: Breakdown of all the translocations (n=514) by continent (A) and translocation type (B).
Reintroduction & other is a reintroduction with a reinforcement or assisted migration.
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Fig. S2: Cumulative number of threats experienced by the species translocated.
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Fig. S3: Taxonomic groups assessed, controlling for species with repeated translocations.
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Fig. S4: Release method for the 339 translocations events that could be categorised.
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Fig. S5: Source of animals for translocation. Total is higher than 514 as animals for a single
translocation could be sourced from multiple locations. Other sources include rehabilitation, head
starting, a wild animal raised in captivity (which could not be considered either truly wild or captive).
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Fig. S6: Number of individuals (log transformed) per translocation event, by taxonomic group (n=461
as 53 translocations did not report the number of individuals).
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Fig. S7: Spread of translocations through time by taxonomy (n=500 as data was inconclusive for 14).
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Fig. S8: Spread of translocations through time by continent (n=500 as data was inconclusive for 14).
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Fig. S9: Most recent IUCN classification of 269 species translocated (this excluded species without
IUCN classification and species involved in multi-species translocation events).
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Fig. S10: Cumulative distribution of the success categories according to year, notice the rise in the
proportion of failures in the 1980s (n=500 as 14 translocations did not report a definite start year).
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The categorical success dataset.
Here we show the results from the 257 translocation events that were categorised as success and
failure.

Fig. S11: Categorical success dataset (n=257) showing how it was split by continent (A), release type
(B), translocation type (C), source (D). The number of translocations in (D) exceeds 257 as a
combination of sources could be used.

175

Fig. S12: Cumulative amount of threats, controlling for species, for cases in the categorical success
dataset.
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Fig. S13: Breakdown of the species in the categorical success dataset (n=147) by most recent IUCN
threat classification (A) and taxonomy (B).
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Fig. S14: Mean difference (effect size) in duration between continents in the categorical success
dataset. If the error bars in the unpaired mean difference do not intersect the zero line then the
continents are significantly different; i.e., Africa and Oceania carry out much shorter translocations
than the other continents.
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Fig. S15: Correlation of predictors with start year (using Pearson r coefficient) in the categorical
success dataset, after controlling for the effect of species.
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Fig. S16: Comparison of the mean difference (effect size) in the start year of translocations by animal
source. This graph shows that translocations that exclusively sourced from the wild occurred further
in the past than exclusively captive-sourced translocations.

180

Fig. S17: Mean difference (effect size) in the start year of translocations where the animals were
released into areas which did not have a fence (or was unknown) compared to an area which was
fenced and on to an island. From this graph we can tentatively say (due to the problematic nature of
the fence variable, see Methods) that translocations into fenced areas have increased over time.
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Fig. S18: Change in the proportion of release-area types through time. Fig. (B) omits the years in
which no translocations took place.
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Fig. S19: Correlation between number of individuals (log10-transformed) and duration. Solid line
shows perfect correlation and dashed line shows actual correlation (Pearson’s r coefficient of 0.41).
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The population growth subset (n=87)

Fig. S20: Population growth subset (n=87) showing how it was split by continent (A), release type
(B), translocation type (C), source (D). The number of translocations in (B) & (D) exceeds 87 as a
combination of releases and sources could be used.
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Fig. S21: Cumulative amount of threats, controlling for species, for cases in the population growth
subset.
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Fig. S22: Breakdown of the species in the population growth subset (n=87) by most recent IUCN
threat classification (A) and taxonomy (B).
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Table S1: The predictors used in logistic regression and random forest models. Predictors with
* indicate where translocations could be a combination of categories.
Variable

Categories (if categorical).

Source

Type of translocation*

Assisted migration,

Information from publication or

Reinforcement, Reintroduction.

report but interpreted as the

(No translocation in analysed

definition in IUCN (2013)

dataset categorised as ecological
replacement).
Taxonomic group

Continent

Start year of translocation

Amphibia, Aves, Mammalia,

From IUCN Red List (IUCN,

Reptilia

2019)

Africa, Asia, Europe, North

Continents as recognised by the

Americas, Oceania, South

United Nations(United Nations,

Americas

2019)

NA

As indicated by publication or
report

The number of individuals

NA

released
The release method employed*

As indicated by publication or
report

Soft, hard

As indicated by publication or
report. Releases were
considered soft if any prerelease measures were taken
such as supplemental feeding or
penning

The source of the animals*

Captivity, wild, other categories

As indicated by publication or

(rehabilitated species,

report

amphibians given “head start”
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etc) (No translocation in
analysed data was in latter
category)

Duration

NA

Calculated by taking the start
year from the finish year (as the
reporting of monitoring periods
was inconsistent these were
excluded)

Corruption Perception Index

NA

Corruption Perception Index of
the country in 2017
(Transparency International,
2017) (countries which had
none had values taken from
previous Indices or had the
value approximated according
to geographical and socioeconomic situation)

IUCN threats experienced by

IUCN threat 1: Residential &

Taken from the IUCN Red List

the species (from the IUCN red

commercial development

(IUCN, 2019) according to

list)*

IUCN threat 2: Agriculture &

species name

aquaculture
IUCN threat 3: Energy
production & mining
IUCN threat 4: Transportation
& service corridors
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IUCN threat 5: Biological
resource use
IUCN threat 6: Human
intrusions & disturbance
IUCN threat 7: Natural system
modifications
IUCN threat 8: Invasive & other
problematic species, genes &
diseases
IUCN threat 9: Pollution
IUCN threat 11: Climate change
& severe weather
(No translocation in final 257
success dataset had at risk from
IUCN threat 10: Geological
events
Or IUCN threat 12: Other
options)
The number of IUCN threats

NA

experienced by the species

Sum of the number of the IUCN
threats experienced by the
species

The IUCN classification of the

Extinct in Wild, Critically

From IUCN Red List (IUCN,

species (from most recent

Endangered (these two were

2019)

assessment)

combined due to sparsity of
datapoints), Endangered,
Vulnerable, Near Threatened,
Least Concern
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Table S2: The most commonly translocated species in the complete dataset. A total of 293 species
(not including subspecies) were translocated across the 514 translocation events. Diceros bicornis
comprised of three subspecies (D. bicornis bicornis, D. bicornis michaeli and D. bicornis minor), as
did Cervus elaphus (C. elaphus corsicanaus, C. elaphus nannodes, and C. elaphus nelson) while Ovis
Species name
n
1

Woylie (Bettongia penicillata)

43

2

Black rhinoceros (Diceros bicornis)

18

3

Persian fallow deer (Dama mesopotamica)

15

4

Boodie (Bettongia lesueur)

12

5

African wild dog (Lycaon pictus)

12

6

Bighorn sheep (Ovis canadensis)

11

7

Lion (Panthera leo)

9

=8

Red deer (Cervus elaphus)

8

=8

Red kite (Milvus milvus)

8

=8

Arabian oryx (Oryx Leucoryx)

8

=8

Kakapo (Strigops habroptilus)

8

canadensis contained one (O. canadesnis mexicana).
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Table S3: The most commonly translocated species in the categorical success dataset (n=257)
Species name

n

1

Woylie (Bettongia penicillata)

22

2

Persian fallow deer (Dama mesopotamica)

13

3

African wild dog (Lycaon pictus)

12

4

Boodie (Bettongia lesueur)

10

5

Red kite (Milvus milvus)

6

=6

Cheetah (Acinonyx jubatus)

5

=6

Lion (Panthera leo)

5

=6

Kakapo (Strigops habroptilus)

5

Table S4: The most commonly translocated species in the population growth subset (n=87).

Species name

n

1

Woylie (Bettongia penicillata)

16

2

Persian fallow deer (Dama mesopotamica)

13

3

African wild dog (Lycaon pictus)

6

=4

Boodie (Bettongia lesueur)

5

=4

Red deer (Cervus elaphus)

5

6

Black rhinoceros (Diceros bicornis)

4
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Item S1: Questionnaire for Authors

Question

Answer

1 Which species was translocated (Latin name
preferable)?

2 In which country did the translocation take
place?

3 Was the translocation done for conservation
purposes?

☐ Yes
☐ No
☐ Not applicable
☐ Conservation, but also other reasons
If ‘conservation but also other reasons please
elaborate:

4 In what year did the translocation begin?
5 In what year did the translocation end?
6 Was the translocation a reintroduction/

☐ Reintroduction

reinforcement/ assisted

☐ Reinforcement

colonization/ecological replacement/not

☐ Assisted colonization

applicable? (definitions found below. If your

☐ Ecological replacement

translocation employed a combination of
techniques you may tick more than one box)

☐ Not applicable
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7 From where were the animals sourced?

☐ Captivity
☐ The wild
☐ Combination of captivity and the wild
☐ Unknown
☐ Not applicable
☐ Other
If other please state:

8 Was a soft or hard release undertaken?
(definitions found below)

☐ Soft
☐ Hard
☐ Combination of both
☐ Unknown
☐ Not applicable
☐ Other
If other please state:

9 What was the total number of individuals
translocated? (if exact number is not known
an estimate may be given)

10 Was the translocation staggered, i.e. did
more than one translocation event take
place?

11 What was the reason(s) for the original
decline of the wild population of the

☐ Yes
☐ No (only one translocation event took
place)
☐ Habitat loss
☐ Habitat fragmentation

species? (several boxes may be checked)
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☐ Habitat degradation/pollution
☐ Native predators
☐ Introduced predators
☐ Native competitors
☐ Introduced competitors
☐ Hunting (may be historical or recent
hunting of any kind)
☐ Not applicable
☐ Other
If other please state:

12 Was the cause of original decline removed
before the translocation(s)?

☐ Yes
☐ No
☐ Partially
☐ Other
If other please state:

13 How was this cause of decline removed or
its effects lessened?

14 Did any modelling take place before the

☐ Yes

translocation? [modelling could include

☐ No

Population Viability Analysis, species

☐ Not applicable

distribution modelling, or any other
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quantitative method allowing prediction of

If details on method used are known, what

the persistence or growth trajectory of a

were they?

translocated population]

15 Was a criterion of success defined before
the translocation?

☐ Yes
☐ No
☐ Not applicable

16 If so, what was this criterion?

17 Was the translocation considered a success?

☐ Yes

(even if no definition was given prior to the

☐ No

event)

☐ Partial success
☐ Too early
☐ Not applicable
☐ Other
If other please state

18 Why was it considered a success?

19 If it wasn’t a success, why was it considered
a failure?
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20 What factor do you think most affected the
outcome? (and consequently, what might
you change the translocation could be done
over?)

Definitions:
Reintroduction is the intentional movement and release of an organism inside its indigenous range
from which it has disappeared.
Reinforcement is the intentional movement and release of an organism into an existing population of
conspecifics.
Assisted colonisation is the intentional movement and release of an organism outside its indigenous
range to avoid extinction of populations of the focal species.
Ecological replacement is the intentional movement and release of an organism outside its
indigenous range to perform a specific ecological function.
Soft release is when any aid is given to translocated individuals to establish. This includes prior
penning, supplemental food at recipient site, etc.
Hard release is when no aid is given to translocated individuals to establish.
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Appendix B
Supplementary Information for Chapter 3

Supplementary methods
1. Calculation of Net Primary Productivity
Net Primary Productivity (in g DM/m2/year where DM is dry matter)(NPP) was calculated using the
Miami model (Lieth, 1975). This simple model describes NPP as being limited by either temperature
or precipitation and it never exceeding 3000 g DM/m2/year. NPP is calculated for mean annual
temperature (T) in °C and annual precipitation (P) in mm as follows
NPPT = 3000(1 + exp (1.315‐0.1110.T) )

‐1

NPPP = 3000(1 + exp (‐0.000664.P) )
With the minimum value taken to be
NPP = min(NPPT , NPPP )
This model was suitable for the task in hand as our goal was not to produce an accurate estimate of
NPP but to describe its relative change and this method could do this with easily obtained data, across
a large scale (sub-continental) and required relatively little computing power. It has been used widely
in the literature, being cited approximately 1000 times on Google Scholar.

2. Calculating trend and variability
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Generalized least squares (GLS) was used as the regression method with an AR(1) error used to
minimise temporal autocorrelation in the model residuals (Fordham et al., 2019, Brown et al., 2020).
A 100 years sliding window with a one-time step (1 year for macro, 10 years for local) spacing was
also used to avoid decreasing internally generated variability (Santer et al., 2011, Brown et al., 2020).
We used the median trend and variability for each grid cell (2.5° x 2.5° for macro, 1° x 1° for local)
(Brown et al., 2020) to combat skewness and to improve interpretable i.e. the conditions that are
expected to occur 50% of the time.

3. Microclimate model
The microclimate model requires data on temperature (maximum and minimum), relative humidity,
precipitation, wind speed, and solar radiation data. Wind speed was set to vary from a minimum of
0.5m/s to 2m/s. A function, based on the micro_aust from NicheMapR, was developed to customise
data input. We applied topographic correction using the GEODATA 9 Second Digital Elevation
Model (DEM-9S) Version 3, which covers Australia at approximately 250 metres, and slope and
aspect derived using the terrain function in the raster package (Hijmans, 2019). The bulk density was
set at a standard value for soil (1.3 g/cm³)(Campbell and Norman, 1998) and no soil moisture
calculations were calculated, to save on computation time. The conditions simulated were for 30cm
above the ground, at 0% shade, for the middle day each month every ten years for the Thermal
Optimum and the Extinction Period. We chose 0% shade to stand the greatest chance of detecting an
effect of climate. Microclimate calculations were carried out at 1° x 1° resolution.

4. Validation of endotherm model
Both models, of the devil and the wallaby, are best considered as general models of endothermic
stress for species of their respective sizes because neither includes species-specific diet or behaviour.
The metabolic rate for the devil model were calculated under simulated metabolic chamber conditions
and tested against laboratory data, again extracted from the literature (Nicol and Maskrey, 1980)
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(Figure S1). The amount of variance explained (R2) by our model was 0.38, however this rose to 0.56
when only the minimum values were considered. This was lower than expected however these data
are from several sleeping and awake Tasmanian devils of varying sizes, affecting the consistency of
the relationship. Model fit was particularly poor below 7°C, which may have caused our results to
overestimate stability in cold conditions (see Appendix B).

5. Use of Anthromes 12k dataset
To test whether devils and wallabies were more greatly affected by instability in potential population
strongholds, assumed to be areas that had fewer humans, the Anthromes 12K dataset was used (Ellis
et al., 2020). This dataset, reconstructs the spread of anthropogenic biomes (anthromes) across the
globe from 10,000 BCE to 2015 CE, by mapping human population density and land use. The
anthrome map for Australia does not change between (2 - 8kBP), which although unrealistic as human
distribution and land use did change in this period (Lourandos, 1997) it allowed areas not occupied by
humans to be represented as a static map.
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Figure S1: Comparison of predicted outputs against observed outputs for metabolic activity for
the Tasmanian devil. Red dots the maximum and blue dots are the minimum metabolic rates for
several Tasmanian devil, measured by Nicol and Maskrey (1980) in a laboratory setting.
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6. Endotherm model parameters for the Tasmanian devil

Parameter

Value

Source/Reference

Body temperature (°C)

36.5 (max 39.5)

Rose et al. (2017)

Minimum metabolic rate (02g-1h-1)

0.28 ml O/g/h

Rose et al. (2017)

Conductivity of flesh (W m-1 °C-1)

1.5

Estimated. Median value of

Physiology

koala (Briscoe et al., 2016)
Oxygen extraction efficiency (%)

15

Default

Sweat (base and max skin wetness

0.1 (base and max),

Minimal sweating incurred as

and increments of increase, %)

0.01 (intervals)

per Rose et al. (2017)

Offset between air temperature and

3

Default

10 (increases in 0.1

Estimated

breath (°C)
Panting (multiplier of breathing rate)

increments)
Morphology
Body mass (kg)

6.5

Nicol and Maskrey (1980)

Shape/Posture – ratio of A:B

1.5-5 (in 0.1 increments)

estimated

Fur solar reflectance (%)

Dorsal= 35, Ventral=35

Black hair has reflectivity of
33 (Zhang et al., 2018)

Hair density (hairs mm-2)

Dorsal & ventral = 25

Approximated from equation
in Sandel (2013)

Fur length (mm)

Dorsal = 24, Ventral= 18

Estimated based on Lyne and
McMahon (1950)

Fur depth (mm)

Half of fur depth

Mathewson et al. (2017)

Hair diameter (mm)

Dorsal & ventral = 3.4

Church et al. (2009)
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7. Endotherm model parameters that differed for the prey (Red-necked wallaby)
Parameter

Value

Source/Reference

0.21 ml O/g/h

Based on a kg individual from

Physiology
Minimum metabolic rate (02g-1h-1)

data (White and Seymour,
2003) on species from same
genera
Morphology
Body mass (kg)

14

Calaby (1995)

Fur solar reflectance (%)

Dorsal= 41, Ventral=41

Fur reflectivity for the sandy
grey morph of Macropus
robustus (Dawson and Brown,
1970)

Hair density (hairs mm-2)

Dorsal & ventral = 19

Value for M.robustus from
Dawson and Brown (1970)

Fur length (mm)

Dorsal = 38, Ventral= 32

Estimated based on Lyne and
McMahon (1950)

Fur depth (mm)

Half of fur depth

Mathewson et al. (2017)

Hair diameter (mm)

Dorsal & ventral = 3.4

Estimated based on Lyne and
McMahon (1950)
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Supplementary Discussion
1. Population dynamics in prehistoric Australia
Our results are relevant to the study of the population dynamics of humans in Holocene Australia.
They indicate that although precipitation was more unstable (Fig 2(b)) across parts of eastern
Australia in the period 2.4-5k BP, productivity across inhabited regions remained relatively stable
(Fig 2(c)-2(d)) and favourable (Fig. 4 (b)). This lends support to the idea that population changes
amongst humans in Australia at this time were not simply a response to variable environmental
conditions (Johnson and Brook, 2011, Williams, 2013) and may have been more dependent on sociocultural forces. These may have been a new commensal relationship with the dingo (Johnson and
Brook, 2011), increased use of fire to manage the environment (Turney and Hobbs, 2006), and
increased seed processing (Smith and Ross, 2008), although these latter two cultural practices may
have themselves been initiated by responses to the environment. The unstable productivity in
Queensland and its reduction in growth (Fig. 1 (c)-(d)) supports Turney and Hobbs (2006) hypothesis
that increased fire may have been a response to the ENSO. Plus, if the findings seen in the interior of
the continent of increased stability and trend of productivity, continued for an additional 1500 years it
may explain the population growth seen in this region which resulted in more seed processing (Smith
and Ross, 2008).

2. Further caveats and future directions
Projecting into the future would be an interesting future direction for this research though an
investigation of whether the suppositions outlined here hold at a finer resolution would be a preferable
first step, as well as extending it across all of Australia. This higher resolution could allow for the
shading levels of the microclimate variables to be based on the presence and absence of trees (which
is detailed in Ellis et al. (2020)) and a finer investigation of the interaction between climate and
human-occupied areas. Although the Anthromes 12k dataset (Ellis et al., 2020) is a big step in the
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study of the effect of humans on biodiversity in the last 12,000 years, its Australian data is likely
limited. We noted no change in the distribution of anthromes across eastern Australia over 6,000 years
(2-8k BP) even though we know from archaeological evidence that Aboriginal populations were
undergoing great changes in their distribution and concentration (Lourandos, 1997). Further
improvements could be made to the devil endotherm model as it did not approximate metabolic rate
well at low temperatures. The ramifications this had for this study is that the stability of devil
physiology in colder climes, such as Tasmania, is likely overestimated meaning out inferences here
may be strengthened in the future.

3. Grazers and continental Africa
Continental Africa lost at least 14% of its large mammals (over 5kg) during the late Pleistocene and
Holocene, primarily between 13,000 and 6,000 years ago (Faith, 2014, Faith et al., 2018). These
extinctions were primarily grazers, many highly specialized, suggesting that they were not
anthropogenically driven and were due to environmental change. There is no evidence of any grazer
going extinct in the same time period as the devil again suggesting no widespread climatic event
occurred.

204

Appendix C
Supplementary Information for Chapter 4

Table S1. The breakdown of the woodland and grassland variables.
Habitat type in this study

The National Vegetation Information System (NVIS)
Version 5.1 for Major Vegetation Groups (Department of
Environment, 2012)

Woodland/forests

1 Rainforests and Vine Thickets
2 Eucalypt Tall Open Forests
3 Eucalypt Open Forests
4 Eucalypt Low Open Forests
5 Eucalypt Woodlands
6 Acacia Forests and Woodlands
7 Callitris Forests and Woodlands
8 Casuarina Forests and Woodlands
9 Melaleuca Forests and Woodlands
10 Other Forests and Woodlands
11 Eucalypt Open Woodlands
12 Tropical Eucalypt Woodlands/Grasslands
13 Acacia Open Woodlands
14 Mallee Woodlands and Shrublands
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15 Low Closed Forests and Tall Closed Shrublands
30 Unclassified Forest
31 Other Open Woodlands
32 Mallee Open Woodlands and Sparse Mallee Shrublands
Grassland/shrublands/sedgelands

16 Acacia Shrublands
17 Other Shrublands
18 Heathlands
19 Tussock Grasslands
20 Hummock Grasslands
21 Other Grasslands, Herblands, Sedgelands and Rushlands
22 Chenopod Shrublands, Samphire Shrublands and
Forblands
26 Unclassified Native Vegetation
27 Naturally Bare - sand, rock, claypan, mudflat
29 Regrowth, Modified Native Vegetation
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Appendix D

Supplementary Information for Chapter 5

Starts on following page.
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Table S1: Input parameters for NicheMapR endotherm models
Parameter

Value

Source/Reference

Fur properties

Diameter: 25 μm

Value for Cercartetus nanus
(Harris, 2008)

Length: 12mm (dorsal),

(Mansergh, 1994)

7mm (ventral

Depth: 10mm (dorsal), 5mm

Assumed from length

(ventral)

Density: 12,000/cm2

Value for Petauroides volans

(dorsal), 13,000/cm2

(Kearney et al., 2010)

(ventral)
Reflectivity (fractional):

Assumed

0.38 (dorsal), 0.45 (ventral)
Skin wetness

0.1% (base), 10%(max)

Assumed

Mass

44.3

(Fleming, 1985)

Shape

1.1-6 (ratio for A:B of an

Assumed

ellipsoid)
Core body temperature

36.1

(Fleming, 1985)

Maximum core temperature

38.6

(Fleming, 1985)

Minimum core temperature

2

(Geiser and Broome, 1991)

Initial flesh thermal conductivity

0.9

Default

Oxygen extraction efficiency

15%

Assumed

Basal metabolic rate

0.205 W/h

(Fleming, 1985)

Field metabolic rate

0.850 W/h

(Riek and Bruggeman, 2013)

(only for hibernation)
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Q10

Regular model: 1

Regular model: assumed

If ambient temperature

Hibernation value: 3-3.3

exceeds maximum core

estimated value in (Geiser and

temperature switched to 2.

Broome, 1991)

Hibernation model: 3.15
Feeding rate (dry matter):

6.03g

Equation 5 from (Nagy, 2001)

Milk composition and growth

Protein: 5.6% wet mass

(Munks et al., 1991)

Carbohydrate: 8.5% wet

(Munks et al., 1991)

efficiency

mass
Lipid: 2.2% wet mass

(Munks et al., 1991)

Water: 80.5%

(Munks et al., 1991)

Energy content: 4.39 kJ/g

(Munks et al., 1991)

Milk conversion efficiency:

(Munks and Green, 1997)

28%
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Table S2: Composition of Burramys parvus’ food items

Food item
Bogong moths

Make-up (%)

Source/Reference

Protein: 26.8

(Bukkens, 1997)

Lipid: 19.8

(Bukkens, 1997)

Carbohydrates: 5.25

Calculated by assuming the
available energy in 100g of
Bogong moth (abdomen) is
457kcal (Bukkens, 1997)), of
which 436 kcal is energy from
protein and fat (21.7g of
protein at 4 kcal g-1, and 38.8g
of fat at 9kcal g-1). SO your
left with 21kcal of energy at
4kcal g-1 or 5.25% gram of
carbohydrate energy per 100g.
Energy conversions from
(Ghaly, 2009)

Lepidopteran larvae

Other arthropods

Preformed water: 49.2

(Bukkens, 1997)

Protein: 53.1

(Ghaly, 2009)

Lipid: 13.9

(Ghaly, 2009)

Carbohydrates: 7.5

(Ghaly, 2009)

Preformed water: 60

(Ghaly, 2009)

Protein: 27.1

Value for Coleoptera order
(Bukkens, 1997)

Lipid: 3.1

Value for Coleoptera order
(Bukkens, 1997)
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Carbohydrates: 12.55

Calculated as for Bogong
moth.

Preformed water: 56.2

Value for Coleoptera order
(Bukkens, 1997)

Seeds

Protein: 12

(Kearney et al., 2016)

Lipid: 4

(Kearney et al., 2016)

Carbohydrates: 53

(Kearney et al., 2016)

Preformed water: 10

(Kearney et al., 2016)

Protein: 13.45

For Pinus spp. (Hassan, 2011)

Lipid: 1.8

For Pinus spp. (Hassan, 2011)

Carbohydrates: 13.92

For Pinus spp. (Hassan, 2011)

Preformed water: 20

(Roulston and Cane, 2000)

Protein: 2

Average for wild food eaten

(Angiosperm and Podocarpus)

Pollen
(Angiosperm and Podocarpus)

Fruit

by indigenous Australians
(Brand-Miller and Holt, 1998)
Lipid: 1

(Brand-Miller and Holt, 1998)

Carbohydrates: 21

(Brand-Miller and Holt, 1998)

Preformed water: 73

(Brand-Miller and Holt, 1998)
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Table S3: Breakdown of diets by season and site. Maximum intake is the intake of dry matter
stipulated by Equation 5 in (Nagy, 2001). Values could not exceed 100% of this value.
Lepidopteran larvae were assumed to be exclusively that of Bogong moths.

Diet make up (%)
Bogong

Lepidopteran Other

moths

larvae

Seeds

Pollen

Fruit Total

arthropods

percentage
of
maximum
intake

Kosciuszko,
Bogong and
Buller

Maximum
diet
Spring

0

0

25

8

19

9

61

Summer

30

9

25

8

19

9

100

Autumn

18

9

19

25

15

14

100

Winter

0

0

0

25

0

0

25

No Bogong
moths but
replaced
with
arthropods
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Spring

0

0

25

8

19

9

61

Summer

0

0

64

8

19

9

100

Autumn

0

0

46

25

15

14

100

Winter

0

0

0

25

0

0

25

Spring

0

0

25

24

19

9

77

Summer

0

0

25

24

19

9

77

Autumn

0

0

19

52

15

14

100

Winter

0

0

0

25

0

0

25

Spring

0

0

25

8

19

27

79

Summer

0

0

25

8

19

27

79

Autumn

0

0

19

25

15

41

100

Winter

0

0

0

25

0

0

25

No Bogong
moths but
triple seed
intake

No Bogong
moths but
triple fruit
intake

Intake of
Bogong
moth and
fruit halved
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Spring

0

0

25

8

19

2.5

54.5

Summer

15

4.5

25

8

19

4.5

71.5

Autumn

9

4.5

19

25

15

7

79.5

Winter

0

0

0

25

0

0

25

Spring

0

0

25

8

19

0

52

Summer

30

9

25

8

19

0

91

Autumn

18

9

19

25

15

0

86

Winter

0

0

0
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Fig S1: Comparison of predicted outputs against observed outputs for (a) regular metabolic activity
for Burramys parvus, (b) regular physiological temperatures, (c) hibernating metabolic activity, and
(d) hibernating physiological temperatures. Red dots in (a) and (b) are laboratory data from Fleming
(1985). Blue dots in (c) and (d) are laboratory data from Geiser and Broome (1993). Red, black and
blue lines in (b) and (d) plot the core, skin, and fur temepratures, respectively.
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Fig S2: Comparison of chosen temeprature profiles (see text for details) against observational data
(red dots) from Shi et al. (2015)
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Fig S3: The snow depth at the four major sites Burramys parvus inhabits, in 2010 (blue line) and 2050
(red line).
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Fig S4: Plotting of physiological “state” of Burramys parvus at the four major sites it inhabits
(Kosciuszko, Bogong, Buller, and Snow Ridge) in 2010 and 2050. Details of states can be found in
main text.
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Figure S5: The monthly surplus or deficit energy and water according to different dietary scenarios at
the four locations (Kosciuszko, Bogong, Buller, and Snow Ridge). The grey line indicates equilibrium
i.e. no surplus or deficit energy or water.
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Figure S6: Map of physiological similarity for Burramys parvus using Maxent (described in main
text). The beta parameter was set to 1 instead of 2.5
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